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1 
Summary 
Treated municipal wastewater from Western Treatment Plant (WTP) is regarded as a 
sustainable and reliable source of recycled water. The plant, situated in Victoria, Australia, 
utilises activated sludge followed by sequential lagoon treatment. However, the presence of 
organic micropollutants (MPs) and other harmful compounds in the treated wastewater may 
lead to potential risks to public and environmental health. A quantitative risk assessment 
(QRA) program for the plant has the aim of identifying and evaluating the potential risks 
associated with MPs in the treated water. This study comprises part of this QRA program, 
and its primary aim was to develop and improve fugacity-based mass balance models for the 
prediction of the fate and removal of seven representative MPs (2,4-D, caffeine, 
carbamazepine, diuron, simazine, sulfamethoxazole and triclosan), in the combined activated 
sludge-lagoon system.  
To improve the current QRA fugacity model for the activated sludge process in the system, 
the biodegradation rate constants of MPs currently estimated from computer models were 
replaced with values determined experimentally in this study. Activated sludge and 
wastewater samples were collected during different seasons and the biodegradation constants 
obtained for MP spiked samples. The use of these data revealed the limited accuracy of the 
original CHEM-R WTP model. The original model predictions overestimated the 
biodegradation of carbamazepine and diuron, and significantly underestimated the 
biodegradation of simazine and triclosan, such that their biodegradation rate constants should 
be increased or reduced by 10 to 100 fold, respectively. The results also provided indications 
for further adjustment, such as incorporating the temperature dependence of the 
biodegradation of MPs in the model. 
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In the development of a modified Quantitative Water Air Sediment Interaction (QWASI) 
model for the sequential lagoons, a lagoon was regarded as a four-layer system comprising 
the photolytic layer, the water column, the surface sediment layer and the buried sediment 
layer. The fate of the MPs was modelled in terms of (i) their sunlight-induced 
photodegradation in the photolytic layer, (ii) their transformation in the water column and the 
surface sediment layer, and (iii) their adsorption to the sediment in the surface sediment layer. 
The natural sunlight-induced photodegradation rate constants for the seven MPs in lagoon 
water were obtained bimonthly over a year to provide seasonal kinetic data to enable more 
representative model inputs. Biotransformation rate constants and sorption coefficients for 
the MPs were obtained using lagoon wastewater and sediment samples.  
Seasonal trends were observed for the photodegradation rates of all seven MPs in both pure 
water and the secondary effluent. In summer, the photodegradation rates obtained in the 
wastewater were approximately twice those in winter for caffeine and 2,4-D, and 
approximately 60% higher for diuron. Sunlight intensity was the primary influencing factor 
for triclosan and sulfamethoxazole, while for the other five compounds the wastewater 
composition also played a significant role. The depth at which these MPs occur in the 
wastewater lagoon also played an important role, the attenuation of sunlight with depth 
meaning that photolysis of these MPs is likely only within 10 cm of the water surface.  
Transformation rates of the MPs in the lagoon wastewater and sediment were determined 
using samples from the first pond downstream of the activated sludge process (Pond 5) in 
summer and autumn, when the greatest transformation of the MPs was expected. Much lower 
transformation rates than the biodegradation rates obtained during activated sludge treatment 
and photodegradation rates obtained in the photolysis study were obtained for all MPs in both 
lagoon wastewater (ranging from 0.001 to 0.005 h
-1
) and sediment samples (ranging from 
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0.003 to 0.006 h
-1
) for both sampling events. Overall, higher transformation rates were 
obtained in the sediment samples than in the lagoon wastewater, the highest was for caffeine.  
Organic carbon based sorption coefficients for the sediment samples collected from Pond 5 
were determined for all MPs. Triclosan exhibited a significantly higher (by 100 fold) 
tendency to adsorb to the sediment than the other MPs. The sorption behaviour of the 
uncharged MPs, namely caffeine, carbamazepine and diuron, was dominated by the 
hydrophobic interactions between the compounds and the organic content in the sediments. 
Other mechanisms, such as electrochemical interactions, may be involved in the adsorption of 
the charged MPs. The higher tendency of triclosan to attach to the sediment could be 
attributed to a combined effect of the hydrophobic and electrostatic interactions. 
Using the experimentally obtained model inputs, a fugacity based QWASI model was 
initially developed for one of the six lagoons in the system and then the model was expanded 
for the sequential lagoon system. The single-lagoon model predicted that at least 65% of the 
concentration of the MPs remained in the outflow of the lagoon after treatment. The greatest 
removal was predicted for triclosan (35%) and the least for carbamazepine (5%). Caffeine, 
diuron and simazine were primarily removed via water transformation while the removal of 
sulfamethoxazole and triclosan was attributed mainly to their photodegradation. The multi-
pond model predicted high removal of triclosan and 2,4-D (up to 90%) and these predictions 
were in good agreement with the site sampling data collected for another lagoon system 
which has the same design and influent source as the system under study.  
Uncertainty and sensitivity analysis (using @RISK) for the single-pond model revealed that 
the lagoon inflow rate was the most important input factor influencing several key model 
outputs for all seven MPs. The fate of the MPs in the lagoon system was also significantly 
influenced by the water transformation rates (except for carbamazepine) of these compounds 
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in the lagoon and their sunlight-induced photodegradation rates (except for 2,4-D). Although 
the water transformation rates were much lower than the other degradation rates, due to the 
large volume of the lagoon wastewater residing in the water column, a greater overall impact 
of the water transformation rates of the MPs on the model output was observed. 
Another contribution of this study was investigation of the sunlight induced photolysis 
mechanisms of the selected MPs in the lagoon wastewater and the factors influencing their 
photolytic fate. Experiments indicated that triclosan and sulfamethoxazole primarily degraded 
via direct photolysis whereas the other five MPs degraded primarily via indirect photolysis. 
Hydroxyl radicals were shown to account for approximately 32-70% of the overall removal 
of these compounds. The presence of nitrate promoted the photochemical loss of all seven 
MPs. While humic acid enhanced the photolytic degradation of caffeine, sulfamethoxazole 
and diuron, while it hindered the photodegradation of the other four compounds by absorbing 
the available irradiation energy and/or reforming the parent compound. It was shown that 
there was only a small increase (up to 15%) in photodegradation of the compounds at 25 °C 
compared with that at 10 °C in the simulated system. 
Overall, the outcomes of this modelling study will contribute to the assessment of the 
treatability of the MPs in the target system at the WTP. These results can also be used as a 
part of the QRA program to facilitate the risk assessment of the treated wastewater. 
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Chapter 1 Introduction 
1.1 Project background 
Micropollutants (MPs) in municipal wastewater are emerging as an environmental concern. 
MPs such as pharmaceutical and personal care products (PPCPs) and endocrine disrupting 
chemicals (EDCs) are frequently detected globally in surface water and are considered to 
have negative impacts on human health and ecosystems (Blair et al. 2013, Verlicchi et al. 
2012). Wastewater treatment plants (WWTPs) are regarded as the major pathway for the 
introduction of MPs to the aquatic environment (Blair et al. 2013, Luo et al. 2014, Thompson 
et al. 2011). MPs in raw sewage are generally at concentrations of μg L−1 or lower and their 
chemical and physical properties can vary greatly (Luo et al. 2014). MPs in municipal 
wastewater can originate from various sources, such as household and hospital effluents, land 
application, and concentrated animal feeding operations (Gros et al. 2010). The MPs in 
wastewater effluents may be roughly divided into six categories: pharmaceuticals, personal 
care products, steroid hormones, surfactants, industrial chemicals and pesticides (Luo et al. 
2014). The removal of MPs during wastewater treatment can be achieved via either abiotic 
processes such as sorption, volatilisation and photolysis, or via biotic 
transformation/degradation (Radjenović et al. 2009). Volatilisation is considered to be 
insignificant for most polar, water-soluble compounds during wastewater treatment (Hyland 
et al. 2012).  
Western Treatment Plant (WTP), Victoria, Australia, occupies 10500 hectares of land and 
treats approximately 50% of Melbourne’s sewage. WTP employs a combined activated 
sludge-lagoon system and produces about 40 billion litres of recycled water annually. Figure 
1-1 shows the process flow diagram of the WTP consisting of two separate large scale lagoon 
systems (25W and 55E). Each system consists of activated sludge treatment with anoxic and 
aeration zones, as well as clarifier, followed by a series of lagoons (Paths 1a and 1b) which 
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treats the bulk of the raw sewage, and an overflow pathway (Paths 2 and 3). The sewage is 
then held in the holding pond referred as Head of Road Storage (HORS) before releasing as 
Class A (with disinfection) or Class C (without disinfection) recycled water. 
 
Figure 1-1 Process flow diagram of the WTP lagoon systems – 25W and 55E (O'Connor and Wilson 
2011) 
Wastewater lagoons have been recognised as an economic approach to effectively remove 
pathogens and treat secondary effluents which contain significant levels of nutrients and 
biochemical oxygen demand (BOD), for the purpose of providing water safe to reuse 
(Maynard et al. 1999). According to the US Environment Protection Agency USEPA (2002) 
lagoon technology has been widely used in the United States for the treatment of municipal 
and industrial wastewaters.  
 
 
 
 
 
Anaerobic pot 
Anoxic Zone 
Aeration zone 
Clarifier 
25 W lagoons (P2 – P10) 
 
Anaerobic pot 
Anoxic Zone 
Aeration zone 
Clarifer 
55 E lagoons (P5 – P10) 
25W Activated Sludge Process 
Pond 1 Pond 1 Pond 2-3 
Pond 
4 
Path 3 
Old 
Lagoons 
HORS 
Path 1a Path 1b 
55E Activated Sludge Process 
Path 2 
Main Southern Carrier 
(Raw Water to the Western Treatment 
Plant) 
  
 
7 
As a part of a quantitative risk assessment (QRA) program which seeks to identify and assess 
the risks associated with the chemical residues in the large volume of water for recycling 
produced by the WTP, the fate and removal of MPs during the wastewater treatment in the 
WTP lagoon systems are under investigation by the plant operator. Although there is 
evidence showing that lagoons could be effective for removing MPs from wastewater 
(Anderson et al. 2013, Camacho-Muñoz et al. 2012), to the knowledge of the author, there are 
limited studies on the prediction of the fate and removal of MPs in large-scale lagoon systems 
for municipal wastewater treatment.  
Fugacity models, initially proposed and developed by Mackay (1979), have been considered 
as a useful approach to provide steady-state distributions of compounds in environmental 
compartments (air, water and sediments) to enable prediction of their fate and removal during 
wastewater treatment. The sewage treatment plant (STP) model developed by Clark et al. 
(1995) is an effective and reasonably simple fugacity-based model to predict the removal of 
MPs from sewage. It has been widely used as a screening-level risk assessment model to 
assess treatability, and to predict the fate of organic chemicals during conventional 
wastewater treatment (Khan and Ongerth 2004, Seth et al. 2008, Tan et al. 2007, Thompson 
et al. 2011, Wang et al. 2007).  
The current QRA contains a fugacity model, the CHEM-R WTP model, developed based on 
the work of Clark et al. (1995) and Seth et al. (2008) on the STP model. This model was 
primarily developed for the activated sludge processes at the WTP and is not suitable for 
studying the fate of MPs in the lagoon system. Furthermore, a major limitation of this model 
is that the inputs were estimated based on quantitative structure-activity relationship (QSAR) 
models using the US EPA’s EPI Suite program rather than site-specific experimental 
measurements, thus introducing uncertainty to the model predictions. Therefore, it is 
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necessary to adjust the current CHEM-R WTP model for the activated sludge process by 
replacing the computer estimations with biodegradation rate constants obtained using 
conditions appropriate to the plant. Additionally, it would be useful to develop a fugacity-
based model specifically to describe the fate of MPs in the sequential lagoons at the plant.  
On the request of the WTP plant operator, Path 1b in the 55E lagoon system was chosen as 
the target for investigation. To obtain the biodegradation rates of MPs during the activated 
sludge treatment as input replacements for the model, mixed liquor suspended solids (MLSS) 
samples were collected from the aeration tank in the 55E lagoon system and bench scale 
experiments were conducted under environmentally relevant conditions. To date, there is a 
lack of studies on the seasonal variation of the activated sludge biodegradation of MPs. 
Therefore, the biodegradation rates determined using MLSS samples collected during 
different seasons, and the effect of temperature, were incorporated into the existing model as 
a further adjustment.  
To develop a fugacity model for the sequential lagoons, a pond system can be regarded as a 
lake system. The Quantitative Water Air Sediment Interaction (QWASI) fugacity-based mass 
balance model developed to describe the fate of chemicals in lakes and rivers by Mackay et al. 
(1983a,b) was considered as a good basis for this study. To the knowledge of the author, 
there are limited studies investigating the fate of MPs in wastewater treatment systems by the 
application of QWASI models. Furthermore, QWASI models do not take into account the 
photolytic removal of the chemicals, which could be a major removal pathway of some MPs 
in the sequential lagoons. Additionally, some models were developed based on estimated 
model inputs instead of experimentally obtained values (Mackay et al. 2014, Whelan 2013). 
Therefore, two major modifications of the basic QWASI model were proposed: (i) to add a 
photolytic removal pathway to provide a more accurate description of the fate of MPs within 
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the pond system; and (ii) to experimentally obtain the MP-related kinetics to provide more 
locally specific model inputs.  
The removal of MPs in a wastewater lagoon which is exposed to the environment is 
considered to occur via three main pathways: sunlight-induced photodegradation, water and 
sediment transformation, and sorption to lagoon sediment. The photodegradation rate 
constants, water and sediment transformation rate constants and sorption coefficients of 
several representative MPs were obtained experimentally using appropriate samples collected 
from the 55E lagoon system. This could also enable a better understanding of the fate of 
representative MPs with a range of properties during removal via each mechanism. Due to 
the large surface area of the sequential lagoons exposed to natural sunlight, investigation of 
the photolysis of MPs in the lagoon wastewater was focused in this study. 
 To date, there is a limited number of studies on natural sunlight-induced photodegradation of 
MPs in WWTP effluents (Dong et al. 2015, Pena et al. 2011), and the photolysis mechanisms 
of MPs with different representative structures and thus their photodegradability in a 
wastewater matrix is not well understood. Furthermore, there are limited investigations of the 
seasonal impact on the photolytic removal of MPs in wastewater bodies. Although there are 
some studies on the occurrence and removal of MPs in lagoons in different seasons 
(Camacho-Muñoz et al. 2012, Carlson et al. 2013, Li et al. 2013), these focused on the overall 
removal of the target compounds, rather than investigating the contribution of the photolysis 
mechanism. The lack of studies on the photodegradation of a range of representative MPs 
with different structures leads to a need to study their inherent photolytic mechanisms in 
WWTP-like conditions, as well as their photolytic fate over the four seasons of the year. 
Furthermore, there is a lack of investigation of the influence of water depth on the sunlight-
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induced photodegradation of MPs in wastewater (Toze et al. 2012), and thus a need to bridge 
this knowledge gap. 
1.2 Aims 
The purpose of this study was to achieve a better understanding of the fate and removal of a 
range of representative MPs in the WTP 55E lagoon system (Path 1b) and so enable informed 
risk assessment of the treated wastewater through improved modelling of the removal process. 
There were three main aims:  
(i) To improve the performance of the CHEM-R WTP fugacity model developed for the 
activated sludge process by replacing the biodegradation rate constants with experimentally 
obtained values;  
(ii) To develop a fugacity model for the sequential lagoons in the system using 
experimentally obtained degradation rates and sorption coefficients  
(iii) To better understand the removal mechanisms of the selected MPs during activated 
sludge and sequential lagoon treatment. 
More specifically, the break-down objectives were to: 
 Investigate the biodegradation of the selected MPs during activated sludge treatment 
with regard to seasonal variation and temperature change, and obtain the seasonal and 
temperature dependent biodegradation rate constants of the MPs. 
 Investigate the sunlight-induced photodegradation pathways of the selected MPs and 
study the effect of different factors (wastewater components, water temperature and 
depth) on the photolysis of these MPs. 
 Determine the seasonal photodegradation rate constants for natural sunlight-induced 
photodegradation of the MPs.  
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 Determine the transformation rate constants of the selected MPs in the lagoon 
wastewater and sediment samples. 
 Determine the organic carbon based sorption coefficients for the adsorption of the 
selected MPs on the lagoon sediment. 
 Use the experimentally obtained model inputs in the existing CHEM-R WTP model 
for the activated sludge process in the WTP 55E lagoon system and evaluate their 
impact on the resultant predictions. 
 Use the experimentally obtained data as inputs to develop a modified QWASI model 
for the sequential lagoons in the WTP 55E lagoon system 
 Determine the main causes of the uncertainties in the model predictions and suggest 
how to use this information for the optimisation of plant operation 
 
1.3 Thesis structure 
The background and objectives of this project are described in Chapter 1. This is followed by 
a literature review of the fate and removal of a range of MPs during municipal wastewater 
treatment, the fate determining parameters of each removal mechanism, and the concept and 
application of fugacity modelling for the prediction of the fate of MPs in a wastewater matrix 
(Chapter 2). The experimental materials and methods involved throughout this research are 
described in Chapter 3.  
The experimental results are presented in the following four chapters. In Chapter 4, the 
biodegradation of the seven selected MPs by activated sludge is discussed, the influence of 
temperature on the biodegradation of the MPs is investigated, and the experimentally 
obtained biodegradation rate constants are reported.  
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Chapter 5 includes two sections: the first part reports on the investigation of the 
photodegradation mechanisms of the MPs in the secondary effluent and factors influencing 
the photolytic removal of these compounds, including wastewater components and 
temperature. The second part provides a further understanding of the photodegradation of the 
MPs in relation to seasonal variations and different wastewater depth. The degradation 
(transformation) of the MPs the water column of the lagoon and sediment samples is 
presented in Chapter 6. Chapter 7 describes the sorption behaviour of the MPs on lagoon 
sediment samples and presents the findings from the investigation of the impact of sediment 
characteristics and compound properties on sorption.  
Chapter 8 presents the application of the fugacity models and in two parts. The first part 
covers the improvement of the activated sludge fugacity model (CHEM-R WTP) using the 
experimental results reported in Chapter 4. The second part covers the development of the 
QWASI fugacity model for the lagoon system using the experimental results reported in 
Chapters 5, 6, and 7.  
Finally, the conclusions drawn from this research and recommendations for further work 
based on the results of this project are provided in Chapter 9. 
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Chapter 2 Literature Review 
This chapter provides an overview of the fate and removal of micropollutants (MPs) during 
both conventional activated sludge (CAS) and lagoon wastewater treatment. Three key 
removal mechanisms of MPs, biodegradation, photodegradation and sorption, are discussed 
and the kinetic parameters related to each mechanism are summarised. The application of 
fugacity modelling in the prediction of the fate of MPs during wastewater treatment is also 
provided, along with the external factors influencing the fate of MPs during both activated 
sludge and lagoon treatment. 
2.1 Fate of MPs in municipal wastewater   
Attenuation of MPs during sewage treatment (both CAS and lagoon treatment) may occur 
either via abiotic processes such as sorption, volatilisation and photolysis, or via biotic 
transformation/degradation (Radjenović et al. 2009). MPs behave differently during 
wastewater treatment due to their different physicochemical properties, leading to different 
partitioning tendencies or degradability (Luo et al. 2014). In this section, the fate of MPs 
during both CAS and lagoon wastewater treatments is discussed.  
2.1.1 Municipal wastewater treatment plants  
Conventional municipal wastewater treatment plants generally utilise conventional activated 
sludge treatment processes. They are constructed for the purpose of removing carbon-, 
nitrogen- and phosphorus-containing compounds which regularly reach the WWTP at levels 
of mg L
−1
 as well as microorganisms. CAS plants are generally not designed for the 
elimination of MPs.  
Sewage lagoons, also known as wastewater stabilisation ponds (WSPs), are pond-like water 
bodies or shallow basins in which wastewater is received, held and treated by bacteria 
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(anaerobic/aerobic) and algae (Hoque et al. 2014).  Lagoon systems are favoured for sewage 
treatment in developing countries and rural areas because of their low cost and robustness to 
high organic and hydraulic loadings. WSPs are commonly used as part of tertiary treatment 
after biological and chemical treatment (Breitholtz et al. 2012). In small communities where 
resources are limited, sewage lagoons are used to treat municipal wastewater. There are 
several types of lagoons: anaerobic, facultative and maturation lagoons, and the design 
parameters depend on their functions (Hoque et al. 2014). 
Luo et al. (2014) concluded that CAS treatment has better performance than lagoons in 
removing compounds with a higher tendency to partitioning on to solids. This is because 
more compounds can attach to the large amounts of activated sludge during the CAS 
treatment. Camacho-Muñoz et al. (2012) reported that compared with CAS treatment, less 
removal of persistent compounds such as propranolol and carbamazepine was obtained in 
anaerobic lagoons. Ying et al. (2009) evaluated the effectiveness of lagoon treatment (10 
lagoons in series) and stated that compared with CAS, bioreactors and oxidation ditches, least 
removal was achieved by the lagoon system. Nonetheless, there is evidence that lagoon 
treatment could effectively reduce most of the target compounds (Hoque et al. 2014). 
Moreover, other results indicated that lagoons could be as effective as conventional treatment, 
especially for the removal of certain compounds (e.g., caffeine and ibuprofen) (Conkle et al. 
2008, Li et al. 2013, Ying et al. 2009).    
2.1.2 Fate of MPs in conventional activated sludge treatment 
2.1.2.1 Biodegradation of MPs 
Analgesics and anti-inflammatory drugs are the most frequently investigated emerging 
contaminants. Low biodegradability was reported for diclofenac by (Samaras et al. 2013) 
(<25%) and Martínez-Alcalá et al. (2017) (<10%), while others such as ibuprofen, naproxen 
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and ketoprofen were reported to have higher removal by biodegradation (around 95% 
(Radjenović et al. 2009), 70%  (Martínez-Alcalá et al. 2017) and 50% (Yang et al. 2011), 
respectively). For β-blockers, biodegradation was regarded as the predominant removal 
mechanism in conventional wastewater treatment (Wick et al. 2009). Moderate 
biodegradation of around 60% was observed for atenolol and propranolol, whereas markedly 
less (around 20%) occurred for metoprolol and sotalol (Radjenović et al. 2009). Samaras et al. 
(2013) investigated the fate of endocrine disrupting compounds in two activated sludge 
WWTPs. Significant biodegradation occurred for bisphenol A (BPA) and triclosan (up to 85% 
and 81%, respectively), while nonylphenol was moderately biodegraded (up to 56%). Similar 
results were reported by Stasinakis et al. (2010), indicating that biodegradation was the major 
removal mechanism for endocrine disrupting compounds including triclosan and BPA during 
activated sludge treatment. Natural estrogens such as estrone and 17β-estradiol were reported 
to be highly bio-transformed (>75%), while ethynylestradiol (EE2) only exhibited high 
biodegradability (>80%) in the aerobic conditions of the activated sludge process (Suarez et 
al. 2010).  
On the other hand, antibiotics are usually not readily biodegradable (Verlicchi et al. 2012); 
low to moderate biodegradation removal efficiencies were obtained for trimethoprim, 
erythromycin and sulfamethoxazole (Fernandez-Fontaina et al. 2013). The anti-epileptic drug 
carbamazepine has been reported to exhibit persistence in the activated sludge process, and 
no biological degradation was observed for this compound in several studies (Fernandez-
Fontaina et al. 2013, Majewsky et al. 2011, Martínez-Alcalá et al. 2017). Clara et al. (2011) 
suggested that biodegradation was a minor removal pathway for polycyclic musk. Salgado et 
al. (2012) reported that only 15% and 30% of galaxolide and tonalide, respectively, were 
removed during biodegradation, confirming that sorption was their primary removal 
mechanism. In contrast, Suarez et al. (2010) reported a markedly higher degree of 
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biodegradation of galaxolide and tonalide in activated sludge (>70%). Fernandez-Fontaina et 
al. (2013) also suggested that these musk fragrances exhibited moderate to high 
biodegradability.  
Stasinakis et al. (2009) obtained around 60% removal of the pesticide diuron via 
biodegradation during activated sludge treatment. Unlike the studies for the other MPs such 
as PPCPs and hormones, the investigations on the removal of pesticides during wastewater 
treatment mainly focused on the overall removal of the parent compound rather than the fate 
of the pesticides. Based on this review, it is shown that reported data regarding the biological 
removal of the same group of MPs, or even the same compound, varied between studies.  
2.1.2.2 Sorption of MPs 
Sorption was regarded as the major removal pathway for diclofenac (Salgado et al. 2012),  
galaxolide and tonalide (Clara et al. 2011, Salgado et al. 2012, Ternes et al. 2004),  whereas 
no significant sorption to secondary sludge was observed for diclofenac by Suarez et al. 
(2010) and Samaras et al. (2013). Radjenović et al. (2009) suggested that sorption could be a 
relevant removal pathway for mefenamic acid, which was confirmed by Jelic et al. (2011) 
who obtained approximately 30% sorption for this compound. Samaras et al. (2013) reported 
that moderate removal via sorption onto sludge was obtained for nonylphenol (35-51%) and 
triclosan (11-41%).  
On the other hand, insignificant (<5%) sorption to sludge was observed for most 
pharmaceuticals during activated sludge treatment (Verlicchi et al. 2012). Consistent results 
were obtained by Göbel et al. (2007) (6%), and Gao et al. (2012) (7%). Salgado et al. (2012) 
observed minor sorption of some acidic compounds, such as ibuprofen and ketoprofen, and 
explained that although these compounds are rather hydrophobic, their high biodegradability 
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outweighed their tendency to partition, whereas Luo et al. (2014) suggested that this was due 
to charge repulsion between the solids and the compounds. 
2.1.3 MP fate in sewage lagoons  
Pena et al. (2011) reported that the pesticide thiamethoxam was biodegraded in wastewater 
samples whereas the insecticide thiacloprid was recalcitrant and not easily biodegradable. 
Ying et al. (2009) found sorption was not important in the removal of most target 
pharmaceuticals, except for triclosan. Hoque et al. (2014) agreed that triclosan was more 
likely to be removed via sorption than biodegradation due to its hydrophobicity. Ying et al. 
(2009) suggested that photolysis played an important role in the removal of MPs from 
lagoons operating under direct sunlight, especially for acidic compounds. Ong (2008) 
suggested that photolysis is an important abiotic degradation pathway for pesticides in the 
aquatic environment. In lagoons under direct sunlight, pesticides tend to react via either direct 
photolysis or photosensitised degradation (Ong 2008).  
Hoque et al. (2014) obtained a removal efficiency >70% for both sulfamethoxazole and 
trimethoprim in summer in an aerated lagoon, whereas trimethoprim was believed to be 
resistant to conventional treatment with a removal efficiency ranging from negative (higher 
concentration of the compound in the effluent than in the influent) to less than 30% (Jelic et 
al. 2011). Hoque et al. (2014) explained this by pointing out seasonal variations were 
observed for both sulfamethoxazole and trimethoprim, which was attributed to the fact that 
both compounds were susceptible to photodegradation and sunlight hours were reduced in 
winter. Furthermore, previous studies have proved that photolysis contributed to the 
reduction of these two compounds in sewage treatment, suggesting that lagoons/ponds could 
play an important role in the removal of these compounds from wastewater (Andreozzi et al. 
2003, Ryan et al. 2011). Similar seasonal removal variation was also reported by Conkle et al. 
  
 
18 
(2008) and Li et al. (2013). Li et al. (2013) obtained lower removal efficiency for most 
compounds in winter and suggested that the ambient temperature could be an important 
factor influencing the removal efficiency of micro-contaminants in lagoons exposed to the 
environment. As biodegradation was considered to be the principal removal pathway for most 
compounds, it is likely that low temperatures in winter inhibit microorganism activity and so 
hinder the biodegradation of target MPs.  
In regions with high sunlight irradiation pesticide degradation in wastewater ponds can be 
enhanced by photolytic degradation, while the depth at which the pesticide lies in the water 
ponds will determine the efficiency of photodecomposition (Pena et al. 2011). However, Pena 
et al. (2011) found that the insecticide thiacloprid in the wastewater was resistant under the 
conditions as its concentration remained unchanged under sunlight. On the contrary, 
significant photodegradation was observed for another pesticide, thiamethoxam, under the 
same conditions. 
2.1.4 Summary  
Based on the above information, it can be concluded that biodegradation was the primary 
removal pathway during CAS treatment for most of the MPs studied. Sorption of the MPs 
onto the sludge also can remove a certain amount, especially of hydrophobic compounds. 
Photolysis plays an important role during the lagoon treatment of MPs, especially for the 
compounds which are resistant to biological treatment.  However, to the knowledge of the 
author, the adsorption of MPs on the lagoon solids or sediment was less mentioned or 
investigated in the published literature so far. 
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2.2 Fugacity modelling 
2.2.1 Model concepts and inputs 
Fugacity (denoted as f and measured in Pa) which describes chemical escaping tendency, is 
regarded as an equilibrium criterion. Therefore, when a compound moves between two 
compartments, an equal fugacity in both phases is expected to be achieved, and the escaping 
tendency, or pressure of this compound in both phases, is equal. Based on a linear correlation, 
chemical concentration (C, mol m
-3
) is expressed as Equation 2-1. 
                                                                                                                       Equation 2-1 
where Z (mol m
-3
 Pa
-1
) is the fugacity capacity. The value of Z is specific to a chemical, the 
phase in which it resides, and temperature. A compartment with a higher fugacity capacity is 
able to accept a higher concentration of a given MP. In this case, fugacity can be deduced 
from a known concentration of a solute chemical in one phase, or vice versa (Mackay 2001).  
The physicochemical properties of MPs (internal factors), and the design and operating 
characteristics of water bodies under study (external factors), are two types of input 
parameters required for a fugacity model. Mackay (2001) mentioned that the accuracy of the 
compound partitioning coefficients and degradation rate constants strongly influenced the 
model performance. Sensitivity analysis of some established models indicated that the 
WWTP operating parameters and surface water hydraulic parameters played an important 
role in predicting the fate of MPs within the systems studied (Cao et al. 2010, Kim et al. 2013, 
Zhang et al. 2013). The internal parameters can be (i) obtained from existing databases, (ii) 
estimated using computer software, or (iii) determined experimentally. The external 
parameters can be obtained from (i) actual plants/environments, (ii) default values, or (iii) 
estimations. To ensure the accuracy of model predictions, procedures need to be taken to 
obtain the most appropriate model inputs.  
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2.2.2 Fugacity models for the WWTPs 
The sewage treatment plant (STP) model is a simple fugacity-based model developed by 
Clark et al. (1995) which has been used by authorities such as Environment Canada and the 
US Environmental Protection Agency (USEPA). It has been widely used as a screening-level 
risk assessment model to assess the treatability of emerging contaminants during wastewater 
treatment. This model allows setting up mass balance equations for each stage of the 
wastewater treatment process, correlating and predicting the steady-state phase 
concentrations, the process stream fluxes and the fate of MPs in a sewage treatment plant. 
The performance of the STP model was evaluated by comparing model predictions with 
actual data collected by sampling at various stages of a full-scale activated sludge process 
(Wang et al. 2007). Polycyclic aromatic hydrocarbons (PAHs) were chosen as the target 
compounds, and the predicted removal efficiencies were fairly consistent with the measured 
data. An upgrade of the STP to the STP-EX model was undertaken by Seth et al. (2008). The 
ability to handle ionising compounds was incorporated into the STP-EX model by changing 
the Z values of the ionising chemicals (multiplying the ionic/neutral factor).  
Tan et al. (2007) conducted an analysis of the fate of MPs in an Australian WWTP based on 
STP model calculations. The transportation and transformation of selected endocrine 
disrupting compounds were predicted quantitatively. Detailed fugacity mass balances were 
determined for all target compounds, and differences of less than 40% between predicted and 
measured data were obtained. The fugacity modelling study conducted by Wang et al. (2014) 
was for a typical secondary activated sludge treatment plant. Site sampling was conducted to 
analyse the concentrations of the organic compounds in both wastewater effluents and 
activated sludge samples. The results obtained from the model showed consistency with the 
site sampling measurements. Recent studies conducted by the same research group 
investigated the fate of a small selection of cyclic and linear volatile methylsiloxanes (VMSs) 
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during wastewater treatment using the aforementioned STP-EX model with adjustments to fit 
the sequencing batch reactors employed in the WWTP under study (Wang et al. 2015). In 
both studies, biodegradation was not considered as a removal pathway because the target 
compounds were highly non-biodegradable.  
2.2.3 Sensitivity and uncertainty analysis 
For fugacity modelling, variability and uncertainty are major limiting factors that need to be 
addressed.  Two common approaches have been adopted in the fugacity models in this review 
– sensitivity analysis and uncertainty analysis. Sensitivity analysis can be used to identify the 
key input parameters and evaluate the influences of individual parameters on the outcome 
variance of the multimedia model (Cao et al. 2004, Zhang et al. 2013). Evaluation of model 
sensitivity is generally conducted by calculating sensitivity coefficients, which are defined as 
the ratio of the relative change of model output to that of the input parameters. Uncertainty 
analysis is an assessment of various sources of uncertainty to the model output (Zhang et al. 
2013). In most studies, the Monte Carlo simulation technique based on a repeated random 
sampling of the probability distributions of each assumed parameter is generally used to 
quantify uncertainty and variability in model predictions (Cao et al. 2004, Kim et al. 2013, 
Wang et al. 2014, Zhang et al. 2013).  
The physicochemical properties of the selected target compounds can lead to uncertainties in 
fugacity modelling. Hawker et al. (2011) noted that fugacity model predictions were sensitive 
to degradation half-lives and they used mean values of measured system parameters with 
temporal and spatial variability in the development of their model to minimise the 
uncertainties in their model estimations. Khan and Ongerth (2004) also stated that a high 
degree of uncertainty in the rates of biodegradation led to inaccurate predictions for 
compound distribution in the secondary effluent of a sewage treatment plant. 
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Plant operating parameters are commonly investigated sources of uncertainty in fugacity 
models developed for WWTPs. For a non-conventional WWTP equipped with sequencing 
batch reactors, Wang et al. (2015) performed model sensitivity and uncertainty analysis on a 
range of operating parameters including influent flow rate, total suspended solid (TSS) 
concentrations in influent and effluent, aeration rate, mixed liquor suspended solids (MLSS) 
concentrations in the sequencing batch reactor zone, and waste activated sludge flow rate. 
The results confirmed the TSS concentration in the effluent, MLSS concentration, the sewage 
sludge flow rate, and the influent flow rate as the major sources of uncertainty which can 
influence the mass distributions of VMSs in the WWTP and led to uncertain model 
predictions (Wang et al. 2015). Another outcome of the sensitivity study was to identify the 
TSS concentration in the effluent as the most influential parameter on the emission of the 
VMSs in effluent, indicating that the optimisation of TSS removal could facilitate the 
minimisation of the VMS emissions to the aquatic environment from WWTP effluents (Wang 
et al. 2015). This was consistent with the results of an earlier study by this group (Wang et al. 
2014), which found that TSS concentration in the effluent should be minimised to control the 
emission of cyclic VMSs from a municipal WWTP. Temperature can also influence model 
predictions for MP removal in sewage treatment plants. The impacts of reservoir features and 
plant conditions were investigated by Cao et al. (2010) via a sensitivity analysis and the 
results showed that the simulated concentrations of estrone, 17β-estradiol and 
ethynylestradiol were equally sensitive to the parameters of temperature, reservoir water 
volume and equivalent biomass concentration. Sensitivity analysis performed by Thompson 
et al. (2011) showed that significant enhancements were observed for the removal of ß-
estradiol, ethinylestradiol, bisphenol, phenol and tetrachloroethylene with increasing 
temperature.  
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2.2.4 Model limitations 
Overall, the existing fugacity models for WWTP are limited for the application on the plants 
employing conventional treatment processes. Model adjustment and improvement are 
required to enable the applicability of fugacity modelling for unconventional WWTPs. 
Moreover, it has been suggested that both the internal and external input parameters of 
fugacity models could lead to a certain degree of uncertainty. Especially in some studies the 
computer estimated chemical properties, instead of the experimentally measured ones, were 
used as model inputs (Khan and Ongerth 2004, Seth et al. 2008, Tan et al. 2007, Thompson et 
al. 2011, Wang et al. 2007). Therefore, for some applications, the model predictions could 
only be used indicatively due to the weakness of the input data. 
2.3 Internal factors governing the fate of MPs  
2.3.1 Sorption parameter – Solid-water distribution coefficient 
The solid–water distribution coefficient (Kd), also known as sorption distribution coefficient, 
was introduced to define the removal of a compound by sorption. Kd can be estimated via 
sorption isotherms or based on the properties of a compound. The octanol-water partitioning 
coefficient (Kow) of a substance has been frequently used to determine the Kd of a compound. 
For hydrophobic nonpolar compounds, a higher Kow value generally indicates more affinity 
for the solid fraction. Rogers (1996) proposed a general rule of thumb for the estimation of 
sorption based on Kow where log Kow < 2.5 indicates low sorption potential, 2.5 < log Kow < 4 
indicates medium sorption potential, and log Kow > 4 indicates high sorption potential. 
Previous studies showed that Kd or organic carbon distribution coefficient (Koc) could be 
correlated with Kow to predict the sorption of non-ionic emerging contaminants onto 
wastewater sludge solids (Burke et al. 2013, Hyland et al. 2012, Stevens-Garmon et al. 2011). 
However, the results indicated significant deviations in the sorption coefficients determined 
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by Kow, especially for the ionised compounds (Burke et al. 2013, Hyland et al. 2012). This 
could be explained by the electrostatic interactions between the polar functional groups of the 
MPs with the organic matter in the sludge, which could not be characterised solely by the Kow 
(Ternes et al. 2004). To date, there have been limited studies on the sorption behaviour of 
polar MPs. Furthermore, the Kow values of some MPs are not available, and this can increase 
the inaccuracy of the correspondingly derived Kd values (Dickenson et al. 2010). 
In order to obtain more reliable and accurate data, Kd values should be experimentally 
determined. Methodologies have been developed by authors such as Ternes et al. (2004), 
Urase and Kikuta (2005), and Stevens-Garmon et al. (2011) for the measurement of 
concentrations of MPs in the solid phase which enables the determination of the sorption 
distribution coefficient Kd. In these studies, both chemical and nonchemical sludge 
inactivation techniques were applied to exclude the contribution of compound 
biotransformation. Sorption isotherm studies are preferred for the investigation of the 
sorption behaviour of MPs as studies reliant on single point concentrations could fail to 
consider the impacts of the actual concentrations on the sorption process (Stevens-Garmon et 
al. 2011, Wick et al. 2011). 
Sorption of MPs on activated sludge samples is discussed in this section, which is more 
relevant to the context of this study. The sediment samples in a wastewater lagoon differ from 
the normal sediments in rivers or lakes. Wastewater lagoon sediment can carry sources from 
the upstream activated sludge treatment and contain much higher organic content than 
sediment found in natural water. Kd values for the sorption of several pharmaceutically-active 
compounds, fragrances, steroid hormones and biocides onto activated sludge samples have 
been determined by several researchers. The experimentally measured Kd values for common 
MPs for their sorption to activated sludge are listed in Table 2-1.  
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From Table 2-1, it can be seen that investigated pharmaceuticals exhibited low removal by 
sorption with Kd values ranging from 1 to 500 L kgdw sludge
-1 
(or L kgMLSS
-1
), while the 
polycyclic musk fragrances (tonalide and galaxolide) showed values of approximately 2000 L 
kg
-1
 (Fernandez-Fontaina et al. 2013, Ternes et al. 2004). High Kd values (> 1000 L kg
-1
) 
were also reported for triclosan (Samaras et al. 2013), acetaminophen (Radjenović et al. 
2009), 17β-estradiol (Urase and Kikuta 2005) and ethynylestradiol (Stevens-Garmon et al. 
2011), indicating a high sorption tendency of these compounds. Consistent low sorption 
tendency (reported by more than one author) was observed for atrazine, atenolol, 
carbamazepine, clofibric acid, erythromycin, gemfibrozil, ibuprofen, ketoprofen, naproxen, 
trimethoprim and sulfamethoxazole (Table 2-1). 
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Table 2-1 Kd values for compounds sorbed to activated sludge 
Therapeutic class MP Kd (L kg
-1 
 or L kgMLSS
-1
)
Ref
 
Pharmaceuticals 
Analgesic/ Acetaminophen 11605 
Anti-inflammatory Diclofenac 16
1
, <30
8
, 32
4
, 32.1
10
, 118
5
, 232
11
 
  Ibuprofen 0.0
5
, 7.1
1
, 23.8
10
, <30
8
, 80
4
 
  Ketoprofen 16
5
, 29
4
 
  Naproxen 16.7
10
, 24
4
, <30
8
 
Antibiotic 
Erythromycin 27.9
10 
, 74
5
 
Sulfamethoxazole 11
10 
, <30
8
, 77
5 
, 114-400
3
 
Trimethoprim 25.4
10
, 119
8
, 157-375
3
, 253
5
 
Anticonvulsant Carbamazepine <1.010, 1.21, 176 , 508, 664, 1355 
Beta-blocker Atenolol <309 , 386, 645 
Lipid regulator 
Clofibric acid 4.8
1
, 29
4
 
Gemfibrozil 19.3
5
, 45
8
 , 100
4
 
Nerve stimulant Caffeine <30
8
 
Personal care products 
Disinfectant Triclosan 104911 
Musk fragrance 
Galaxolide  1616
10
, 1810
1
 
Tonalide 2400
1
, 2714
10
 
Estrogens 
  
Estrone  149-198
7
 , 170
4
, 402
2 
, 645
8
 
17β-Estradiol  131-1757 , 4762 , 7718, 15064 
Ethynylestradiol 271-383
7
 , 349
1
, 438
4
, 584
2
, 1550
8
 
Surfactants 
  Nonylphenol 114911 
Industrial Chemicals 
Plasticiser Bisphenol A 102-124
7
 , 217
4
, 431
8
, 829
11
 
Pesticide 
Herbicide 
Atrazine 5
9
, 60
8
 
Diuron 489 
Ref
1. Ternes et al. (2004) 2. Andersen et al. (2005) 3. Göbel et al. (2005) 4. Urase and Kikuta (2005) 5. 
Radjenović et al. (2009) 6. Wick et al. (2009) 7. Dickenson et al. (2010) 8. Stevens-Garmon et al. 
(2011) 9. Wick et al. (2011) 10. Fernandez-Fontaina et al. (2013) 11. Samaras et al. (2013)  
 
The sorption distribution coefficient of BPA varied from 100 to 800 L kg
-1
, while the sorption 
coefficients of 17β-estradiol and ethynylestradiol presented in Table 2-1 showed larger 
disparities (ranging from 150 to 1500 L kg
-1
 for 17β-estradiol and from 300 to 1500 L kg-1 for 
ethynylestradiol). The reasons for the varied results could be due to the different types of 
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solids used in the experiments or the different inactivation methodologies applied to the 
sludge.  
2.3.2 Biodegradation parameter – Biodegradation rate constant 
The biodegradation rate constant (Kbio) and half-life are considered to be important 
parameters in prediction of the fate of MPs (Dickenson et al. 2010), and Kbio is a strong 
indicator of their removal efficiency during wastewater treatment (Abegglen et al. 2009, 
Salgado et al. 2012). This is particularly so for those non-volatile compounds with low 
sorption potential (e.g., PPCPs), for which biodegradation is thought to be the principal 
removal mechanism. To date, most Kbio values used in modelling studies on the fate of MPs 
have been estimated based on their structural characteristics (Pomiès et al. 2013). However, it 
has been suggested that the results obtained from these estimations exhibit limited accuracy, 
and modifications are required to simulate the specific conditions of each STP in order to 
better predict the fate of MPs (Lim and Fox 2012). 
Several authors have studied the biodegradation of MPs during activated sludge treatment. 
Experimentally determined biodegradation rate constants have been reported for a number of 
MPs and pseudo first order kinetics were frequently used to describe MP degradation 
(Fernandez-Fontaina et al. 2013, Kim et al. 2005).  A simple classification of chemical 
compounds was proposed by Joss et al. (2006) based on the biodegradation rate constant: no 
significant removal (< 20%) for compounds with kbio  < 0.1 L gss
-1 
d
-1
, partial removal for 
compounds with 0.1 < kbio < 10, and significant removal (> 90%) for compounds with kbio > 
10. This classification was further developed by Suarez et al. (2010), and PPCPs were 
classified as: not readily biodegradable (kbio < 0.5), moderately biodegradable (0.5 < kbio < 1), 
highly biodegradable (1 < kbio < 5), and very highly biodegradable (kbio > 5 L gss
-1 
d
-1
).  
  
  
 
28 
Table 2-2 Reported Kbio for MPs during CAS biodegradation (obtained at 25°C unless noted) 
MP 
Biodegradation rate constant Kbio (L gss
-1 
d
-1 
or L gvss
-1 
d
-1
 ) 
ref
 
System 
Diclofenac 
≤0.53 Batch 
V
0.02
7
 Batch 
1.25 Aerobic batch 
Ibuprofen 
3.76 Pilot scale 
21-35
3
 Batch 
205 Aerobic batch 
1.28 Batch @ 12°C 
Ketoprofen 3.02 Batch 
Naproxen 
4.22 Batch 
3.36 Pilot scale 
1.0-1.9
3
 Batch 
V
0.5
7
 Batch 
95 Aerobic batch 
Ciprofloxacin ≤0.53 Batch 
Erythromycin 
≤0.123 Batch 
2.46 Pilot scale 
65 Aerobic batch 
Sulfamethoxazole 
0.35 Aerobic batch 
0.66 Pilot scale 
V
0.1
7
 Batch 
Trimethoprim 
0.155 Aerobic batch 
0.656 Pilot scale 
Carbamazepine 
≤0.14 Aerobic batch 
<0.07
6
 Pilot scale 
V
0.01
7
 Batch 
<0.06
5
 Aerobic batch 
Atenolol 1.1-1.9
4
 Aerobic batch 
Bezafibrate 2.1-3.0
3
 Batch 
Clofibric acid 0.3-0.8
2
 Batch 
Gemfibrozil 
4.02 Batch 
6.4-9.6
3
 Batch 
Galaxolide 
4.16 Pilot scale 
V
1.72
7
 Batch 
1705 Aerobic batch 
Tonalide 
4.06 Pilot scale 
V
3.87
7
 Batch 
1155 Aerobic batch 
Estrone  1621 Aerobic  
17β-Estradiol  3501 Aerobic  
Ethynylestradiol  
182 Batch 
8.01 Aerobic 
205 Aerobic  
ref. 
1. Joss et al. (2004) 2. Urase and Kikuta (2005) 3.  Joss et al. (2006) 4. Wick et al. (2009) 5. Suarez 
et al. (2010) 6.Suárez et al. (2012) 7. Fernandez-Fontaina et al. (2013) 8. Kruglova et al. (2016) 
  
 
29 
Table 2-2 shows that the values of the biodegradation rate constants obtained in batch studies 
for some compounds varied significantly, such as for ibuprofen (1.8-35 L gss
-1 
d
-1
), 
gemfibrozil (4.0-9.6 L gss
-1 
d
-1
) and naproxen (1.0-4.2 L gss
-1 
d
-1
) (Joss et al. 2006, Urase and 
Kikuta 2005). On the other hand, consistently low biodegradation rate constants were 
reported for carbamazepine (<0.1 L gss
-1 
d
-1
), and diclofenac (<0.5 L gss
-1 
d
-1
, except for a 
value of 1.2 obtained by Suarez et al. (2010) under aerobic conditions), suggesting these two 
compounds undergo slow degradation during biological treatment. Joss et al. (2004) obtained 
high Kbio (>10 L gss
-1 
d
-
1) for both estrone and 17β-estradiol, regardless of the redox 
conditions applied. However, aerobic conditions were proved to favour the biodegradation of 
another estrogen – ethynylestradiol (Joss et al. 2006, Suarez et al. 2010). For the other 
compounds, atenolol, bezafibrate and ketoprofen were reported to have relatively high 
biodegradability (70-90%) ((Joss et al. 2006, Urase and Kikuta 2005, Wick et al. 2009), while 
clofibric acid, sulfamethoxazole and trimethoprim had moderate biodegradability (40-70%) 
(Fernandez-Fontaina et al. 2013, Suarez et al. 2010, Suárez et al. 2012, Urase and Kikuta 
2005).  
2.3.3 Photolysis parameter - Photodegradation rate constant 
The degradation rates of all photochemical processes in a water body are affected by solar 
irradiance at the water surface, irradiative transfer from air into water, and the transmission of 
sunlight in the water body (Zepp and Cline 1977).  
Table 2-3 provides a summary of some published studies on the photodegradation of several 
MPs in different matrices such as pure water, surface water, synthetic field water, and sewage 
effluents. In these studies, the main radiation sources used were natural sunlight and xenon 
lamp sunlight simulators. Although simulators are more readily accessible than sunlight 
which is limited by the weather, it has been shown that compounds can undergo much faster 
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degradation when exposed to simulated sunlight than natural sunlight (e.g., 0.61 h
-1
 versus 
0.007 h
-1
 for 17β-estradiol (Matamoros et al. 2009). Jacobs et al. (2012) performed 
actinometry and reported that degradation rates obtained under simulated sunlight were not 
comparable to those obtained under natural sunlight. Hence the reliability of results obtained 
with sunlight simulators can be questionable. 
As shown in Table 2-3, the photodegradation rate constants of a compound obtained by 
different researchers varied, even when similar conditions were used. Leech et al. (2009) 
reported a half-life of 13.6 h for 17β-estradiol at 27 °C and pH at 7 in Milli-Q water using a 
sunlight simulator as the light source, while a 10 times smaller value was obtained by 
Matamoros et al. (2009) under the same conditions. An explanation could be the low initial 
concentration of 17β-estradiol used by Leech et al. (2009)(1 µM) compared with that used by 
Matamoros et al. (2009)(~ 37 µM). Another issue observed in the review of the photolysis 
studies is that different conditions such as pH of the water matrix, initial concentration of the 
target compounds, and types and levels of the added photosensitisers, have led to various 
kinetic data which are not directly comparable. Furthermore, there is a lack of information 
regarding the intensity of light source, pH of the matrix and initial concentration of the MP in 
some studies, which means that the experiments cannot be reproduced.  
Overall, photodegradation of MPs is strongly influenced by environmental conditions and the 
characteristics of the water matrices in which these compounds reside. Several factors, such 
as light intensity and the levels of dissolved organic matter and nitrate in the water matrix 
affecting the photolysis of MPs will be discussed in section 2.4. It is clear that when 
obtaining photolytic kinetic data for the purpose of simulation or modelling, the data should 
be collected (preferably measured) under conditions which are similar to those of the real site 
(pH, dissolved organic matter level, nitrate level, etc.). 
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Table 2-3 Experimentally determined photodegradation kinetic data for common MPs from the literature 
MP Light source & 
Intensity 
Ref.
 
Water matrix Experimental conditions Rate constant(Kp) and half-life time (t1/2) 
Acetaminophen Sunlight
12
 Milli-Q water sunlight exposure: 8am-6pm (10 h/d); 
duration: August 2006 – May 2007 
A
Kp = 0.009 h
-1
; t1/2=77 h 
M
Kp= 0.0009 h
-1
; t1/2=730 h 
Atenolol Sunlight
12
 Milli-Q water sunlight exposure: 8am-6pm (10 h/d); 
duration: August 2006 – May 2007 
A
Kp = 0.013 h
-1
; t1/2=56 h 
M
Kp= 0.02 h
-1
; t1/2=35 h 
Sunlight
17 
Feb:25 W m
-2
 
Mar:32 W m
-2
 
Ultrapure water 
 
Secondary effluent A 
Secondary effluent B 
exposure: 8am-4pm (8hr/day); 5 days; 
Ci:400 -600 µgL
-1
; 
pH =8.6; DOC: 7.9 mgL
-1
; NO3
-
:3.7 mgL
-1
 
pH =7.7; DOC: 6.3 mgL
-1
; NO3
-
:11.5 mgL
-1
 
Direct: 4% degradation on day 5 
Feb
 
Mar
 
Kp:0.27 d
-1
; t1/2:2.6 d 
Kp:0.32 d
-1
; t1/2:2.2 d 
Kp:0.23 d
-1
; t1/2: 3.0 d 
Kp:0.47 d
-1
; t1/2:1.5 d 
BPA 
 
Xenon lamp
6 
(Suntest CPS) 
Milli-Q water 
 
Natural/synthetic 
water 
Ci: 10 µM; temperature:25 °C; pH = 3.72-
5.29 (all BPA in the un-ionised forms) 
DOM: 4.35 mgL
-1
 
SRFA: 5.78 mgL
-1
 
DOM: 6.0 mgL
-1
 
Kp = 8.07 ×10
-7 
s
-1
; t1/2=235h 
 
Kp = 5.98 ×10
-6  
s
-1
; t1/2=32.2 h 
Kp = 8.62 ×10
-6  
s
-1
; t1/2=22 h 
Kp = 1.11 ×10
-5  
s
-1
; t1/2=17.4 h 
Xenon lamp
8
 Milli-Q water 
Synthetic water 
Ci: 520 µM; pH = 7.2-7.8 
presence of Fe
3+
, NO3
- 
and  HCO3
-
 at 
different concentrations 
n.a. 
n.a. 
Caffeine 
 
Xenon lamp
14 
(Suntest CPS) 
 
 
Milli-Q water 
Synthetic solutions 
 
Ci: 10µM  & 0.1 µM Kp
             a
t1/2   (high 
Ci) 
Kp
             a
t1/2     (low Ci) 
temperature: 25 °C; pH = 7.0 
SRFA: 6 mg C L
-1 
OWCFA: 6 mg C L
-1 
NO3
-
: 100
 
µM ; DOM = 0 
OWCFA  + Fe
3+
: 31 µM 
0.004 h
-1
; 170 h 
0.012 h
-1
; 63 h 
0.010 h
-1
: 69.3 h 
0.04 h
-1
; 17.3 h 
0.012 h
-1
; 63 h 
n.a. 
0.028 h
-1
; 25 h 
0.017 h
-1
; 41 h 
n.a. 
n.a. 
Carbamazepine 
 
Sunlight
2
 Milli-Q water 
Synthetic water 
temperature: 25 °C; pH = 5.5 
humic acid: 5 mgL
-1 
NO3
-
: 10 mgL
-1 
NO3
-
: 15 mgL
-1 
Φ = 4.77×10-5 
t1/2(sensitiser)/t1/2(distilled water) = 4.22 
t1/2(sensitiser)/t1/2(distilled water) = 0.426 
t1/2(sensitiser)/t1/2(distilled water) = 0.216 
Xenon lamp
3
 Milli-Q water 
Brown water 
pH = 3.9; 
DOC:21 mgL
-1
 ; NO3
-
:1 mgL
-1
 
Kp = 0.036 h
-1
; 
a
t1/2=19 h 
Kp = 0.114; 
 a
t1/2=6.1 h 
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Xenon lamp
7 
(Suntest CPS) 
Milli-Q water 
Synthetic field water 
Ci:10µM; 
Combination of DOM, NO3
- 
and  HCO3
- 
t1/2=115 h; Φ = 1.3×10
-4
 
t1/2= 6 - 55 h 
Xenon lamp
10 
(Suntest CPS) 
Milli-Q water 
Natural sea water 
Natural river water 1 
Natural river water 2 
temperature: 27 °C; pH =7; Ci:10-40 mgL
-1
 
pH =8.03; DOC: 1.14 mgL
-1
; NO3
-
:n.a. 
pH =8.16; DOC: 2.85 mgL
-1
; NO3
-
:10 mgL
-1
 
pH =7.84; DOC: 11.2 mgL
-1
; NO3
-
:12 mgL
-1
 
Kp = 0.02 h
-1
; t1/2=38.5 h 
Kp = 0.05 h
-1
; t1/2=14.4 h 
Kp = 0.05 h
-1
; t1/2=12.8 h 
Kp = 0.08 h
-1
; t1/2=8.25 h 
Sunlight
10
 Milli-Q water average daily radiation: 270 W m
-2
 Kp = 0.01 h
-1
; t1/2=67.4 h 
Sunlight
12
 Milli-Q water exposure: 8am-6pm (10 hr/day); 
duration: August 2006 – May 2007 
A
Kp = 0.0082 h
-1
; t1/2=84 h; Φ= 2.7×10
-5
 
M
Kp= 0.00034 h
-1
; t1/2=2100 h; Φ= 6×10
-6
 
Sunlight
17 
Feb:25 W m
-2
 
Mar:32 W m
-2
 
Ultrapure water 
 
Secondary effluent A 
Secondary effluent B 
exposure: 8am-4pm (8 hr/day); 5 days; 
Ci:400 -600 ppb; 
pH =8.6; DOC: 7.9 mgL
-1
; NO3
-
:3.7 mgL
-1
 
pH =7.7; DOC: 6.3 mgL
-1
; NO3
-
:11.5 mgL
-1
 
Direct: 9% degradation on day 5 
Feb Mar 
Kp:0.27 d
-1
; t1/2:2.5 d 
Kp:0.65 d
-1
; t1/2:1.1 d 
Kp:0.22 d
-1
; t1/2: 3.1d 
Kp:0.75 d
-1
; t1/2:0.9 d 
Clofibric acid 
 
Sunlight
2
 Milli-Q water 
Synthetic water 
temperature: 25 °C; pH = 5.5 
humic acid: 5 mgL
-1 
NO3
-
: 5 mgL
-1 
 
t1/2(sensitiser)/t1/2(distilled water) = 0.483 
t1/2(sensitiser)/t1/2(distilled water) = 0.795 
Xenon lamp
3
 Milli-Q water n.a. t1/2 >70 h 
Sunlight
4
 Milli-Q water 
 
Natural river water 
pH=7.0 
addition of 1% IPA (isopropanol) 
pH=8.0; DOC: 8.9 mgL
-1
; NO3
-
:0.88 mgL
-1 
addition of 1% isopropanol (IPA) 
Kp = 0.008 ×10
2  
min
-1
; 
a
 t1/2=144 h 
Kp = 0.014 ×10
2  
min
-1
 
Kp = 0.023 ×10
2  
min
-1
 ; 
a
 t1/2=50h 
Kp = 0.009 ×10
2  
min
-1
 
Diclofenac 
 
HP Hg lamp
2
 Milli-Q water pH = 5.5 n.a. 
Sunlight
2
 Milli-Q water 
Synthetic water 
temperature: 25 °C; pH = 5.5 
humic acid: 5 mgL
-1
 
NO3
-
: 10 mgL
-1
 
t1/2(sensitiser)/t1/2(distilled water) = 2.23 
t1/2(sensitiser)/t1/2(distilled water) = 0.622 
Sunlight
4
 Milli-Q water 
 
Natural river water 
pH=7.0 
addition of 1% IPA (isopropanol) 
pH=8.0; DOC:16 mgL
-1
; NO3
-
:0.32 mgL
-1 
addition of 1% IPA (isopropanol) 
Kp = 1.97 ×10
2  
min
-1
; 
a
t1/2=39 min; Φ = 0.094 
Kp = 2.86 ×10
2  
min
-1
 
Kp = 1.97 ×10
2  
min
-1
; 
a
 t1/2=39 min 
Kp = 3.32 ×10
2  
min
-1
 
Ibuprofen 
 
MP Hg lamp
4
 Milli-Q water 
 
Natural river water 
temperature: 25 °C; pH=7.0 
addition of 1% IPA (isopropanol) 
pH=8.0; DOC:8.9 mgL
-1
; NO3
-
:0.88 mgL
-1 
Kp = 0.1 ×10
2  
min
-1
; 
a
 t1/2=11.6 h
 
Kp = 0.06 ×10
2  
min
-1
 
Kp = 0.45 ×10
2  
min
-1
; 
a
 t1/2=2.6 h 
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addition of 1% IPA (isopropanol) Kp = 0.1 ×10
2  
min
-1
 
Xenon lamp
10 
(Suntest CPS) 
Milli-Q water 
Natural sea water 
Natural river water 1 
Natural river water 2 
temperature: 27 °C; pH =7; Ci:10-40 mgL
-1
 
pH =8.03; DOC: 1.14 mgL
-1
; NO3
-
:n.a. 
pH =8.16; DOC: 2.85 mgL
-1
; NO3
-
:10 mgL
-1
 
pH =7.84; DOC: 11.2 mgL
-1
; NO3
-
:12 mgL
-1
 
Kp = 0.17 h
-1
; t1/2=4.0 h 
Kp = 0.14 h
-1
; t1/2=4.81 h 
Kp = 0.16 h
-1
; t1/2=4.44 h 
Kp = 0.16 h
-1
; t1/2=4.44 h 
Sunlight
10 
Milli-Q water Avg. daily radiation: 270 W m
-2
 Kp = 0.002 h
-1
; t1/2=324 h 
Sunlight
12
 Milli-Q water sunlight exposure: 8am-6pm (10 hr/d) 
duration: August 2006 – May 2007 
A
Kp = 0.0012 h
-1
; t1/2=600 h 
M
Kp= 0.00027 h
-1
; t1/2=9900 h 
Sulfamethoxazole 
 
HP Hg lamp
2
 Milli-Q water pH = 5.5 Φ = 4.29 × 10-3 
Sunlight
2
 Synthetic water humic acid: 5 mgL
-1 
NO3
-
: 10 mgL
-1
 
t1/2(sensitiser)/t1/2(distilled water) = 0.326 
t1/2(sensitiser)/t1/2(distilled water) = 0.235 
Sunlight
5 
Milli-Q water 
 
Natural water 
Ci:100µM; pH = 5.3 
Ci:100µM; pH = 6.9 
pH=8.4; DOC:5.9 mgL
-1 
Kp = 5.1 ×10
-5  
s
-1
; 
a
 t1/2=3.7 h 
Kp = 1.3 ×10
-5  
s
-1
; 
a
 t1/2=14.8 h 
n.a.(similar as the data in pure water) 
Xenon lamp
7 
(Suntest CPS) 
Milli-Q water 
Synthetic field water 
Ci:10µM; 
Combination of DOM, NO3
- 
and  HCO3
- 
t1/2=1.5 h
 
t1/2= 2.8-6 h 
Xenon lamp
13 
(Suntest CPS) 
765 W m
-2 
Milli-Q water 
Lake water 
wastewater 1 
wastewater 2 
Ci:1 µM; pH = 8.0; 
pH=8.0; DOC:6.03 mgL
-1
;NO3
-
:0.4 mgL
-1
 
pH=8.0; DOC:8.12 mgL
-1
; NO3
-
:11.8 mgL
-1
 
pH=8.0; DOC:7.49 mgL
-1
; NO3
-
:16.5 mgL
-1 
addition of 1% IPA (isopropanol) 
Kp = 0.4 h
-1
; 
a
t1/2=1.7 h 
Kp = 0.43 h
-1
; 
a
t1/2=1.6 h 
Kp = 0.61 h
-1
; 
a
t1/2=1.13 h 
Kp = 0.68 h
-1
; 
a
t1/2=1.0 h 
Kp = 0.43 h
-1
; 
a
t1/2=1.6 h 
Xenon lamp
11 
(Suntest CPS) 
250 W m
-2
 
 
Distilled water (DW) 
Synthetic DW 
Seawater 
Ci:10 mgL
-1
; temperature: 25 °C 
pH=4.6 
Additional NO3
-
: 10  mgL
-1 
& 20 mgL
-1 
pH=8.1; DOC:7.4 mgL
-1
 
kinetic data not reported 
40% reduction after 0.75 h 
no additional reduction observed 
14% reduction after 7 h 
Xenon lamp
15 
76 W m
-2
 
(265-430 nm) 
Nanopure water temperature:19°C 
pH = 3.2 (SMX in neutral form) 
pH = 8.4 (SMX in anionic form) 
values were corrected for light screening 
Kp = 22.3 h
-1
; t1/2= 0.031 h 
Kp = 1.42 h
-1
; t1/2= 0.49 h 
Triclosan 
 
Xenon lamp
1
 
(λ>290nm) 
 
Pure water 
Pure water 
Pure water 
Ci:2 µM; pH = 5.9 (1% anionic form) 
Ci:2 µM; pH = 8.0 (48% anionic form) 
Ci:2 µM; pH =11 (99.9% anionic form) 
Kp = 3.8 ×10
-4  
s
-1
 
Kp = 6.9 ×10
-3  
s
-1 
Kp = 1.2 ×10
-2  
s
-1
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Sunlight
1
 Pure water 
Surface water 
Ci:2 µM; pH = 8.6; 
Ci:2 µM; pH = 8.6; DOC=4.0 mgL
-1
 
Kp = 7.1 ×10
-4  
s
-1
; t1/2=0.27 h 
n.a.
 
Xenon lamp
16 
(Suntest CPS) 
250 W m
-2
 
Ultrapure water 
Synthetic water 
Ci:2 mgL
-1
; pH = 5, 9 
Fe
3+
: 1 & 2 mgL
-1 
Humic acid: 0 & 1 mgL
-1
 
removal%@pH = 5: 52 vs. pH = 9: 72 
removal%@ pH = 9 & Fe
3+
=1: 29/Fe
3+
=2: 71 
removal%@ pH = 9 & Fe
3+
=1 & HA=1:70 
Optimised: Kp = 0.129 h
-1
; 
a
t1/2=5.4 h 
Trimethoprim  Xenon lamp
13 
(Suntest CPS)
 
Milli-Q water 
Lake water 
wastewater 1 
wastewater 2 
Ci:1 µM; pH = 8.0; 
pH=8.0; DOC:6.03 mgL
-1
; NO3
-
:0.4 mgL
-1
 
pH=8.0; DOC:8.12 mgL
-1
; NO3
-
:11.8 mgL
-1
 
pH=8.0; DOC:7.49 mgL
-1
; NO3
-
:16.5 mgL
-1 
addition of 1% IPA (isopropanol) 
Kp = 0.03 h
-1
; 
a
t1/2=23.1 h 
Kp = 0.06 h
-1
; 
a
t1/2=11.5 h 
n.a. 
Kp = 0.18 h
-1
; 
a
t1/2=3.8 h 
Kp = 0.016 h
-1
; 
a
t1/2=43.3 h 
17β-Estradiol  Xenon lamp9 
(Suntest XLS+) 
Milli-Q water 
 
Synthetic water 
 
temperature: 27 °C; Ci:1 µM; pH =7 
addition of 2% IPA (isopropanol) 
DOC: 2 - 15 mgL
-1 
DOC: 5 mgL
-1 
& 2% IPA (isopropanol) 
t1/2= 13.6 h 
t1/2= 20.1 h 
t1/2= 7.7-6.1 h 
t1/2= 18.5 h 
Xenon lamp
10 
(Suntest CPS) 
Milli-Q water 
Natural sea water 
Natural river water 1 
Natural river water 2 
temperature: 27 °C; pH =7; Ci:10-40 mgL
-1
 
pH =8.03; DOC: 1.14 mgL
-1
; NO3
-
:n.a. 
pH =8.16; DOC: 2.85 mgL
-1
; NO3
-
:10 mgL
-1
 
pH =7.84; DOC: 11.2 mgL
-1
; NO3
-
:12 mgL
-1
 
Kp = 0.61 h
-1
; t1/2=1.13 h 
Kp = 0.62 h
-1
; t1/2=1.11 h 
Kp = 0.69 h
-1
; t1/2=1.00 h 
Kp = 0.73 h
-1
; t1/2=0.95 h 
Sunlight
10
 Milli-Q water average daily radiation: 270 W m
-2
 Kp = 0.007 h
-1
; t1/2=106 h 
Ref.
1. Tixier et al. (2002) 2. Andreozzi et al. (2003) 3. Doll and Frimmel (2003) 4. Packer et al. (2003) 5. Boreen et al. (2004) 6. Chin et al. (2004) 7. Lam and 
Mabury (2005) 8. Tercero Espinoza et al. (2007)  9. Leech et al. (2009) 10. Radjenović et al. (2009) 11. Trovó et al. (2009) 12. Yamamoto et al. (2009) 13. 
Ryan et al. (2011) 14. Jacobs et al. (2012) 15. Bonvin et al. (2012) 16. Martínez-Zapata et al. (2013) 17. Dong et al. (2015) 
a. 
Calculated from kp values using equation 5 
n.i.: Not investigated 
n.a.: Not available 
A:
 August; 
M:
 May 
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2.4 External factors influencing the fate of MPs 
External factors such as the WWTP operating conditions, environmental conditions and water 
characteristics also influence the removal mechanisms of MPs and so will affect the accuracy 
of fugacity model predictions. The factors most relevant to the context of this study are 
discussed in this section. 
2.4.1 Temperature  
Generally, enhanced biological removal of MPs can be achieved at warmer temperature due 
to promotion of microbial activity (Nie et al. 2012, Onesios et al. 2009). A slower 
biodegradation rate was obtained for ibuprofen and estrone at 8 °C compared to 12 °C during 
the activated sludge process, and increased removal of compounds at the lower temperature 
could be achieved by prolonging the sludge retention time (Kruglova et al. 2016). However, 
(Suarez et al. 2010) showed that the elimination of several PPCPs including estrone and 
ibuprofen in the activated sludge process was independent of temperature fluctuations.  
In terms of photodegradation, Emnet et al. (2013) found that temperatures ranging from 7 ˚C 
to 27 ˚C did not affect the rate constants of triclosan in either Milli-Q water or seawater. On 
the other hand, degradation rates of 4-tert-octylphenol increased with temperature in both 
MilliQ water and seawater. Recently, Jin et al. (2017) studied the effect of temperature on the 
photodegradation of the antibiotic oxytetracycline and reported an activation energy of 15.5 
KJ mol
-1
 for it, suggesting that this activation energy could indicate the temperature 
dependency of the photolychemical reaction of oxytetracycline. 
Overall, the reported studies revealed the possible influence of seasonal temperature 
differences on the fate of MPs during wastewater treatment. However, few studies explained 
the reasons for the temperature dependency of the bio/photochemical reactions of the MPs. 
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Only limited information was reported on the activation energy of these reactions. Further 
investigation is required to understand the temperature dependency of the degradation rates of 
the various MPs. Moreover, it would also be useful to report the activation energy values for 
temperature dependent biological/photolytic reactions so that this information can be taken 
into account when modelling systems for different temperature conditions. 
2.4.2 pH  
The pH of the water matrix can affect the ionic state of compounds and so determine their 
speciation, therefore influencing their absorption of light and photodegradability. Tixier et al. 
(2002) studied the photodegradation of triclosan at different pH, and the anionic form (99.9 % 
at pH 11) of triclosan exhibited the highest photodegradation rate constant (1.2 ×10
-2 
s
-1
). 
Martínez-Zapata et al. (2013) also reported faster degradation of triclosan at elevated pH (pH 
9 cf. pH 5). Boreen et al. (2004) reported that a lower pH (5.3 versus 6.9) promotes the 
photodegradation of sulfamethoxazole. This was confirmed by Bonvin et al. (2012) who 
reported that the compound reacted fastest when it existed in the neutral form at pH 3.2 than 
in the anionic form at pH 8.4.  
The wastewater pH can also influence the removal of MPs via biodegradation by impacting 
both the physiology of microorganisms (pH optima of microbial enzyme activities) and the 
solubility of MPs present in wastewater (Cirja et al. 2008). Gulde et al. (2014) observed the 
pH-dependent biodegradation for propranolol in the range of pH 6 – 8 during activated sludge 
treatment. Another impact of pH leading to different ionic states of a MP is on its sorption 
behaviour, as the partitioning coefficient of a compound varies when present in different 
ionic forms (Burke et al. 2013, Hyland et al. 2012).   
  
 
37 
2.4.3 Light intensity 
Varying solar radiation intensity due to different latitude and season leads to variable 
photodegradation rates (Andreozzi et al. 2003, Chen et al. 2013), thus the seasonal variations 
in removal of MPs in lagoons exposed to direct sunlight can be significant. For instance, 
overall removals of 97.2% for triclosan and 96% for galaxolide in summer which dropped to 
42.5% and 40.8%, respectively, in winter were reported by Hoque et al. (2014),  and a similar 
trend was observed for ibuprofen (95% in summer cf. 52% in winter) (Li et al. 2013). For 
other compounds such as naproxen, sulfamethoxazole and tonalide, the difference in overall 
removal efficiencies between summer and winter ranged from 10% to 30% (Li et al. 2013);. 
This seasonal disparity was most likely caused by the reduced intensity of  sunlight radiation 
during winter, while the lower ambient temperature in winter may also have played a role (Li 
et al. 2013) 
2.4.4 Pond depth and mixing conditions 
Pond depth is a major consideration when designing WSP systems. Pena et al. (2011) pointed 
out that the depth of the ponds would determine the efficiency of MP elimination, with 
greater removal of photodegradable MPs due to enhanced UV penetration in shallower 
systems. Although a few researchers have pointed out that pond depth could be important 
factor for the removal of MPs (Matamoros et al. 2009, Pena et al. 2011, Ryan et al. 2011) as 
the location at which these compounds reside in a WSP would influence the efficacy of the 
sunlight irradiation, so to impact their photolytic removal. However, limited study was found 
to investigate the relationship between the pond depth and the photodegradation rate 
constants of the MPs studied (Toze et al. 2012). Another factor associated with the efficacy 
of the sunlight irradiation is the wind driven mixing of the pond water. Wind can increase the 
water turbidity and the amount of suspended solids in the water body (especially when as 
shallow as the lagoons under study) (Cho 2007, Noel et al. 1995). The increased turbidity can 
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lead to light attenuation and reduce the sunlight exposure of the materials in the water 
accordingly. 
2.4.5 Sludge retention time (SRT) and hydraulic retention time (HRT) 
One of the important factors contributing to variation in predicted TCS concentrations in 
effluent and biosolids is the solids retention time (Bock et al. 2010). Sludge retention time 
(SRT), also known as sludge age, is a frequently studied parameter in WWTP operation as it 
controls the growth rate of microorganisms, affecting the diversity and concentration of 
biomass and thus the removal of MPs by biodegradation. In studies investigating the 
biological removal of MPs, it has been shown that longer SRTs will promote bacterial growth 
and enrich microbial diversity, and so facilitate biodegradation and lead to greater removal of 
MPs during the treatment (Clara et al. 2005, Langford et al. 2005). In contrast with the 
enhanced BPA removal at longer SRT obtained by Clara et al. (2005), Stasinakis et al. (2010) 
found no significant change for the removal of BPA at different SRTs (3, 10, 20 days). 
Samaras et al. (2013) showed that increased SRT (from 8 days to 18 days) in full scale 
WWTPs did not lead to improved biodegradation of all selected target compounds, including 
BPA and diclofenac. One observation from these results is that the impact of SRT on the 
biodegradation of MPs depends on the type of chemical and the experimental/operational 
conditions chosen for the studies.   
Although Gros et al. (2010) reported that the removal of less biodegradable MPs with a high 
sorption tendency is more likely to be influenced by SRT, other researchers suggested that 
there is no clear indication that SRT would affect the removal of trace emerging contaminants 
by sorption (Clara et al. 2005, Hyland et al. 2012, Stasinakis et al. 2010). Kruglova et al. 
(2016) explained that longer SRT conditions could lead to higher diversity of microbial 
species (particularly some slow growing species), thus higher biological removal of MPs 
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during the activated sludge process. On the other hand, long SRTs can promote the removal 
of MPs that are prone to attach to the solid phase. Suárez et al. (2012) supported the idea that 
SRT played a significant role in the removal of MPs with a significant sorption potential, 
such as estrogens and sulfamethoxazole. Fernandez-Fontaina et al. (2012) compared the 
solid-liquid distribution coefficients (Kd) obtained for nitrifying activated sludge with those 
for CAS in the literature, but there was no evidence showing that Kd was correlated to the 
operational conditions investigated in their study.  
Hydraulic retention time (HRT) is a measure of the average length of time that 
a soluble compound remains in a constructed bioreactor. In biological treatment, it is deemed 
to be the time allowed for MP biodegradation and sorption (Luo et al. 2014). Fernandez-
Fontaina et al. (2012) found that antibiotics with slow/intermediate kinetics of removal such 
as erythromycin, roxithromycin and trimethoprim exhibited decreased biodegradation 
efficiencies at shorter HRT. Gros et al. (2010) correlated observed pharmaceutical removal 
efficiencies with the half-lives of the compounds, suggesting that longer HRT would promote 
MP degradation. They also mentioned that readily biodegradable compounds with a lower 
tendency to adsorb to sludge are more likely to be affected by different HRT. On the contrary, 
Vieno et al. (2007) found no clear correlation between HRT and removal of diclofenac and β-
blockers such as atenolol, metoprolol and sotalol.  
2.4.6 Wastewater components  
2.4.6.1 Dissolved organic matter (DOM) 
DOM in the water matrix plays an important role in solar photolysis. DOM can have 
simultaneous opposing effects on the photodegradation rate of MPs in water. Firstly, due to 
its ability to absorb radiation, it acts as an inner filter which reduces the radiation available 
for absorption by the compound, and so inhibits photodegradation of the compound. 
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Secondly, by absorbing UV radiation, DOM becomes a reactive species which can then 
promote photochemical processes Andreozzi et al. (2003). The overall contribution of DOM 
to the photodegradation rate of a MP in water bodies depends on the balance between these 
two effects. Both fulvic acid and humic acid have been frequently studied as sources of DOM 
added to ultrapure water or synthetic freshwater/wastewater in photodegradation experiments. 
The addition of fulvic acid in water samples led to enhanced indirect photolysis for estrone 
(Caupos et al. 2011) (DOC = 8 mg L
-1
), caffeine (Jacobs et al. 2012) (DOC = 6 mg L
-1
) and 
imazosulfuron  (Rering et al. 2017) (DOC = 5 mg L
-1
). The addition of humic acid (DOC = 5-
15 mg L
-1
)  to promoted the photolysis of 17β-estradiol (increased by 40–50%) (Leech et al. 
2009) and its addition (DOC = 0.5 mg L
-1
) to ultrapure water significantly enhanced the 
degradation of azithromycin (by a factor of 16) (Tong et al. 2011).  
Andreozzi et al. (2003) found that humic acid (DOC = 5 mg L
-1
) acted as a photosensitiser, 
which favoured the degradation of ofloxacin, sulfamethoxazole, propranolol and clofibric 
acid, whereas it was considered to be an inner filter in the photodegradation process for 
carbamazepine and diclofenac. On the other hand, Carlos et al. (2012) showed that indirect 
photodegradation of carbamazepine was promoted in solutions dosed with humic substances 
(both humic acid and fulvic acid, DOC = 20 mg L
-1
 ). Tixier et al. (2002) stated that 
photolysis of triclosan was hindered in surface water due to the presence of either humic acid 
or fulvic acid (DOC = 2 mg L
-1
). Similar findings were reported by Martínez-Zapata et al. 
(2013), suggesting that the additional humic acid  (DOC = 1 mg L
-1
) could inhibit the 
photodegradation of triclosan.  
As organic matter from different sources has different physicochemical characteristics, it can 
exert different effects on the photolysis of MPs. Furthermore, the concentration of the DOM 
applied in different studies could also lead to different effects. However, the concentration of 
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DOM used in the aforementioned studies varied and it is difficult to conclude the impact of 
DOM on MPs.   
2.4.6.2 Nitrate  
Nitrate ions were found to promote the phototransformation of ofloxacin, sulfamethoxazole, 
clofibric acid, diclofenac and carbamazepine, but not propranolol (Andreozzi et al. 2003). 
The authors suggested that the nitrate-induced photochemical reaction rate was dependent on 
the available irradiating energy in the solution which could be significantly decreased when 
the substrate itself strongly absorbs in the same UV range as nitrate ions. Propranolol was 
therefore considered to have a greater capacity for absorbing UV radiation. Lam and Mabury 
(2005) and Dong et al. (2015) confirmed that nitrates could contribute to the 
photodegradation of carbamazepine. Contrary to the findings of Andreozzi et al. (2003), 
Trovó et al. (2009) reported that additional nitrate led to insignificant effect on the 
photodegradation of sulfamethoxazole in pure water. The enhancing effect of nitrates was 
also reported for the photodegradation of atenolol (Dong et al. 2015), bisphenol A (Tercero 
Espinoza et al. 2007), caffeine (Jacobs et al. 2012), ibuprofen (Matamoros et al. 2009) and 
trimethoprim (Ryan et al. 2011), while only a minor enhancement by nitrate on 17β-estradiol 
was observed by Matamoros et al. (2009). Tong et al. (2011) observed an increased rate of 
degradation of azithromycin in artificial freshwater with additional nitrate. The 
photodegradation of estriol in aqueous solutions was also enhanced in the presence of nitrate
 
(Chen et al. 2013). On the other hand, an inhibiting effect of nitrate was reported for the 
photolysis of atrazine in a recent study (Duca et al. 2017). Hence, the presence of nitrate may 
increase, decrease or have two effects on the rate of photodegradation of MPs, although 
overall, it generally leads to enhancement.  
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2.5 Concluding remarks on the review of the literature and selection of target 
compounds 
2.5.1 Concluding remarks 
To date, the fate and removal of a range of MPs in CAS treatment have been documented 
while there is a lack of studies investigating the fate of MPs during wastewater treatment in 
large-scale lagoon systems. Biodegradation is the primary removal pathway of most MPs 
studied during CAS treatment and the fate determining parameter, the biodegradation rates 
were summarised for a range of MPs. Most researchers focused on investigating the overall 
removal instead of removal pathways of MPs during lagoon treatment. However, the fate and 
removal of pesticides were less studied in both types of treatment.  
To date, the understanding of the removal pathways of MPs in lagoon systems is rather 
limited. It is suspected that sunlight-induced photodegradation plays an important role in the 
removal of MPs from wastewater lagoons for which large surface areas are exposed to the 
natural environment. The photolytic fate determining parameter, the photodegradation rate 
constant, was obtained for various MPs in various water matrices. The sunlight induced 
photolysis of MPs in surface water bodies has been well studied, whereas limited studies 
were found for MPs in the wastewater matrix. A better understanding of the photolysis 
mechanism, i.e., whether directs or photosensitised degradation, involved in the 
photodegradation of MPs with representative structures (and so properties) in wastewater is 
necessary. Furthermore, there is a lack of studies investigating the photodegradation kinetics 
of MPs with regard to seasonal variation.  
To the knowledge of the author, there is limited information on the adsorption of MPs to 
lagoon sediment and the sorption coefficients reported for activated sludge samples varied 
between studies. Similarly, the photodegradation and biodegradation rate constants reported 
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in the literature were variable. One possible explanation for the variation reported is that the 
WWTP operating conditions significantly influence the fate of MPs during the treatment. 
This is especially the case for the photolytic removal of MPs in lagoon systems. The variable 
ambient (and thus wastewater) temperature, the wastewater depth, and the concentrations of 
wastewater components such as humic substances and nitrate in the plant flows all have 
impact on the photodegradation of MPs. 
Fugacity models can successfully simulate the process for CAS treatment and facilitate plant 
optimisation in terms of the removal of MPs. The aforementioned fate determining 
parameters and external factors are both used as model inputs and their variability can lead to 
a certain degree of uncertainty. Therefore, taking the variability of the input parameters into 
consideration in the fugacity modelling using a probabilistic approach would enable 
investigation of the influence of varied input parameters on the predictive performance of the 
model. 
A major limitation of many CAS fugacity models in the literature is that the properties of the 
MPs were obtained from computer estimations instead of experimentally determined 
measurements. Some of these model predictions could only be used indicatively due to the 
weakness of the input data. Therefore, it is recommended that model inputs experimentally 
obtained under the site specific conditions should be used for simulation or modelling 
purposes to ensure greater accuracy of the model outputs. Additionally, sensitivity and 
uncertainty analysis are required to identify the most influential model inputs and the sources 
of uncertainty. Furthermore, there is a lack of knowledge on fugacity modelling for 
wastewater treatment lagoons. Limited information was found on the development of a 
fugacity-based mass balance model for a lagoon system.  
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2.5.2 Selection of target MPs  
The occurrence and ecotoxicology data for MPs have decisive impacts on the selection of 
emerging contaminants in research studies (Fernandez-Fontaina et al. 2013, Gao et al. 2012, 
Gros et al. 2010). Another important selection basis is the fate of MPs during wastewater 
treatment. In general, the selected compounds should represent a wide range of 
physicochemical properties and so their tendencies to be degraded or adsorbed. Some less 
studied MPs should also be included to contribute to the knowledge gaps in the current 
literature. Other factors considered when choosing the target compounds include the 
availability and expense of analytical methods for determination of their concentration. 
Seven representative MPs, namely 2,4-Dichlorophenoxyacetic acid (2,4-D), caffeine, 
carbamazepine, diuron, simazine, sulfamethoxazole and triclosan were selected for 
investigation in this study. These compounds cover various categories of MPs including 
PPCPs, endocrine disrupting compounds and herbicides. These MPs possess different 
molecular structures and so various physiochemical properties. A summary of the categories 
and structures of the selected MPs is presented in Table 2-4. 
Table 2-4 Target MPs, structures, CAS and their classification 
Name 2,4-D Caffeine Carbamazepine Diuron 
Structure 
  
 
 
CAS 94-75-7 58-08-2 298-46-4 330-54-1 
Classification herbicide pharmaceutical/ant
hropogenic marker 
anticonvulsant herbicide 
Name Simazine Sulfamethoxazole Triclosan 
Structure 
   
CAS 122-34-9 723-46-6 3380-34-5 
Classification triazine herbicide antibiotics bactericide 
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Chapter 3 Materials and Methods 
3.1 Chemicals 
All chemicals were obtained from commercial sources and were used without further 
purification. Sulfamethoxazole (99.9%), triclosan (>99%), carbamazepine (>99%), caffeine 
(>98%), simazine (99.9%), diuron (99.6%), 2,4-D (99.9%), 2-propanol (IPA; 99.5%), p-
nitroanisole (PNA, 98%), pyridine (PYD, 99%), sodium azide (>99.5%), HPLC grade 
methanol (>99.9%), HPLC grade acetonitrile (>99.9%), HPLC grade tert-Butyl methyl ether 
(MTBE, >99.8%), humic acid (sodium salt) and sodium nitrate were purchased from Sigma-
Aldrich. Suwannee River humic acid was purchased from the International Humic Substances 
Society. Stock solutions of the MPs (150 mg L
-1
) were prepared individually in either 
acetonitrile (sulfamethoxazole in methanol, only in the October 2015 batch photolysis 
experiments) and stored in the dark at 4 °C prior to being diluted in the appropriate 
experimental matrices in different experiments. In the photodegradation experiments, to 
prevent hydroxyl radical quenching by methanol, the stock solution of sulfamethoxazole was 
added to the quartz tube, and the methanol was removed under a stream of nitrogen before 
addition of the appropriate water matrix.  
3.2 Milli-Q water 
The ultrapure (Milli-Q) water was generated using a Gradient A10 water system (Millipore). 
The DOC and resistivity of the ultrapure water were < 0.05 mg L
-1
 and 18.2 MΩcm-1, 
respectively. 
3.3 Source of raw water and sediment samples  
A process block diagram of the 55E lagoon system is shown below (Figure 3-1). The 
processes of interest in this study are the activated sludge treatment (anoxic zone, activated 
sludge (aeration zone), secondary settling) and the sequential lagoon system consisting of six 
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wastewater stabilisation ponds (namely P5 – 10). The ponds have a depth ranging from 1.2 to 
2.0 metres.  Lagoon samples were collected from the first lagoon downstream of the 
secondary clarifier, Pond 5.  
 
Figure 3-1 Process block diagram of the 55E lagoon system 
 
3.3.1 Mixed liquor suspended solids (MLSS) sample collection 
Activated sludge samples were collected from the anoxic zone of the wastewater treatment 
train. The effluent collected from the anaerobic pot was mixed with the activated sludge in a 
ratio of 50: 50. This mixture is hereby referred to as MLSS. Four MLSS samples were 
collected in different seasons over one year, i.e., in September 2015, December 2015, March 
2016 and June 2016, and were used for the activated sludge biodegradation of MPs 
experiments in Chapter 4.  
3.3.2 Secondary effluent Collection 
Secondary effluent, which flows into the first lagoon downstream of the activated sludge 
process, was collected every two months over the period from October 2015 to October 2016 
and also in March 2017. The samples were filtered (0.7 µm glass fiber) to remove most 
particles and stored in the dark at 4 °C. The sample collected in October 2015 was used for 
the photodegradation mechanism study of the selected MPs. The samples collected from 
December 2015 to October 2016 were used for the photolysis seasonal variation study. The 
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sample collected in March 2017 was used for the study of the impact of depth on the 
photodegradation of MPs.  
3.3.3 Lagoon wastewater and sediment collection 
The wastewater and sediment samples were collected from Pond 5 which was the first lagoon 
downstream of the activated sludge process. A preliminary sampling conducted in October 
2016 indicated that the sampling locations in a lagoon (as in inlet point, middle point and 
outlet point) would not affect the water quality of the samples collected. Therefore all 
wastewater and sediment samples were collected in the middle of Pond 5. The collected 
wastewater samples were used for the investigation of water transformation of MPs study in 
Chapter 6 and sediment samples were used for the sediment transformation of MPs study in 
Chapter 6 and the sorption of MPs study in Chapter 7. 
During the water sampling, profiling of water parameters against water depth was performed 
using a 6820 V2-2 Multi-Parameter Water Quality Sonde (YSI Inc./ Xylem Inc., US) and the 
data was logged by a 650 MDS Multi-Parameter Display System (YSI Inc./ Xylem Inc., US). 
The values of temperature, dissolved oxygen, pH, and conductivity against water depth were 
obtained. The profiling data for the dissolved oxygen concentration in the pond against pond 
depth is shown in Figure 3-2. Based on this profiling data, wastewater and sediment samples 
were collected accordingly and detailed descriptions of the samples collected can be found in 
the relevant result chapters.  
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Figure 3-2 Profiling of the dissolved oxygen level (mg L
-1
) in Pond 5 with pond depth 
 
3.4 Analytical methods 
3.4.1 General characteristics of wastewater samples 
3.4.1.1 pH and conductivity  
The pH of wastewater was measured by a Mettler Toledo SevenEasy pH meter which was 
calibrated with standard pH buffer solutions. A Hach Sension 156 conductivity meter was 
used for conductivity measurements. 
3.4.1.2 Dissolved organic carbon (DOC) 
The dissolved organic carbon (DOC) concentration was measured using a Sievers 820 (GE, 
Boulder, Co.) total organic carbon (TOC) analyser which was equipped with a Sievers 900 
autosampler system. The data was then processed using DataPro 5310C TOC software. 
Samples were measured in triplicate and the results were averaged.  
3.4.1.3 UV/vis spectrophotometry 
UVA254 was measured using a UV/vis spectrophotometer (UV2, Unicam) with a quartz 
cuvette of 1 cm path length for all spectrophotometric analyses. Milli-Q water was used as 
the reference and samples were measured in triplicate and the results were averaged. 
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3.4.1.4 Specific ultraviolet absorbance (SUVA) 
Specific UV absorbance (SUVA) was used to indicate the presence of unsaturated organic 
compounds. SUVA can be determined by the ratio of the absorbance measured at 254 nm to 
DOC concentration using the following equation:         
      
   
             Equation 3-1 
3.4.1.5 Chemical oxygen demand (COD) 
COD measurements were performed using the low range reagents (0-150 mg/L) from Hach 
(Method 8000). Replicate samples of 2 mL were added to reagent vials and digested at 
150 °C for 120 minutes in a Merck COD digester. The absorbance was measured with a Hach 
DR/5000 spectrophotometer. Duplicate measurements were conducted for each sample and 
average values were reported. 
3.4.1.6 Nitrate  
Nitrate concentration was measured using a NitraVer reagent kit purchased from Hach, 
Australia. The absorbance was measured with a Hach DR/5000 spectrophotometer. Duplicate 
measurements were conducted for each sample and average values were reported. 
3.4.2 Fluorescent excitation emission matrix (EEM) spectroscopy 
EEM spectra were obtained using a fluorescence spectrophotometer (PerkinElmer, LS 55) 
and results were analysed using Perkin Elmer WinLab version 4.00.03 software. The 
excitation range was 250-550 nm and emission range was 220-450 nm, with increments of 5 
nm. Samples were filtered (0.45 μm) prior to analysis to remove interference by suspended 
matter. A single sample measurement was taken. 
3.4.3 Solid phase extraction 
For solid phase extraction (SPE), Oasis HLB cartridges (200 mg, 3 cc, hydrophilic lipophilic 
balance resin) were purchased from Waters Inc. (Australia); C-18 cartridges were purchased 
from Agilent Technology (Australia). 
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The SPE recovery study was performed by extracting the target compounds with different 
known concentration levels from Milli-Q water. To prepare the sample solutions, stock 
solutions of the target compounds were spiked into buffered Milli-Q water (5 mM phosphate 
buffer with pH = 9.0) to reach different desired concentrations ranging from 15 to 900 μg L-1. 
All analytes were then extracted by SPE except for pCBA, 2,4-D and triclosan which were 
pH adjusted (pH = 2 for pCBA (Puspita 2012), pH = 2.5 – 3 for 2,4-D (Aprea et al. 1997) and 
pH = 5 for triclosan (Rodil et al. 2009)) prior to the SPE to provide an acidified condition to 
achieve better retention of the samples during the loading step.  
SPE of compounds was performed by conditioning the cartridges using 6 mL HPLC grade 
methanol followed by 6 mL Milli-Q water. The samples to be analysed were then loaded onto 
the cartridges at a flow rate of 1 mL min
-1
. Milli-Q water (5 mL) was used to wash off any 
impurities and the cartridges were vacuum dried for 30 min and then the organic samples 
were eluted with appropriate organic solvents. The details regarding solvents used for each 
compound extraction and the recoveries are summarised in Table 3-1 below. 
Table 3-1 Solid phase extraction conditions and elution solvents for MPs (n = 3, average ± standard 
deviation) 
 
3.4.4 High Performance Liquid Chromatography (HPLC)   
The concentrations of the compounds were quantified using a Shimadzu LC-20A series 
HPLC equipped with a UV/visible detector. Sample (20 μL) was directly injected into the 
Compound Conditions Elution solvent Recovery (%) 
Simazine - Methanol 96 ± 3.1 
Diuron - 50:50 Acetonitrile: Methanol 97 ± 1.6 
2,4-D pH 2.5-3 Methanol 98 ± 0.5 
Caffeine - Acetonitrile 99 ± 0.5 
Sulfamethoxazole - Acetonitrile 97 ± 0.5 
Triclosan pH 5 50:50 Acetonitrile: Methanol 97 ± 0.8 
Carbamazepine - 10:90 Methanol: MEBT 97 ± 0.5 
pCBA pH 2 Acetonitrile 98 ±1.2 
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HPLC fitted with an Agilent Poroshell C18 reverse-phase chromatography column (100 * 2.7 
mm, particle size 1.8 µm). The stock solutions of compounds were spiked into buffered Milli-
Q water (pH 8.0 ± 0.1, adjusted using 0.05 M NaH2PO4/Na2HPO4 buffer) to prepare six 
different concentration levels to serve as standards ranging from 10 to 300 ug L
-1
. Details 
regarding the mobile phases which were run in isocratic mode and detection wavelengths 
employed for the HPLC analysis of each compound are summarised in Table 3-2. The HPLC 
standard curve correlations for the compounds analysed are summarised in Table 3-3. HPLC 
analysis was performed in the photolysis study in Chapter 5 and sorption study in Chapter 7.  
Table 3-2 Summary of the HPLC analysis conditions 
 
Table 3-3 Summary of the correlations for the standard curves 
Compound Peak area and compound concentration correlation R
2
 
2,4-D Y = 46.3x 0.99 
Caffeine Y = 57.3x 0.99 
Carbamazepine Y = 87.6x 0.99 
Diuron Y = 62.6x 0.99 
pCBA Y = 49.1x 0.99 
Simazine Y = 49.9x 0.99 
Sulfamethoxazole Y = 64.1x 0.99 
Triclosan Y = 18.7x 0.99 
 
3.4.5 SPE and LC/MS/MS 
To measure the concentration of MPs in a mixture at lower concentration levels which were 
below the limit of detection by HPLC, the analyses were performed by Queensland Forensic 
Compound Ratio of mobile phases Detection wavelength (nm) 
Simazine 50 : 50 acetonitrile: Milli-Q water 235 
Diuron 55 : 45 acetonitrile: Milli-Q water 254 
2,4-D 50 :50  acetonitrile: 0.02 % phosphoric acid 230 
Caffeine 55 : 45 acetonitrile: Milli-Q water 275 
Sulfamethoxazole 65 : 35 acetonitrile: Milli-Q water 270 
Triclosan 75 : 25 acetonitrile: Milli-Q water 280 
Carbamazepine 65 : 35 acetonitrile: Milli-Q water 286 
pCBA 50 : 50 acetonitrile: 0.02 % phosphoric acid 234 
  
 
52 
Scientific Services using Method 27701: Pharmaceuticals, personal care products, herbicides, 
and pesticides in water by solid phase extraction (SPE) / LC/MS/MS. Prior to the injection 
for LC/MS/MS analysis, each sample was extracted twice by automated SPE - once at the 
native pH of the sample, and a second time adjusted to pH 2. The limits of detection were 
0.02 µg L
-1
 for caffeine and 0.01 µg L
-1
 for the other MPs studied. The SPE- LC/MS/MS 
analysis was performed for the activated sludge biodegradation study in Chapter 4 and 
transformation/degradation study in Chapter 6. 
 
3.5 Activated sludge biodegradation experiments  
Biodegradation experiments were performed in the biological safety cabinet in the PC2 
laboratory. Batch experiments were conducted using 5 L vessels (loosely covered with 
aluminium foil) containing 4 L reaction mixture in total. A stock solution of mixed MPs (150 
mg L
-1
 of each) was prepared in acetonitrile and spiked into MLSS (section 3.2.1) to reach an 
initial concentration of approximately 1500 ng L
-1
 of each compound (which is an 
environmentally relevant concentration of MPs). The mixtures were stirred constantly using 
magnetic stirrers.  
The temperature was controlled at 25 °C and aeration applied to maintain the desired 
dissolved oxygen level of 2-4 mg L
-1 
during the experiments. To avoid the removal of the 
target compounds via photodegradation from the fluorescent lighting in the laboratory, all 
vessels were wrapped with aluminium foil. Sodium azide was added at the rate of 200 mg 
NaN3 kg
-1
TSS to separate vessels containing MLSS spiked with MPs during each batch of 
biodegradation experiments to minimise biodegradation and so serve as abiotic controls. Each 
batch of experimental runs was performed for 24 h, which was based on the hydraulic 
retention time (HRT) of the activated sludge process employed in the WWTP under study. 
Aqueous samples (100 mL) were collected from the reactor at 0, 4, 8, 12 and 24 h for 
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analysis. The samples were filtered (0.45 μm) and stored at 4 °C prior to delivery for analysis 
of MPs. The analysis of the concentration of MPs was performed by Queensland Forensic 
Scientific Services using the method described in section 3.4.5. The monitored water 
parameters included pH, DOC, COD, UVA254, nitrate level and EEM spectra. To study the 
impact of temperature on the biodegradation of MPs, a shaking water bath was used to 
maintain temperature levels of 12 and 18 °C. 
 
3.6 Photodegradation of MPs in secondary effluent  
Photolysis was conducted using natural sunlight and simulated sunlight. Sealed quartz test 
tubes (20 mL) containing buffered Milli-Q water or secondary effluent spiked with individual 
target compounds were exposed to irradiation. Samples were taken periodically as 
appropriate and concentration of the MP determined (section 3.4.4). Dark controls were 
conducted by wrapping the tubes with aluminium foil before subjecting them to irradiation. 
Experiments were conducted in triplicate, unless otherwise stated, and until the degradation 
of the compound by at least one half-life was achieved.  
3.6.1 Sunlight irradiation  
Sunlight irradiation experiments were performed every two months from October 2015 to 
October 2016 by the exposure of test systems on a building roof at RMIT University, 
Melbourne, Victoria (37.8° S, 145.0° E). The test tubes containing the reaction systems were 
arranged on a black, non-reflective tray inclined 30° to the horizontal and exposed to sunlight 
irradiation for five consecutive sunny/mostly sunny days (Figure 3-3). The daily average 
solar irradiation was obtained from the Bureau of Meteorology (2015-2016) for the days of 
exposure. Data was collected at the Melbourne Airport weather station which is located 45 
km from the treatment plant, and the temperatures of the exposed solutions were monitored. 
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Figure 3-3 Sunlight irradiation of MPs experimental setup  
 
The experiments performed during October 2015 were to investigate the photodegradation 
mechanism of individual MPs in both buffered Milli-Q water and secondary effluent. To 
evaluate the relative importance of direct and sensitised photolysis of the target compounds, 2% 
isopropanol (final concentration) was used to scavenge hydroxyl radicals (Jacobs et al. 2012, 
Ryan et al. 2011). p-Chlorobenzoic acid (p-CBA) was used as a hydroxyl radical probe to 
quantify steady state concentrations of hydroxyl radicals in the wastewater using the method 
described by Buxton et al. (1988).  
The experiments performed from December 2015 to October 2016 were to determine the 
impact of season on the photodegradation of individual MPs in both buffered Milli-Q water 
and secondary effluent. The experiments performed in March 2017 were to study the impact 
of lagoon depth on the solar photodegradation rates. 
3.6.2 Simulated sunlight irradiation 
Simulated sunlight irradiation was conducted using a solar simulator (Hanau Suntest) 
equipped with a xenon arc lamp to examine the effects of humic acid, nitrate and temperature 
on the photolysis of each target compound. Appropriate filters were added to screen out 
emissions below wavelength of 290 nm.  
Chemical actinometry using the p-nitroanisole/pyridine system (refer to section below for 
method) was performed to measure the photon flux of the light source (Dulin and Mill 1982). 
The photon flux in the UV range (290-400 nm) for the solar simulator was determined to be 
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265 μE m-2 s-1 which was close to the value of 245 μE m-2 s-1 obtained by Doll and Frimmel 
(2003) using a solar simulator equipped with a xenon short-arc lamp. A water bath was used 
to control the temperature of the reaction systems to 10, 25 and 40 °C to investigate the 
impact of temperature.  
Singlet oxygen (
1
O2) is formed when dissolved oxygen interacts with photochemically 
produced triplet states of chromophoric DOM (Zepp et al. 1977). To explore the role of 
1
O2, 
experiments were conducted using the sunlight simulator. Instrument grade N2 was bubbled 
through wastewater samples containing the target compounds for 20 min prior to exposure to 
irradiation to deoxygenate the solution (Ryan et al. 2011, Toze et al. 2012). 
3.6.3 Chemical actinometry for monitoring the light sources 
In this study actinometry experiments were performed for two purposes: 1. to compare the 
different light sources (simulated and natural sunlight), and 2. to calculate the photon flux of 
the simulated sunlight source – the xenon lamp.  
Actinometry experiments were conducted using the p-nitroanisole/pyridine (PNA/PYR) 
actinometer system which has a known, controllable quantum yield, according to the method 
developed by Dulin and Mill (1982). As noted in method, the quantum yield of PNA was 
calculated based on the concentration of PYR as: ΦPNA = 0.44 [PYR] + 0.00028 (Dulin and 
Mill 1982). Stock solution of PNA (0.01 M) was prepared by dissolving the PNA into HPLC 
grade acetonitrile. During the actinometry experiments, the PNA stock solution was further 
diluted in buffered Milli-Q water to reach a concentration of 0.79×10
-5
 M (for PNA) and 
appropriate volume of PYR was added into the solution to reach a concentration of 3.2 ×10
-3
 
M (for PYR). The quantum  yield of PNA was then calculated to be 0.0017. 
This actinometry system was exposed to the simulated sunlight and the degradation rate was 
obtained. To correlate the obtained reaction rates in the simulator with natural sunlight, the 
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equation below was used to estimate the natural sunlight photodegradation rate (k) for PNA 
(Jacobs et al. 2012): 
           ∑                                                                                                                                               Equation 3-2 
where φPNA is quantum yield, ε is the molar absorption coefficient, and L is natural sunlight 
irradiance for a specific wavelength obtained using a spectrometer (Ocean Optics, Model 
USB4000). A natural sunlight induced photodegradation rate constant of 0.29 h
-1
 was 
calculated over a wavelength range of 290–800 nm for the actinometer using Equation 3-2, 
which was approximately 5 times less than the PNA degradation rate constant measured in 
the solar simulator (1.52 h
-1
). Degradation rates of MPs obtained were then interpreted within 
this context.  
To calculate the photon flux of sunlight simulator, the same actinometry system was 
employed and the depletion rate of PNA was obtained. The photon flux in the UV range 
(290-400 nm) for the solar simulator was determined by applying Equation 3-3 (Canonica et 
al. 2008): 
  
             
     
               ∑     λ      λ 
λ=      
λ=      
                                Equation 3-3 
Where:   
             is the photon flux in the wavelength range of 290 – 400 nm, 
kp,PNA is the experimentally determined pseudo-first-order rate constant of PNA degradation, 
φPNA is the quantum yield of PNA, fp, λ is the spectral data for the lamp emission produced in 
the solar simulator, based on a spectroradiometric measurement (using Ocean Optics 
USB4000 Spectrometer), and        is the molar absorption coefficient of PNA at the 
wavelength λ, determined using a spectrophotometer. 
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3.6.4 Investigation of the impact of lagoon wastewater depth on the photodegradation of MPs 
Photodegradation rates of the MPs were determined at wastewater depths of 0, 5 and 10 cm, 
after confirming that little photolysis occurred at greater depth for triclosan which was the 
most photodegradable of the MPs investigated (as shown in the photolysis mechanism study 
in Chapter 5). MPs were spiked individually into buffered (pH = 8) Milli-Q water or 
wastewater placed in sealed quartz tubes and submerged in a 50 L tank filled with lagoon 
wastewater  (Figure 3-4).  
 
Figure 3-4 Photolysis setup - depth study 
 
3.7 Transformation/degradation of MPs in lagoon wastewater and sediment 
3.7.1 Water transformation 
Water transformation experiments were performed in 5 L beakers containing 4 L wastewater 
samples in total. A stock solution of mixed MPs (150 mg L
-1
 of each) was prepared in 
acetonitrile and spiked into the lagoon wastewater to reach an initial concentration of 
approximately 1500 ng L
-1
 of each compound (an environmentally relevant concentration of 
MPs). The solutions were stirred constantly during the experiments using magnetic stirrers. 
The experiments were performed at ambient temperature and the experiments were run for 48 
hours based on the HRT of Pond 5. To avoid the removal of the target compounds via 
photodegradation, all flasks were wrapped with aluminium foil. The dissolved oxygen level 
5 cm 
10 cm 
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of the mixture was maintained at 4.0 mg/L (based on the wastewater characterisation) using 
an aeration system. Samples (100 mL) were collected from the reactor (beaker) at 0, 12, 24, 
36 and 48 h for analysis.  The monitored water parameters included pH, DOC, COD, UVA254, 
nitrate level and EEM spectra. 
3.7.2 Sediment transformation 
Sediment transformation experiments were performed in 5 L beakers containing 4 L sediment 
samples in total. A stock solution of mixed MPs (150 mg L
-1
 of each) was prepared in 
acetonitrile and spiked into the sediment to reach an initial concentration of approximately 
1500 ng L
-1
 of each compound (an environmentally relevant concentration of MPs). The 
solutions were stirred constantly during the experiments using magnetic stirrers. The 
experiments were performed at ambient temperature and were run for 48 h based on the HRT 
of Pond 5. To avoid the removal of the target compounds via photodegradation, all flasks 
were wrapped with aluminium foil. The dissolved oxygen of the mixture was maintained at 
1.5 mg/L (based on the pond water profiling) using an aeration system. Samples (100 mL) 
were collected from the reactor (beaker) at 0, 12, 24, 36 and 48 h for analysis. The monitored 
water parameters included pH, DOC, COD, UVA254, nitrate level and EEM spectra. Sodium 
azide (200 mg NaN3/ kg TSS) was added a separate flask containing the MP-spiked sediment 
to minimise the process of biodegradation and so serve as abiotic control. Samples were 
taken from the control flask at 0 and 2 h to determine the loss of parent compounds due to 
sorption.  
 
3.8 Sorption of MPs to sediment 
3.8.1 Inactivation of the sediment  
Sediment samples collected from the lagoon system (Pond 5) were processed immediately 
after collection. Samples were settled and decanted in order to concentrate the solids. The 
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supernatant was then removed and the remaining solids mixture was centrifuged for 15 mins 
(g-force = 1200 xg) in 50 mL centrifuge bottles. The centrifuged supernatant was decanted 
and Milli-Q water was added. The bottles were shaken to mix the solution which was 
centrifuged again for 15 mins. This procedure was repeated two more times for a total of 
three Milli-Q water rinses. The supernatant was decanted and the remaining solids were 
retained in the tubes and frozen at -80 °C for at least 24 h. Frozen solids were subsequently 
treated by a lyophilisation-dry heat inactivation method described by Kerr et al. (2000). For 
this, the lids of the tubes of frozen samples were replaced with loose aluminium foil and the 
tube contents were lyophilised in a freeze drying equipment (ScanVac CoolSafe, Bio-
Strategy Pty. Ltd.) for 48 h. For inactivation, the solids were lightly ground and then placed 
in an oven at 103 °C overnight prior to being stored at 4 °C. Prior to being used in a sorption 
experiment, freeze dried solids were reheated at 103 °C overnight and then cooled before use. 
3.8.2 Determination of the organic carbon fraction in the sediment 
A loss-on-ignition method which involves the heated destruction of all organic matter in the 
soil or sediment was used for the determination of organic matter (Schumacher 2002). A 
known weight of dried sediment was placed in a ceramic crucible which was then heated to 
300 °C in an oven overnight. The heated sample was then cooled in a desiccator and weighed. 
Organic matter content was calculated as the difference between the initial and final sample 
weights divided by the initial sample weight times 100%. All weights were corrected for 
moisture/water content prior to calculation of organic matter content.  
3.8.3 Charge of the sediment samples 
The electrical charge on the sediment samples can be indicated by the measurement of the 
zeta potential of the samples. The zeta (ζ) potential of the sediment sample was determined 
using a Malvern Zetasizer Nano ZS (Malvern Instruments). The electric field was applied to 
the clear disposable folded capillary zeta cell (DTS1070) for the measurement. Three 
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measurements were carried out on each sample with the average values reported.  
3.8.4 Determination of sorption isotherms 
Oven dried sediments (section 3.8.1) were mixed with filtered wastewater samples collected 
from the water column-layer using a shaker table. Adsorption determinations were performed 
for freeze-dried solids concentrations ranging between 500 and 10000 mg L
-1
 (5 data points). 
MPs were spiked individually at 50 ug L
-1
 and 100 ug L
-1
, respectively. All reactors were 
capped and mixed on a shaker table. Experiments were maintained at temperature of 25 ± 
3 °C and ran for 2 h for all MPs except for triclosan (1 h). No triclosan was detected in the 
aqueous phase after 2 h for all contaminants. For each batch of sediment sample collected, 
multiple sorption experiments were performed to obtain enough data points for the 
determination of sorption coefficients. 
3.8.5 Control experiments 
Blank controls were performed by spiking target compounds into wastewater (without 
sediment addition) and shaking for 2 h and their concentrations at 0 and 2 h determined to 
observe if there was any reduction.  Time controls were performed by shaking the sediment 
containing wastewater (spiked with target compounds) for 4 h and measuring the 
concentrations of compounds at 2 and 4 h to observe if there was any reduction. Also, a 
control with added biocide (200 mg NaN3/ kg TSS) was performed in parallel to assess 
whether the freeze-dried sludge had been inactivated. 
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Chapter 4 Activated sludge biodegradation of micropollutants 
This chapter presents the results obtained for the biodegradation of the MPs in the activated 
sludge process. Four independent batch experiments with activated sludge (from the anoxic 
zone) and wastewater samples (anaerobic pot effluent) collected in different seasons from the 
WTP were conducted. Mixtures of target MPs were spiked into reactors containing MLSS 
samples at an initial concentration of approximately 1,500 ng L
-1
 of each compound. The 
mixtures were stirred constantly at 25 °C for 24 h in the dark. A dissolved oxygen level of 2-
4 mg L
-1
 was maintained for the mixture to mimic the conditions at WTP and an abiotic 
control was run. The analysis of the concentration of MPs was performed by Queensland 
Forensic Scientific Services. Other details regarding the experimental procedures were 
described in Chapter 3 (section 3.5).  
No photodegradation of the selected MPs was expected with the aluminium foil covered 
reactors. The abiotic control systems indicated that less than 3% removal of all MPs occurred 
during each of the different seasonal runs except for triclosan. The results were corrected for 
the effect of sorption to determine the degradation of the MPs solely via biological treatment. 
4.1 MLSS sample characterisations 
MLSS samples collected in different seasons over one year were used for the experiments. 
Due to periodic fluctuations in volume and content of the sewage feed and operational 
aspects of the WWTP, the general characteristics of the MLSS samples varied (Table 4-1).  
Table 4-1 Characteristics of MLSS samples collected 2015-2016 for determination of biodegradation 
rate constants of the MPs (n = 3, results represent average ± standard deviation) 
Sampli
ng Date 
pH Tempe
rature 
(˚C) 
UVA254 
(mg L
-1
) 
DOC 
(mg L
-1
) 
COD 
(mg L
-1
) 
SUVA 
(L mg
-1 
cm
-1
) 
Nitrate 
(mg L
-1
) 
TSS 
(mg L
-1
) 
09-15 7.8 ± 0.2 18.4 0.474 ± 0.002 29.6 ± 0.3 79 ± 2 1.78 ± 0.1 0.5 ± 0.2 4000 ± 15 
12-15 7.9 ± 0.1 24.8 0.508 ± 0.004 27.1 ± 0.2 76 ± 1 1.88 ± 0.1 0.3 ± 0.1 6000 ± 27 
03-16 7.9 ± 0.2 20.1 0.492 ± 0.006 28.4 ± 0.2 76 ± 1 1.93 ± 0.1 0.2 ± 0.3 4200 ± 18 
06-16 7.8 ± 0.2 13.2 0.495 ± 0.002 27.8 ± 0.4 77 ± 1 1.84 ± 0.1 0.4 ± 0.2 5100 ± 35 
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4.2 Seasonal biodegradation of MPs  
The time profiles of the biodegradation tests for the MPs are shown in Figure 4-1. Only 3 sets 
of results were obtained for triclosan due to its failure to be extracted during the sample 
analysis for the September batch. 
a. b.  
c. d.  
Figure 4-1 Time profiles of the aqueous concentration of the MPs in activated sludge biodegradation 
experiments: a. September 2015; b. December 2015; c. March 2016; d. June 2016 (n = 2) 
 
As shown in Figure 4-1, the concentration of caffeine, 2,4-D and triclosan decreased with 
time for all four batches of activated sludge, while the concentrations of simazine and diuron 
remained relatively stable with only slight decay of both compounds. The concentration of 
carbamazepine did not decrease (in red lines) for all four batches of activated sludge over the 
24 h which indicated that no biodegradation occurred for this anti-epileptic drug during 
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activated sludge treatment. In two of the four batches, the concentration of carbamazepine 
even increased slightly. Several researchers have reported the recalcitrant behaviour of 
carbamazepine towards biodegradation (Fernandez-Fontaina et al. 2013, Radjenović et al. 
2009, Wick et al. 2009) and have noted that for some wastewater treatment processes, the 
concentrations of carbamazepine in the effluent were even higher than those measured in the 
influents. This could be due to the conversion of carbamazepine glucuronides and other 
conjugated metabolites to the parent compound by enzymatic processes as the activated 
sludge was found to have glucuronidase activity (Collado et al. 2014, Kasprzyk-Hordern et al. 
2009, Vieno et al. 2007). Gao et al. (2012) confirmed this by noting that there was complete 
removal of carbamazepine-N-glucuronide in the effluents after the treatment. Other reasons 
included sampling uncertainty and desorption processes of previously adsorbed compounds 
in the activated sludge tank (Salgado et al. 2012). 
4.2.1 Activated sludge biodegradation rate constants obtained for MPs 
By considering the impact of sorption (as shown in the abiotic control), the removal of MPs 
can be described by fitting pseudo first order kinetics to the experimental data, as suggested 
by Joss et al. (2006): 
 
    (
  
  
)                                                                                                   Equation 4-1 
Where: C is the soluble compound concentration (ng
 
L
-1
); t is the experiment time; kbio is the 
biological degradation rate constant (L gTSS
-1
d
-1
) and SS is the total suspended solids 
concentration (gTSS
 
L
-1
). A kbio could not be calculated for carbamazepine since it was 
recalcitrant to biodegradation. The estimated degradation rate constants corrected based on 
TSS are summarised in Figure 4-2. A summary of the biodegradation rates obtained for the 
MPs studied in h
-1
 and the correspondingly calculated half-lives (using Equation 4-2) are 
shown in Table 4-2.  
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 ⁄
  
   
    
                                                                                                          Equation 4-2  
 
Table 4-2 Summary of the biodegradation rate constants (h
-1
) and calculated half-lives (h) of the MPs 
(n=2, results represent average ± variations) 
                Experiment batch 
 
Micropollutant 
September Batch December Batch 
kbio (h
-1
) Half-life (h) kbio (h
-1
) Half-life (h) 
Caffeine 0.063 ± 0.009 11.0 0.087 ± 0.013 8.0 
2,4-D 0.038 ± 0.006 18.0 0.055 ± 0.010 13.0 
Sulfamethoxazole 0.011 ± 0.001 61.0 0.028 ± 0.005 25.0 
Diuron 0.003 ± 0.001 204 0.007 ± 0.001 102 
Simazine 0.005 ± 0.001 144 0.009 ± 0.002 75.0 
Triclosan n.a. n.a. 0.078 ± 0.010 8.9 
   
                 Experiment batch  
 
Micropollutant 
March Batch June Batch 
kbio (h
-1
) Half-life (h) kbio (h
-1
) Half-life (h) 
Caffeine 0.047 ± 0.009 15.0 0.030 ± 0.004 23.0 
2,4-D 0.015 ± 0.002 47.0 0.047 ± 0.009 15.0 
Sulfamethoxazole 0.028 ± 0.005 25.0 0.009 ± 0.009 74.0 
Diuron 0.004 ± 0.002 165 0.009 ± 0.001 81.0 
Simazine 0.004 ± 0.001 182 0.005 ± 0.001 131 
Triclosan 0.053 ± 0.003 13.0 0.053 ± 0.003 13.0 
 
a. b.  
Figure 4-2 Biodegradation rate constants (L gTSS
-1 
d
-1
) of MPs for activated sludge collected from the 
WWTP at quarterly intervals – a) caffeine, 2,4-D and triclosan b) sulfamethoxazole, diuron and 
simazine (n=2, results represent average ± variation)  
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According to the kbio values of the other six MPs, they could be classified as very highly (kbio > 
5 L gTSS
-1 
d
-1
), highly (1 L gTSS
-1 
d
-1
 < kbio < 5 L gTSS
-1 
d
-1
), moderately (0.5 L gTSS
-1 
d
-1
 < kbio < 
1 L gTSS
-1 
d
-1
), and poorly (kbio < 0.5 L gTSS
-1 
d
-1
) biodegradable (Fernandez-Fontaina et al. 
2013, Suarez et al. 2010). In terms of the biodegradability of these compounds, similar trends 
were observed for all 4 sampling times over the study period. As shown in Figure 4-2, 
caffeine had the highest biodegradation rate constant (3.8 L gTSS
-1 
d
-1
 obtained in September), 
with soluble concentrations falling to below 20% after 24 h (Figure 4-1). High 
biodegradability was observed for triclosan with a rate constant ranging from 2.0 to 3.2 L 
gTSS
-1
d
-1
. High biodegradation rates were obtained for 2, 4-D (> 2 L gTSS
-1
d
-1
) for all activated 
sludge samples except for the batch in June (0.8 L gTSS
-1
d
-1
).  
The high biodegradability of caffeine has been reported by Dickenson et al. (2010) with 
higher biodegradation rate constants obtained (0.095 – 0.397 cf. 0.03 – 0.063 h-1 in this study). 
The high degradation rate of triclosan was expected as Samaras et al. (2013) reported up to 
85% and 81% removal of triclosan via biodegradation in two wastewater treatment plants 
which employed an activated sludge process (with SRT of 8 and 18 d, respectively). The 
lower rate constants obtained in this study could be due to the limited duration of the 
experiments (which was in accordance with the HRT of the process employed in the WWTP 
under study). A longer lag time might be necessary for the microbes of the activated sludge to 
acclimate to the experimental conditions and metabolize or co-metabolise MPs (Yamamoto et 
al. 2009).  
Low biodegradation rate constants were obtained for sulfamethoxazole, simazine and diuron 
(< 0.5 L gTSS
-1
d
-1
), indicating that these compounds were poorly biodegradable in the 
activated sludge process. The low biodegradability of sulfamethoxazole (rate constants < 0.18 
L gTSS
-1
d
-1
) was consistent with the results obtained by Fernandez-Fontaina et al. (2013) who 
reported a similar rate constant of 0.1 L gTSS
-1
d
-1 
during a batch experiment. Slow degradation 
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of diuron has been reported by Stasinakis et al. (2009) with a half-life of 277 hours, which is 
close to one of the values obtained in this study (204 hours). However, this was much shorter 
than the half-lives of diuron in soil or sediment, indicating the possibility for activated sludge 
process to remove more diuron than its biodegradation in soil phase. Although no data was 
found in the literature for the activated sludge biodegradation of simazine was found, it has 
been reported that another s-triazine compound atrazine, which has a similar structure and 
properties as simazine, experienced low removal via biodegradation during a MBR treatment 
(Tadkaew et al. 2011).  
4.2.2 Chemical structure – biodegradation rate constants correlation 
The different molecular structures of the MPs may be related to their different biodegradation 
rates. The complexity of the compounds and their different functional groups could both 
affect their biodegradability (Luo et al. 2014). Generally, monocyclic aromatic compounds 
have higher water solubility and so may be more bioavailable to microorganisms, which 
could explain their faster degradation (Nyholm et al. 2010), and this might be the case for 
2,4-D. An explanation for the relatively higher biodegradability of triclosan could be due to 
its phenol structure. The ready biodegradation of phenol via aerobic or anaerobic mechanisms 
has been well reported (van Schie and Young 2000), probably due to the fact that the 
hydroxyl group is also a strong electron donating functional group. This would be the case for 
caffeine, which contains amine which is a strong electron donating functional group. It could 
render the caffeine molecule more prone to electrophilic attack by aerobic bacteria and so 
lead to its faster biodegradation (Tadkaew et al. 2011).  
On the other hand, compounds possessing sulfa- or electron withdrawing functional groups 
are generally resistant to biodegradation (Luo et al. 2014), which could be the case for the 
other MPs. The persistence of carbamazepine can be attributed to its complex structure 
containing polycyclic aromatic species and an electron withdrawing functional group (amide 
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- CONH2). Halogens are also strong electron withdrawing functional groups. The electron 
withdrawing effect of the carbon bearing the chloride atom in simazine and diuron would 
create an electron deficiency in these compound molecules and make them less susceptible to 
oxidative catabolism, which could explain their low biodegradability (Tadkaew et al. 2011).   
Although analysis of the molecular structure of MPs can assist the explanation of their 
biodegradability, other factors such as pH, HRT and temperature can also play important 
roles. As noted by Suarez et al. (2010), structural similarity does not necessarily lead to 
similar biodegradability, and different experimental conditions can lead to various results. 
Estimation of biodegradability or biodegradation rate constants of MPs based on their 
chemical structure has been attempted using different software (e.g. Biodegradation 
Probability Program for Microsoft Windows (BIOWIN)). However, it has been reported that 
these computer estimators have certain limitations and the predicted results can be inaccurate 
(Dayan and Kromidas 2011, Thompson et al. 2011).  
4.2.3 Seasonal trends observed for the activated sludge biodegradation of MPs 
For caffeine, 2,4-D and triclosan, the lowest biodegradation rates were obtained in June, 
indicating relatively low microbial activity of the activated sludge during this time (Figure 4-
2). Fastest degradation of caffeine was observed in September and gradually decreased for 
the subsequent three samples. However, very similar (differed by less than 5%) degradation 
rates of 2,4-D were obtained in all instances except for June. The differences between the 
highest and lowest biodegradation rates obtained for caffeine and 2,4-D were 62% and 63%, 
respectively, implying that there would be much more of these two compounds expected in 
the effluents in June. A less conclusive seasonal trend was obtained for triclosan due to the 
missing result for September. Based on the other three batches of results, the biodegradation 
rate of triclosan may be less influenced by seasonal variation as the difference between the 
highest (December) and the lowest (June) was only 32% (3.1 cf. 2.0 L gTSS
-1
d
-1
). It should 
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also be noted that the biodegradation of triclosan was faster than caffeine in March and June, 
implying that the conditions were more suitable for it to be biodegraded during these seasons. 
For the other three compounds, the lowest biodegradation rates were obtained in June and 
highest obtained in December. A difference of 73% between the highest and lowest rate 
constants for sulfamethoxazole indicated a strong influence exerted by the different seasons. 
Similar but less influential seasonal trends were observed for simazine and diuron. The 
biodegradation rates obtained for them were close in all instances with slight differences of 
less than 0.003 L gTSS
-1
d
-1
. These results suggested that their removal via activated sludge 
process would be low throughout the year and so diuron and simazine would appear in the 
secondary effluent.  
Overall, less biodegradation was observed in MLSS samples collected in winter for most 
target MPs. This could be due to the change in microbial communities thus different species 
present in the MLSS samples due to the temperature for the different seasons (ranged from 
12 °C in winter to 25 °C in summer for the WWTP). The varied wastewater characteristics 
over a year could also contribute to the differences of microbial flora between seasons. 
Another possibility was that longer lag time was required for the microbial flora in the MLSS 
sample in winter to acclimate at a higher temperature (under the experimental condition, 
25 °C), contributing to the lower biodegradation rate constants obtained for the MPs.  
4.3 Key water parameters 
During the biodegradation experiments, key water parameters including pH, DOC, COD, UV 
absorbance at 254 nm and nitrate, were monitored for time points 0, 4, 8, 12, and 24 h. The 
measurements during the four batches of experiments were summarised as average values in 
Table 4-3. The impact of biodegradation on the organic matter in the mixed liquor was 
investigated using the fluorescence regional integration (FRI) technique (Chen et al. 2003). 
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The DOC of each sample was adjusted to 5 mg L
-1
 to avoid the inherent quenching effect. 
The fluorescence excitation emission spectra of mixed liquor samples before and after the 24-
h biodegradation tests for September are shown in Figure 4-3 below as well. 
Table 4-3 Average measurements of the key water parameters of mixed liquor samples during four 
batches of biodegradation experiments (n=4, results represent average ± standard deviation) 
 
As shown in Table 4-3, the monitored key water parameters indicated stable pH of all four 
batches of experiments during the biodegradation process as it did not vary much (ranging 
from 7.9 to 8.1). The pH values can influence the speciation of a compound and so affect its 
hydrophobicity, leading to different removal efficiencies via biological treatment (Tadkaew 
et al. 2010). This is especially the case for ionisable compounds (such as sulfamethoxazole 
and triclosan). The non-ionisable compounds such as carbamazepine are less influenced by 
the pH of the aqueous environment. The stable pH level during biodegradation tests has 
provided a relatively steady state for further analysis of the influences and impacts other 
factors may exert on this process. Average reductions of DOC (by 24%), COD (by 20%) and 
UV absorbance at 254 nm (by 13%) were observed during the biodegradation of MPs (Table 
4-3). This could be due to the removal of MPs (which are organics), as well as the 
consumption of the effluent organic matter (EfOM) by the microbes during the 
biodegradation. These reductions were also compared with the decreases of the 
concentrations of the MPs during the biodegradation process to confirm the consistency of 
the results. Table 4-3 showed a significant increase in nitrate during the biodegradation of 
MPs (from 0.4 to 18.7 mg L
-1
). This indicated a potentially high amount of ammonia oxidised 
             Parameter 
Time (h) 
pH DOC 
(mg L
-1
) 
COD 
(mgL
-1
) 
UVA254 
(cm
-1
) 
Nitrate 
(mg L
-1
) 
0 7.9 ± 0.2 29.1 ± 0.1 77  ± 4 0.481  ± 0.02 0.4  ± 0.14 
4 7.9 ± 0.2 25.5 ± 0.2 71  ± 2 0.458  ± 0.01 1.1  ± 0.43 
8 8.1 ± 0.2 24.1 ± 0.2 68  ± 1 0.442  ± 0.02 5.9  ± 1.51 
12 8.1 ± 0.1 23.2 ± 0.1 63  ± 5 0.432  ± 0.01 11.3 ± 1.42 
24 7.9 ± 0.1 22.5 ± 0.2 62  ± 3 0.416  ± 0.01 18.7  ± 2.25 
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to nitrate during biodegradation. Typically, the ammonia concentrations in municipal 
wastewater are higher than in natural water bodies ranging from 12 to 50 mg L
-1 
(Metcalf et 
al. 2003), which is consistent with this finding. This also implied the presence of the 
ammonia oxidising bacteria and nitrite oxidising bacteria in the MLSS (Batt et al. 2006, Ruiz 
et al. 2003).  
 
Figure 4-3 Excitation Emission Matrix spectra of (a) mixed liquor spiked with MPs before 
biodegradation test (DOC = 5 mg L
-1
) (b) mixed liquor spiked with MPs after biodegradation test 
(DOC = 5 mg L
-1
) obtained during the biodegradation experiments in September 2015 
 
EEM spectra indicate the types of organics in wastewater which can be categorised into five 
regions (marked on Figure 4-3) (Chen et al. 2003). Regions I (Ex/Em: 220-270 nm/280-330 
nm) and II (Ex/Em: 220-270 nm/330-380 nm) represent aromatic proteins (AP), region III 
(Ex/Em: 220-270 nm/380-570 nm) corresponds to fulvic acid-like substance (FA-like), 
region IV (Ex/Em: 270-440 nm/280-380 nm) is associated with soluble microbial products 
(SMPs) such as polysaccharides and protein-like material and region V (Ex/Em: 270-440 
nm/380-570 nm) relates to humic acid-like substances (HA-like). The FRI method (Chen et al. 
2003) was used to quantify the changes in the fluorescent organic species before and after the 
biodegradation of MPs in terms of EEM spectral (EEMs) volumes in each region (Figure 4-4). 
It was shown that EEMs volumes of the sample collected after biodegradation decreased in 
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all five regions. Greater reductions in EEMs volumes in the AP and FA-like regions (60% 
and 42%, respectively) were obtained while lower reductions were observed for the EEMs 
volumes in SMPs (35%) and HA-like (18%) regions.  
 
Figure 4-4 EEM spectral volumes for the MLSS samples before and after biodegradation (September 
2015 batch) 
 
4.4 Activated sludge biodegradation at different temperatures  
To investigate the effect of temperature on the biodegradation of the MPs, activated sludge 
biodegradation tests were performed using the MLSS samples collected in March. 
Temperatures of 12, 18 and 25 °C were used during the experiments. These temperatures 
were based on the temperature fluctuations in the activated sludge process employed in the 
WWTP under study over the different seasons which range from 12 to 24 °C. The time 
profiles of the biodegradation tests for MPs for the different temperatures are shown in Figure 
4-5. 
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a.  
b.  c.  
Figure 4-5 Time profiles of the aqueous concentration of the MPs in activated sludge biodegradation 
experiments conducted at various temperatures – a) 25 °C; b) 18 °C; c) 12 °C (n=2) 
 
It was shown that lower temperatures led to the persistence of MPs during the biodegradation 
tests (Figure 4-5). At 25 °C, only carbamazepine was not removed by biodegradation. 
However, at 18 °C, both simazine and carbamazepine exhibited resistance to the biological 
treatment. At 12 °C, no removal was observed for diuron, simazine and carbamazepine. 
There were lower reductions in the concentrations of the other MPs with decreasing 
temperature. 
4.4.1 Biodegradation rate constants obtained at different temperatures 
The removal of MPs was described by fitting the experimental data to the pseudo first order 
kinetics (as in Equation 4-1). The estimated degradation rates (kbio) are summarised in Figure 
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4-6. The kbio values could not be calculated for carbamazepine which was resistant to 
biodegradation, nor for diuron nor simazine at lower temperatures.  
a.  b.   
Figure 4-6 Effects of temperature on the biodegradation rates of MPs – a) caffeine, 2,4-D and 
triclosan b) sulfamethoxazole, diuron and simazine (n=2, results represent average ± variation) 
 
Lower reductions in degradation rates were observed for three of the seven MPs from 25 and 
18 °C (5% for caffeine, 8% for 2,4-D, 21% for diuron and 35% for triclosan), except for 
simazine (unable to compare) and sulfamethoxazole (reduced by 67%) (Figure 4-6). Further 
reductions of 27%, 33% and 58% were obtained for caffeine, 2,4-D and triclosan when the 
temperature was decreased from 18 to 12 °C, while only 9% further reduction was observed 
for sulfamethoxazole. These results indicated that temperature played an important role in the 
biological removal of the MPs studied. 
These results were expected as several researchers have reported the great influence of 
temperature on the biodegradation processes. The removal efficiency of a range of MPs via 
biodegradation was significantly affected by temperature during conventional activated 
sludge process (Vieno et al. 2005) and other treatments such as wastewater lagoons (Li et al. 
2013) and MBRs (Hai et al. 2011). In general, a higher temperature is beneficial to increasing 
the biological removal of MPs (highest removal rate in summer and lowest in winter) 
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(Verlicchi et al. 2012). However, it has been reported that higher temperatures of 37 – 42 °C 
suppressed the biodegradability of 2,4-D and that the optimum operating temperature was 
30 °C (Samir et al. 2015). In another study, a temperature of 20 °C was reported to be 
favoured for the biodegradation of pharmaceuticals in both CAS and MBR systems (Clara et 
al. 2004). This can be explained by the fact that different microbial consortia would be 
involved in different biological treatments and the favoured temperature for the treatment 
would be optimum for the microbial consortia present in the mixed liquor samples in each 
specific WWTP.  
4.4.2 Activation energy of biological reaction of MPs  
Although a number of studies were conducted to investigate the influence of temperature on 
the biodegradation of a number of MPs, only a few researchers have reported the activation 
energy values obtained during their investigations. Determination of Ea is valuable and useful 
for a further understanding of the biodegradation of MPs at different temperatures. A study 
was conducted to incorporate the adjusted biodegradation rates using the Ea values obtained 
by developing Arrhenius plots of selected MPs into an existing fugacity model to improve the 
accuracy of model predictions (Thompson et al. 2011). Other purposes for using the 
activation energy values obtained in biodegradation studies include comparison of the values 
obtained between studies, and simulation of the biodegradation process upon the change of 
temperature using the reported Ea values. 
Arrhenius plots were used to first estimate the pre-exponential component (A) and the 
activation energy (Ea, KJ mol
-1
) by linear regression. Using the experimentally obtained 
biodegradation rate constants, the linear Arrhenius plots of caffeine, 2,4-D, sulfamethoxazole 
and triclosan are shown in Figure 4-7 (R
2
 = 0.81, 0.82, 0.94 and 0.86, respectively). Diuron 
and simazine were not plotted since valid measurements were obtained at only two or one 
temperatures, respectively.  
  
 
75 
 
Figure 4-7 Arrhenius plot showing temperature effect on pseudo-first-order biodegradation rate 
constants 
 
Ea values of 14.8, 20.1, 39.4 and 48.2 KJ mol
-1
 were obtained for caffeine, 2,4-D, triclosan 
and sulfamethoxazole, respectively. The different activation energies required for 
biodegradation could be the reason for the different temperature dependencies observed for 
the different compounds. It has been suggested that a lower activation energy value could 
indicate that the reaction was less influenced by temperature (Jin et al. 2017, Thompson et al. 
2011). 
4.5 Summary of Chapter 4 
The activated sludge biodegradation of the seven representative MPs (caffeine, 
carbamazepine, diuron, simazine, sulfamethoxazole, triclosan and 2,4-D) in the MLSS 
collected from an activated sludge-lagoon wastewater treatment process was studied in the 
laboratory scale. The biodegradation rates of these MPs were determined every three months 
from September 2015 to June 2016. No removal of carbamazepine was observed confirming 
that the well-reported persistence of this compound during biological treatment also occurs in 
this specific treatment plant. As it was demonstrated that sorption was not an effective 
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mechanism to remove carbamazepine in the activated sludge, the removal of this compound 
in this WWTP may be attributed to other abiotic processes such as photodegradation. Still, a 
high concentration of carbamazepine could be expected in the effluent. Among the other six 
compounds, caffeine, 2,4-D and triclosan exhibited relatively high biodegradability, and 
sulfamethoxazole, diuron and simazine were slightly biodegraded. The lowest 
biodegradability of these six compounds was observed in June, suggesting lower removal 
efficiencies of these compounds via the activated sludge process in winter. The highest 
biodegradation rate of caffeine was obtained in September while sulfamethoxazole, diuron 
and simazine exhibited their highest rates in December. The biodegradation of 2,4-D 
exhibited less seasonal variation and less influence of seasonal change was also observed for 
simazine and diuron.  
The impact of temperature was studied for the biodegradation of the MPs over the 
environmentally relevant range of 12 – 25 ˚C. It was shown that temperature should be 
considered as an important influencing factor in the study of the persistence of MPs, 
especially in this specific treatment plant. The estimated activation energy values will be 
useful in modelling/simulation applications to serve as calibrations for those compounds for 
which seasonal degradation rates are not available. The data obtained in this chapter will be 
used for the adjustment of an existing fugacity model developed for the activated sludge 
process in the WWTP under study, in an attempt to improve the accuracy of the model 
predictions. The biodegradation rates obtained will be used as replacements for the input 
parameters for the existing model which were based on computer estimations (estimated 
using the software – BIOWIN).  
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Chapter 5 Photodegradation of micropollutants in lagoon wastewater 
In Chapter 4, the biodegradation of the MPs was studied for the activated sludge process and 
the influence of temperature was investigated. In this chapter, the photolysis of the MPs was 
studied using natural sunlight and simulated sunlight in both ultra-pure water and secondary 
effluent which flows into Pond 5. Initially, the photolysis mechanism of the studied MPs was 
investigated and the effect of temperature as well as two wastewater components (humic acid 
and nitrate) was explored. Then the natural sunlight-induced photodegradation of seven MPs 
was studied every two months over a year to understand the photolysis of these compounds 
upon seasonal variation. In addition, the influence of wastewater depth on the 
photodegradation of the MPs was studied.  The materials in sections 5.2-5.3 were published 
in Chemosphere as a research paper entitled ‘Direct and indirect photolysis of seven MPs in 
secondary effluent from a wastewater lagoon’ (Chemosphere, 185, 297-308). 
In all studies, pseudo-first order rate constants, kp, were obtained for the target compounds by 
the linear regression of logarithmic concentration values determined as a function of 
irradiation time (Figures A-1 and 2 in Appendix A are examples). The results reported here 
were all corrected for dark controls.  
5.1 Secondary effluent characterisations and environmental conditions  
5.1.1 Wastewater sample for the photolysis mechanism study 
The characteristics of secondary effluent collected for the photolysis mechanism studies of 
MPs are summarised in Table 5-1.  
Table 5-1 Secondary effluent characteristics (n=3, results are average ± standard deviation)  
pH 7.85 ± 0.21 
DOC (mg L-1) 11.55 ± 2.05 
COD (mg L-1) 33.00 ± 5.65 
Nitrate (mg L-1) 26.25 ± 0.64 
UVA254 (cm
-1) 0.36 ± 0.02 
SUVA (m
−1
mg
−1
) 3.10 ± 0.28 
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As the SUVA (UV absorbance at 254 nm/DOC) value of 3.10 ± 0.28 L m
−1
mg
−1
, close to 3 L 
m
−1
mg
−1
, the EfOM had substantial humic component content which was confirmed by 
excitation emission matrix spectroscopy shown in Figure 5-1.  
 
Figure 5-1 Excitation Emission Matrix spectrum of the secondary effluent (DOC = 4 mg L
-1
) 
 
5.1.2 Wastewater samples for the seasonal photolysis study 
The wastewater characteristics and the monitored weather conditions during the exposure 
experiments are shown in Table 5-2.  
Table 5-2 Characteristics of secondary effluent samples collected 2015-2016 for determining impact 
of seasonal irradiance and collected in March 2017 for impact of depth  
                       Date 
Parameter 
Dec-15 Feb-16 Apr-16 Jun-16 Aug-16 Oct-16 Mar-17 
pH 7.7 7.9 7.6 8.1 7.7 7.8 7.7 
DOC (mg L
-1
) 10.5 12.2 12.5 12.8 10.3 14.2 10.5 
Nitrate (mg L
-1
) 17.7 37.5 33.6 24.8 10.2 9.4 17.3 
UVA254 (cm
-1
) 0.259 0.233 0.264 0.197 0.274 0.274 0.291 
SUVA (L mg
-1
 m
-1
) 2.47 1.91 2.11 1.54 2.66 1.93 2.78 
Sunlight intensity (KWm
-2
) 7.56 7.06 2.78 1.94 2.26 4.89 4.21 
Temperature (°C) 28  26  17 12  13  18  22  
 
5.2 Direct and wastewater mediated photolysis of MPs 
5.2.1 Direct photolysis of MPs 
The MPs were individually exposed to natural sunlight in buffered Milli-Q water (pH = 8.0 ± 
0.2) to assess direct photolysis. The rate constants were determined by monitoring the 
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concentration of the parent compound as a function of irradiation time for a period of at least 
one half-life (Table 5-3). As < 5% removal of each compound occurred after irradiation for 
the dark controls, the degradation of the MPs was attributed to photolysis.  
Table 5-3 Photodegradation rate constants for direct photolysis of the MPs (measured and reported) 
(n=3, results are average ± standard deviation) 
Target MPs Photodegradation rate 
constant in buffered 
Milli-Q water (h
-1
) 
Photodegradation 
rate constant in 
literature (h
-1
) 
Half-life (h) 
Caffeine 0.003 ± 0.0014 0.004 ± 0.0004
a 
231 
Carbamazepine 0.009 ± 0.0007 0.0082
b
 
0.0092
c
 
81.5 
Diuron 0.001 ± 0.0003 Not available 693 
Simazine 0.001 ± 0.0020 Not available 554 
2,4-D 0.001 ± 0.0001 Not available 770 
Sulfamethoxazole 0.119 ± 0.1050 0.047
d 
0.4
e
 
5.82 
Triclosan 0.376 ± 0.0900 2.56
f
 1.84 
a
Jacobs et al. (2012)  
b
Yamamoto et al. (2009) 
c
Dong et al. (2015) 
d
Boreen et al. (2004)  
e
Ryan et al. (2011) 
f
Tixier et al. (2002) 
 
The concentrations of caffeine, carbamazepine, diuron, simazine and 2,4-D remained 
relatively constant during natural sunlight exposure, indicating their resistance to direct 
sunlight photodegradation. This can be attributed to these compounds not having a functional 
group which absorbs radiation at >290 nm (as shown in Table 5-4, i.e., Table 2-4 reproduced 
here for easy reference) (Masschelein and Rice 2002). As the maximum absorbance for 
caffeine, carbamazepine, diuron, simazine and 2,4-D ranged between 230 and 290 nm (Figure 
5-2), whereas the natural sunlight spectrum ranges from 290 to 800 nm, direct photolysis is 
not considered as their primary removal mechanism (Zepp and Cline 1977). The least 
degradation occurred for 2,4-D with a half-life of 770 h. The persistence of caffeine was 
consistent with the data of Jacobs et al. (2012) who reported a slightly higher rate constant of 
0.004 h
-1
. The difference could be due to the different light sources employed (natural 
sunlight in this study vs. xenon lamp). Yamamoto et al. (2009) and Dong et al. (2015) 
  
 
80 
obtained similar rate constants for carbamazepine during sunlight irradiation, also reporting 
that direct photolysis of carbamazepine was minimal.  
Table 5-4 Molecular structures of the target MPs 
Name 2,4-D Caffeine Carbamazepine Diuron 
Structure 
   
 
Name Simazine Sulfamethoxazole Triclosan 
Structure 
   
 
 
Figure 5-2  UV spectra for each MP (5 mg L
-1
) (wavelength range: 200 - 350 nm) 
 
Rapid degradation was observed for sulfamethoxazole and triclosan, where the concentration 
of triclosan decreased to less than 3% of the initial concentration after 4 h irradiation. Thus 
direct photolysis was the primary photodegradation pathway for these two compounds, and 
similar results were obtained by Tixier et al. (2002), Boreen et al. (2004) and Ryan et al. 
(2011). The results were related to their functional groups, phenylamine in sulfamethoxazole 
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(Boreen et al. 2004) and phenoxy in triclosan (Tixier et al. 2002), which can absorb solar 
radiation. Triclosan also contains a phenol (acid) functional group with a pKa value of 8.1 
(Sanchez-Prado et al. 2006, Tixier et al. 2002), which is close to the pH of the water matrix, 
thus some triclosan would be in the anionic form which is more reactive and photodegradable 
(Martínez-Zapata et al. 2013). Under the experimental conditions, sulfamethoxazole was in 
anionic form. According to Boreen et al. (2004) the neutral, rather than the anionic form, is 
the most photodegradable state, which explains its lower photodegradation rate than for 
triclosan. 
5.2.2 Photolysis of MPs in wastewater  
The photodegradation rate constants of the MPs were significantly higher in secondary 
effluent than in Milli-Q water except for sulfamethoxazole and triclosan (Table 5-5). The 
degradation rate of sulfamethoxazole increased by 50% whereas that for triclosan decreased 
by 62%. This indicated that indirect photolysis played an important role in the removal of 
five of the seven compounds. Elevated photodegradation of MPs in wastewater has been 
reported by other researchers (Dong et al. 2015, Pena et al. 2011, Ryan et al. 2011), and 
nitrate and humic acid in wastewater have been identified as photosensitisers leading to the 
generation of reactive species (Dong et al. 2015, Ryan et al. 2011). DOC concentration, the 
type of functional groups and their aromaticity have been considered to influence the 
photodegradation of target compounds (Konstantinou et al. 2001). The lower increase in 
photodegradation rate of sulfamethoxazole in secondary effluent compared with the other 
five compounds suggested that direct photolysis is its primary degradation pathway (as in 
section 5.2.1). The decreased rate for triclosan may be due to one or more wastewater 
components hindering its photodegradation by light screening or 
●
OH quenching (further 
investigated in section 5.2.3). 
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Table 5-5 Photodegradation rate constants (h
-1
) of the MPs in secondary effluent with and without 
isopropanol (n=3, results are ± standard deviation) 
Target MPs Secondary Effluent 
(h
-1
) 
Half-life (h) Secondary Effluent +  
Isopropanol (h
-1
) 
Caffeine 0.011 ± 0.0103 63.0 0.003 ± 0.0001 
Carbamazepine 0.022 ± 0.0144 31.5 0.014 ± 0.0001 
Diuron 0.010 ± 0.0067 69.3 0.001 ± 0.0003 
Simazine 0.009 ± 0.0026 77.0 0.001 ± 0.0006 
2,4-D 0.012 ± 0.0141 57.8 0.005 ± 0.0005 
Sulfamethoxazole 0.181 ± 0.1627 3.8 0.122 ± 0.0004 
 
The addition of isopropanol markedly reduced the photodegradation of caffeine, diuron and 
simazine, and to a lesser extent, of carbamazepine, 2,4-D and sulfamethoxazole in the 
secondary effluent, indicating that hydroxyl radicals played a role in the sensitised photolysis 
of these MPs (Table 5-5). A slight increase for triclosan indicated that hydroxyl radicals were 
not responsible for its photodegradation. The reduction of the rates for caffeine, diuron and 
simazine on addition of isopropanol to levels close to their direct photodegradation rates in 
buffered Milli-Q water suggests that that 
●
OH played a role in the enhanced loss of the parent 
compounds in the wastewater matrix. The results for carbamazepine, 2,4-D and 
sulfamethoxazole suggest that other reactive species such as 
3
EfOM and 
1
O2 may also play a 
role in the indirect photolysis of these compounds, although 
●
OH may have played some role 
for sulfamethoxazole. The lower rate for simazine in the presence of isopropanol than in 
buffered Milli-Q water could be due to the light screening or quenching effect of humic acid 
in the wastewater which more than counteracted its photosensitisation effect.   
Overall, both direct and indirect photolysis were involved in the degradation of the parent 
compounds in the wastewater matrix with 
●
OH playing a major role in the indirect 
photodegradation of caffeine, carbamazepine, diuron, simazine and 2,4-D. However, it 
appeared some components in secondary effluent could have either an inhibiting or 
enhancing effect on the photodegradation of the MPs.  
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5.2.3 Contribution of hydroxyl radical (•OH) in indirect photolysis 
Sulfamethoxazole and triclosan were degraded primarily via direct photolysis (section 5.2.1) 
whereas the other five compounds were degraded primarily via indirect photolysis. As it was 
shown that 
●
OH played an important role in the indirect photolysis of the other five 
compounds,  the contribution of hydroxyl radicals to the overall removal of these compounds 
was quantified using pCBA, which degrades exclusively by reaction with 
●
OH with a 
reported second order reaction rate constant of 5×10
9
 M
-1 
s
-1 
(Buxton et al. 1988). A blank 
control showed no photodegradation of pCBA in Milli-Q water over 5-h irradiation.  
The steady state concentration of 
●
OH produced in the wastewater was determined by spiking 
it with pCBA (1 mg L
-1
) and exposing it to natural sunlight. A first order rate constant of 
1.75×10
−6
 s
-1
 for pCBA was obtained. Using the method of Ryan et al. (2011),  the steady 
state 
●
OH concentration was calculated to be 3.5×10
−16
 M by dividing this first order constant 
by the known second order rate constant for reaction with 
●
OH. This value was 1.75 times of 
the 
●
OH concentration obtained for lake waters by Minero et al. (2007) (2×10
−16
 M), but 4.2 
times lower than the value of 1.5×10
−15
 M obtained by Ryan et al. (2011) for a secondary 
effluent. The concentration of 
●
OH produced during sunlight exposure of a water matrix 
depends on its constituents and nitrate was identified as a source of 
●
OH, while DOM 
(estimated as dissolved organic carbon concentration here) was considered to be both a 
source and a sink of 
●
OH (Vione et al. 2006).  
To assess the relative importance of nitrate and DOM, Vione et al. (2006) determined the 
production rates of 
●
OH from nitrate (1.7×10
-7
 s
-1 
[Nitrate]) and DOM (5.7×10
-12
 (mg C)
-1 
s
-1 
) 
and concluded that nitrate would prevail as 
●
OH source if the nitrate/DOC ratio was higher 
than  2.0 mg nitrate (mg C)
-1
. This may be so for the secondary effluent used in this study 
(nitrate/DOC = 1.7 – 2.1 mg nitrate (mg C)-1), where nitrate may act as the major source of 
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●
OH. Dong and Rosario-Ortiz (2012) used wastewater samples and reported quantum yields 
of 6.06 – 9.78×10-5 for the formation of ●OH from EfOM sensitisation and 0.01 ± 0.001 for 
nitrate photolysis.  This suggests that when wastewater has a relatively high level of nitrate, it 
could play a more important role in radical generation than EfOM. Moreover, Chiron et al. 
(2006) reported accelerated photodegradation of carbamazepine in the presence of nitrate in 
Milli-Q water, whereas its decay in artificial river water (with same amount of nitrate) was 
slower due to scavenging of 
●
OH by the DOM present. This suggested that EfOM in the 
wastewater samples in this study more likely acted as a sink of 
●
OH. The higher DOC 
concentration in the secondary effluent studied here (11.55 cf. 7.5 mg L
-1
) likely had a higher 
humic content which could explain the lower 
●
OH concentration produced compared with the 
findings of Ryan and co-workers (2011).  
The measured and calculated first order rate constants of the reactions of the MPs with 
●OH 
are summarised in Table 5-6. 
Table 5-6 Summary of the rate constants for MP reactions with 
●
OH in secondary effluent under 
natural sunlight (n = 3, results are average ± standard deviation) 
Target MPs Reaction rate constants with ●OH Contribution 
of ●OH Reported second 
order rate 
constant (M
-1 
s
-1
) 
Calculated first 
order 
rate constant (h
-1
) 
Measured first 
order 
rate constant (h
-1
) 
Caffeine 6.40 × 10
9 a,b
 0.008 0.011 ± 0.002 70 ± 4% 
Carbamazepine 8.80 × 10
9 c
 0.011 0.022 ± 0.001 47 ± 4% 
Diuron 4.60 × 10
9 d
 0.007 0.010 ± 0.001 64 ± 2% 
Simazine 2.80 × 10
9 e
 0.004 0.010 ± 0.001 36 ± 3% 
2, 4-D 3.24 × 10
9 f,g
 0.006 0.018 ± 0.001 32 ± 2% 
a
Kesavan and Powers (1985) 
b
Shi et al. (1991) 
c
Huber et al. (2003) 
d
Laat et al. (1996) 
e
Haag and Yao 
(1992) 
f
Armbrust (2000) 
g
Benitez et al. (2004)
 
 
The overall rate constant for the degradation of carbamazepine in the sunlit wastewater was 
0.022 h-1. Huber et al. (2003) reported a second order reaction rate constant of 8.8×109 M-1 s-1 
for the reaction of carbamazepine with ●OH. Taking into account the calculated steady state 
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concentration of ●OH, a first order rate constant of 0.011 h-1 was determined. Therefore, ●OH 
accounted for 47% of the overall degradation of carbamazepine in the secondary effluent. 
Similarly, by using the calculated steady state concentration of ●OH produced in the effluent 
as well as reported second order rate constants for the reactions of the MPs with ●OH (Wols 
and Hofman-Caris 2012), pseudo-first order rate constants for the decay of diuron, caffeine, 
simazine and 2,4-D by ●OH were determined (Table 5-6). The removal by ●OH of caffeine, 
carbamazepine and diuron ranged from 47% to 70% confirming the major role of ●OH in 
their indirect photolysis in wastewater. However, ●OH accounted for less than 40% 
contribution to the removal of simazine and 2,4-D (36% and 32%, respectively). Dong et al. 
(2015) reported a high contribution (63%-91%) by ●OH to the overall photolytic removal of 
meprobamate in wastewater. However, they reported a lower contribution by ●OH 
(approximately 15%) for carbamazepine. This could be due to the different DOC levels, as 
the DOC level of the wastewater in the current study was twice that used by Dong et al. 
(2015), and the SUVA was 3.1 compared with 1.3 in theirs. The higher DOC and SUVA level 
indicated a higher humic substance content in the present sample, which could generate more 
●OH, leading to greater degradation of carbamazepine. As direct photolysis played a minor 
role in the overall photodegradation of the five MPs, other mechanisms such as reactions with 
reactive species such as 3EfOM (Guerard et al. 2009) and 1O2 (Zhou and Moore 1997)  may  
also be involved. 
On the other hand, although the iron content of wastewater may contribute to the formation of 
hydroxyl radical under solar radiation via the Photo-Fenton process, this was not considered 
here due to the low Fe content (30-70 ppb) of the wastewater since at least 1 mg L
-1
 initial 
concentration of iron was applied in previous studies (Ruppert et al. 1993; Jacobs et al. 2012; 
Martínez-Zapata et al. 2013). Furthermore, the pH of the present wastewater (pH = 8) was not 
favourable for the Fenton-like process due to the low solubility of Fe (III) and the low 
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quantum efficiency of the reduction of Fe (III) under these conditions (Tercero Espinoza et al. 
2007). 
5.2.4 Role of 
1
O2 in indirect photolysis 
To further investigate the indirect photolysis pathway of caffeine, carbamazepine, simazine, 
diuron and 2,4-D, the role of 
1
O2 was evaluated. Photodegradation of these five compounds in 
secondary effluent (with and without deoxygenation) was investigated using a sunlight 
simulator.  
Deoxygenation of the wastewater samples led to lower degradation rates for all five 
compounds (Table 5-7) which indicated that 
1
O2 could be involved in the indirect photolysis 
of these MPs. However, it should be noted that the deoxygenation process would also 
decrease the formation of the superoxide radical (O2
-●), which is a relatively stable 
intermediate produced by the reduction of oxygen (Turrens 2003). Although it is not as 
reactive as 1O2, its dismutation could lead to the production of H2O2 which may be eventually 
reduced to ●OH (Turrens 2003). Therefore, the decreased photodegradation rates of the MPs 
could also be due to the decreased formation of O2
-●, leading to less production of ●OH. The 
degradation rate of simazine was reduced by more than 50%, suggesting that 1O2 could play 
an important role in its overall removal. This is reasonable considering that hydroxyl radical 
accounted for less than 40% of its photolytic breakdown. The photolysis of carbamazepine 
was also markedly inhibited in the absence of oxygen. This was expected as Dong et al. 
(2015) suggested that carbamazepine could react faster with 1O2 due to the 1,3-diene moiety 
in its molecular structure. Deoxygenation did not greatly influence the photodegradation of 
caffeine, probably because ●OH accounted for a high proportion of its breakdown.  
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Table 5-7 Photodegradation rate constants (h
-1
) of the MPs in secondary effluent with and without 
deoxygenation (n = 3, results are average ± standard deviation) 
Target MPs In secondary Effluent (h
-1
) In secondary Effluent, no O2 (h
-1
) 
Caffeine 0.118 ± 0.017 0.092 ± 0.012 
Carbamazepine 0.232 ± 0.021 0.151 ± 0.022 
Simazine 0.301 ± 0.013 0.138 ± 0.017 
Diuron 0.189 ± 0.010 0.157 ± 0.015 
2,4 - D 0.178 ± 0.026 0.135 ± 0.024 
 
The steady state concentration of 
1
O2 was not measured in this study and in the absence of 
that information, the extent of degradation of the target compounds due to this reactive 
species could not be calculated (Dong et al. 2015). Furthermore, as the EfOM in the 
secondary effluent could act as a sink for 
1
O2 (Cory et al. 2008) and due to the complexity 
generated by the loss of O2
-●
, the results should be interpreted as qualitative trends. Further 
investigation could be conducted using another singlet oxygen quencher such as D2O to 
quantify the steady state concentration of 
1
O2 in specific wastewater lagoons to identify the 
relative importance of 
1
O2 to the photolysis of MPs studied. 
5.3 Factors influencing the photolysis of MPs 
The results obtained using natural sunlight led to the investigation of the impact of the factors 
affecting the photodegradation of the MPs. A solar simulator was employed to provide 
consistent experimental conditions with fewer variables. Since humic acid and nitrate were 
two major components in the secondary effluent, their influence on the photodegradation of 
the MPs was investigated. Using chemical actinometry the degradation rate constant for PNA 
under solar exposure was determined to be approximately 5 times less than that for the solar 
simulator. The degradation rates of the MPs were then interpreted within this context.  
5.3.1 Effect of wastewater components 
The photolysis of the MPs was carried out in the presence of humic acid or nitrate at various 
concentrations. MPs were spiked into the appropriate solutions individually and exposed to 
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the irradiation produced by a sunlight simulator. The pH of each solution was adjusted to 8.0 
± 0.1 using phosphate buffer.  
Since the excitation emission matrix spectrum of the collected wastewater indicated a 
significant concentration of humic acid-like substances (Figure 5-1). Two types of humic acid 
were used: Sigma Aldrich humic acid (SAHA) and Suwannee River humic acid (SRHA). The 
EEM spectra for SAHA and SRHA are shown in Figure 5-3. 
a. b.  
Figure 5-3  Excitation Emission Matrix spectra of (a) Sigma Aldrich humic acid (DOC = 4 mg L
-1
); 
(b) Suwannee River humic acid (DOC = 4 mg L
-1
) 
 
Based on work by Pramanik et al. (2014), the humic substance content of the secondary 
effluent from the same WWTP was 2.5 – 4 DOC mg L-1. Simulated solar irradiation of the 
seven MPs with different concentrations of humic acid (DOC of 0, 2 and 4 mg L
-1
) was 
performed and isopropanol was used as a hydroxyl radical quencher. The degradation rate 
constants of the MPs in the presence of the two different types of humic acid are shown in 
Figure 5-4. 
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a.  
b.  
c.  d.   
Figure 5-4 Effect of humic acid (SAHA and SRHA, respectively) on the photodegradation of MPs in 
buffered Milli-Q water: a) and b) caffeine, carbamazepine, diuron, simazine and 2,4-D, and  c) and d) 
sulfamethoxazole and triclosan (n = 2 for SAHA, error bars represent average ± variation; n=3 for 
SAHA, error bars represent standard deviation) 
 
Similar trends were observed for the impact of both humic acid types on the photolysis of all 
seven MPs. Overall, slightly stronger effects (both enhancing and inhibiting) were exerted by 
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SRHA. The presence of humic acid promoted the photolysis of caffeine, diuron and 
sulfamethoxazole and the degradation rate increased with increased concentration of humic 
acid. This was attributed to the generation of 
●
OH from humic acid upon irradiation and was 
confirmed by the marked decrease in their degradation rates after addition of IPA to the 
humic acid-containing solutions. These results are consistent with those reported by 
Andreozzi et al. (2003) and Jacobs et al. (2012), who found that humic acid and fulvic acid 
acted as photosensitisers and promoted the photodegradation of sulfamethoxazole and 
caffeine, respectively. 
On the other hand, the presence of humic acid was inhibitory for carbamazepine, simazine, 
triclosan and 2,4-D. Andreozzi et al. (2003) and Lam and Mabury (2005) also reported that 
humic acid exerted different effects on the photolysis of a range of MPs. The presence of 
humic acid may hinder the photodegradation of target compounds by either absorbing the 
available light (Andreozzi et al. 2003) or scavenging the free radicals produced (Ma and 
Graham 1999). As the absorbance of the humic acid at 290 nm increased with increasing 
concentration, it would have absorbed the radiation and attenuated the available photons, 
making fewer available to the target compounds. This was especially so for triclosan, as its 
degradation was dominated by direct photolysis. Tixier et al. (2002) and Martínez-Zapata et 
al. (2013) reported similar findings and suggested that the addition of humic acid could 
inhibit the photodegradation of triclosan by light screening. The light screening effect of 
humic acid could also contribute to the inhibited photodegradation of the other three 
compounds. Another explanation could be the reformation of the parent compounds. 
According to Canonica and Laubscher (2008), the inhibitory effect of humic acid could be 
due to the mechanism below:  
Step 1:        ●                 ●   
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Step 2:  ●           ●  
The apparent inhibition was caused by re-forming the parent compound (from the radical 
cation form of the organic compound, MP
•+
) and producing an oxidised humic acid radical 
HA
•+
. Inhibition occurred for 2,4-D and simazine, and apparently so for carbamazepine. 
Canonica and Laubscher (2008) have reported the inhibitory effect of Suwannee River fulvic 
acid (SRFA) on the oxidation of carbamazepine and another s-trazine compound, atrazine. 
No inhibitory effect by SRFA on the photodegradation of diuron was observed, similar to the 
present result.  
As shown previously, the degradation of triclosan was inhibited in wastewater, which can be 
attributed to the inhibiting effect of humic acid, whereas the promotion of the 
photodegradation of caffeine, sulfamethoxazole and diuron in the wastewater was attributed 
to the humic acid acting as a photosensitiser. As the photodegradation of carbamazepine, 
simazine and 2,4-D was enhanced rather than inhibited in secondary effluent,  its promotion 
must have been due to the presence of other photosensitisers such as nitrate rather than humic 
acid.  
Evaluation of the effect of nitrate on the photodegradation of the MPs was performed at two 
nitrate concentrations typical for the WWTP under study (10 mg L
−1
 and 20 mg L
−1
), with 
and without quenching with IPA. The presence of nitrate enhanced the photolysis of all seven 
MPs to varying degrees, and IPA quenching demonstrated that 
●
OH played a major role 
(Figure 5-5). Nitrate in an aqueous environment can absorb radiation in the UV range (λ < 
350 nm) with a maximum at 302 nm and react as in Equation 5-1 to produce hydroxyl 
radicals (Mack and Bolton 1999, Warneck and Wurzinger 1988):  
   
       
  
  
     
     
   
→     
                                            Equation 5-1  
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a.  
b.  
Figure 5-5 Effect of nitrate on the photodegradation of MPs in buffered Milli-Q water – a) caffeine, 
carbamazepine, diuron, simazine, 2,4-D and b) sulfamethoxazole and triclosan (n=2, error bars 
represent average ± variation) 
 
The 
●
OH promoted the photodegradation of all MPs as shown by the results of quenching 
with IPA. The inner filter effect was negligible due to the very low molar absorption 
coefficient of nitrate (ε = 7.2 M-1 cm-1 at 302 nm) in the UV-visible region (Zepp et al. 1987). 
From Equation 5-1, the concentration of 
●
OH formed should be proportional to that of nitrate, 
and if its reaction with the MP is equimolar, the degradation rate of the compound should 
also be proportional to the concentration of nitrate. This was observed for caffeine and 
carbamazepine (Chowdhury et al. 2011, Shankar et al. 2007). For simazine, diuron and 2,4-D, 
increased degradation was observed at the nitrate concentration of 10 mg L
-1
, but there was 
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proportionally less increase at 20 mg L
-1
 compared with caffeine and carbamazepine. The 
enhancement of photolysis of triclosan and sulfamethoxazole by nitrate was less than for the 
other five compounds, this could be due to triclosan and sulfamethoxazole being degraded 
primarily via direct photolysis. Lam and Mabury (2005) and Trovó et al. (2009) also reported 
that nitrate had a minor impact on the overall removal of sulfamethoxazole, especially 
compared with that of humic acid. This may be due to the relatively low molar absorption 
coefficient of nitrate (Zepp et al. 1987). Hence the effect of addition of nitrate on the 
photodegradation rate depended on the individual compound, and was less for the more 
photodegradable compounds, as noted by Koumaki et al. (2015). As explained by Andreozzi 
et al. (2003), the nitrate-induced photochemical reaction rate is dependent on the available 
irradiating energy in the solution which can be significantly decreased when the substrate 
itself strongly absorbs in the same UV range as nitrate ions.  
A similar effect of nitrate was reported for the photolysis of carbamazepine, caffeine and 
diuron by Andreozzi et al. (2003), Jacobs et al. (2012) and Shankar et al. (2007), respectively. 
These results confirmed that the nitrate in the wastewater effluent was acting as a 
photosensitiser during solar irradiation and promoted the photodegradation of the MPs. This 
further suggested that the effect of different components in the wastewater matrix could 
interact with each other and a net effect would be generated. Discussion regarding the 
assessment of the relative role of nitrate and DOM as 
●
OH sources was presented in section 
5.2.3.    
5.3.2 Effect of temperature  
To investigate the effect of temperature on the photodegradation of the seven MPs, the 
compounds were spiked into buffered Milli-Q water (pH 8.0 ± 0.2) and irradiated at 10, 25 
and 40 °C. Less than 3% loss of the parent compounds was observed for the dark controls at 
10 and 25 ˚C indicating insignificant hydrolysis of the MPs, whereas 8% loss of the parent 
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compounds was observed for those at 40 °C and the results were corrected accordingly.  The 
photodegradation of all the MPs increased with temperature (Figure 5-6), although the 
increase was slight between 10 ˚C and 25 ˚C, ranging from 10% (triclosan) to 15% (simazine). 
Greater increase was observed for 2,4-D, caffeine and sulfamethoxazole at 40 ˚C compared 
with 25 ˚C, and greater removals of 26% for caffeine and 37% for 2,4-D were observed at 40 
˚C compared with 10 ˚C.  
a.  
b.  
Figure 5-6 Effects of temperature on the photodegradation of MPs in buffered Milli-Q water 
a) caffeine, carbamazepine, diuron, simazine, 2,4-D and b) sulfamethoxazole and triclosan (n=2, error 
bars represent average ± variation) 
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To date, the influence of temperature on the photodegradation of MPs has rarely been 
investigated. Emnet et al. (2013) found that temperatures ranging from 7 ˚C to 27 ˚C did not 
affect the photodegradation rates of triclosan in either Milli-Q water or seawater. On the other 
hand, they found that the photodegradation rates of 4-tert-octylphenol increased with 
temperature in both these matrices. Neamţu and Frimmel (2006) observed increased 
photodegradation rate with increased temperature (from 10 ˚C to 25 ˚C) for nonylphenol 
under solar irradiation. However, proportional increases in the degradation rates with 
temperature increase were not observed nor mentioned in these studies, nor was the 
relationship between promotion of photodegradation with increased temperature explained. 
The activation energy (Ea) of photodegradation of the MPs was calculated from the 
experimental data using the Arrhenius equation. Ea values ranging from 1.91 KJ mol
-1
 
(triclosan) to 11.24 KJ mol
-1
 (2,4-D) were obtained (Table 5-8). For most compounds (except 
2,4-D and carbamazepine), activation energy values less than 10 KJ mol
-1 
were obtained, 
which is expected for direct photochemical reaction.  
Table 5-8 Activation energies calculated from the experimental data for the direct photolysis of MPs 
MP Arrhenius plot slope (Ea/R) Activation energy Ea (KJ mol
-1
) 
Caffeine 1100.2 9.2 
Carbamazepine 1214.4 10.1 
Simazine 563.0 4.7 
Diuron 852.1 7.1 
2,4-D 1352.7 11.3 
Triclosan 230.1 1.9 
Sulfamethoxazole 963.2 8.0 
 
The different activation energies required for direct photolysis could be the reason for the 
different temperature dependencies observed for the different compounds. Recently, Jin et al. 
(2017) reported an Ea of 15.5 KJ mol
-1
 for the antibiotic oxytetracycline and stated that this 
indicated acceleration of direct photolysis of the parent compound with increasing 
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temperature. However, only a limited number of studies have reported activation energy 
values for direct photodegradation of MPs. Determination of these values in future studies 
would enable comparison and simulation purposes.  
It should be noted that for the WWTP under study the water temperature in the lagoons 
ranges from 12 ˚C in winter to 24 ˚C in summer, with 40 ˚C an unlikely condition. Although 
the influence of temperature change from 10 to 25 ˚C was insignificant for direct photolysis 
of most MPs studied, small temperature variations may affect the photolytic removal of MPs 
in the wastewater matrix differently. According to McKay and Rosario-Ortiz (2015), the 
concentration of 
●
OH produced by DOM present in surface water via indirect photochemical 
reaction could be temperature dependent. Similarly, the EfOM in the wastewater matrix can 
induce production of 
●
OH, which can be influenced by temperature variations in the lagoon. 
It is suggested that the temperature dependence of the formation of 
●
OH from EfOM in 
wastewater lagoons be investigated in future work. 
5.4 Seasonal photodegradation of MPs  
For the following experiments, as the dark controls indicated that < 3% removal of each MP 
occurred over the irradiation period, the decay of the target compounds could be attributed 
solely to photolysis. For the seasonal study, the results obtained in October are considered as 
those for spring, those in December and February for summer, those in April for autumn and 
those in June and August for winter.  
5.4.1 Seasonal degradation in Milli-Q water 
As shown in Figure 5-7b, markedly faster degradation was obtained for triclosan (ranging 
from 0.221 to 0.696 h
-1
) and sulfamethoxazole (ranging from 0.085 to 0.212 h
-1
) than for the 
other compounds (by at least 1 magnitude) at all 6 sampling times over the study period. As 
demonstrated in section 5.2.1, the rapid decay of these two compounds was due to triclosan 
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and sulfamethoxazole being degraded primarily via direct photolysis due to the functional 
groups in their molecular structures which can absorb solar radiation. Clear and similar 
seasonal trends were observed for both MPs with the highest rates in summer (either 
December 2015 or February 2016) and the lowest rates in winter (either June or August 2016). 
The results for the other months indicated that the rates of decay for these compounds were in 
accordance with the average sunlight intensities (Table 5-2) reported over the period. The 
differences in photolytic removal efficiencies between summer (average of December 2015 
and February 2016) and winter (average of June and August 2016) for triclosan and 
sulfamethoxazole were 64% and 52%, respectively. The results were as expected and 
comparable to those reported for studies of the photolysis of triclosan and sulfamethoxazole 
in ultrapure water upon natural sunlight exposure. Tixier et al. (2002) observed a similar 
trend for triclosan, reporting slower photodegradation rates with decreasing sunlight intensity 
during seasonal change, and concluded that direct photolysis was the major removal pathway 
of triclosan from a Swiss lake during summer. Boreen et al. (2004) observed a correlation 
between a higher direct photolysis rate constant and increased absorption of sunlight by 
sulfamethoxazole in May and June at Minneapolis, USA (45° latitude). 
Slower photodegradation rates were obtained for the other five compounds compared with 
triclosan and sulfamethoxazole during natural sunlight exposure mainly because they lack 
functional groups which absorb radiation in the natural sunlight spectrum (Masschelein and 
Rice 2002, Zepp and Cline 1977), though they degraded at different rates (Figure 5-7a). 
Caffeine degraded faster than the others for all experiments except for that conducted in 
August 2016 when 2,4-D had a slightly higher degradation rate than caffeine (0.0022 cf. 
0.002 h
-1
). Carbamazepine exhibited the slowest decay rates in all instances except for 
December 2015 when diuron degraded slightly slower than carbamazepine (0.0019 cf. 0.0021 
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h
-1
). The resistance of carbamazepine upon sunlight exposure has been reported by 
Yamamoto et al. (2009) and Dong et al. (2015).  
a.  
b.  
Figure 5-7 Photodegradation rate constants of MPs in buffered Milli-Q water obtained over one year – 
a) caffeine, carbamazepine, diuron, simazine, 2,4-D and b) sulfamethoxazole and triclosan (n=3, error 
bars represent standard deviation) 
 
The photodegradation rate of diuron seemed to be less influenced by seasonal variation. The 
difference between the highest (in February) and lowest (June and August) rate constants of 
diuron was 57% (0.0022 cf. 0.0014 h
-1
). Whereas for simazine and carbamazepine, the 
highest rates were twice the lowest (0.0025 cf. 0.0012 h
-1
 and 0.0021 cf. 0.0009 h
-1
), and for 
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caffeine and 2,4-D the highest rates were approximately three times of the lowest (0.0055 cf. 
0.0017 h
-1
 and 0.0038 cf. 0.0013 h
-1
, respectively).  
Although much lower degradation rates were obtained compared to triclosan and 
sulfamethoxazole, similar seasonal trends of highest rates in summer, lowest rates in winter 
were observed for the other five MPs (Figure 5-7a), indicating that solar irradiation intensity 
is the major influence with regard to the degradation rate constants of their parent compounds 
during direct photolysis (Table 5-2). Other UV-induced studies also confirmed this statement. 
Kundu et al. (2005) has obtained a correlation between the light intensity of the UV lamp and 
the degradation efficiency of 2,4-D in a previous study, suggesting higher lamp intensity 
would lead to increased removal of 2,4-D. Yamamoto et al. (2009) obtained similar natural 
sunlight induced photodegradation rates for most of the studied MPs during two different 
months with similar solar energy (August 2006 and May 2007 in Japan).  
The water temperature might play a role. As shown in Table 5-2, the highest and lowest 
operating temperatures were 28 °C (December) and 12 °C (June), in accordance with the 
intensity of sunlight irradiation. However, earlier experiments on the influence of temperature 
on the photodegradation of these MPs indicated that the impact on the degradation rates was 
not significant (highest difference of only 15% was obtained for one compound) (section 
5.3.2). This was also confirmed by Dong et al. (2015), suggesting the influence of 
temperature in outdoor photolysis was insignificant. Although Li et al. (2013) suggested that 
the different ambient temperatures in different seasons could impact the removal efficiency of 
MPs in open lagoon treatment systems, it was more likely to happen during the 
biodegradation rather than the photodegradation of the target compounds.  
To further understand the relationship between natural sunlight intensity and the 
photodegradation rate constants of the MPs, correlations between the recorded irradiance and 
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the degradation rates were developed for the target compounds (Figure 5-8). A linear 
relationship was observed for triclosan and sulfamethoxazole with the correlation coefficients 
of 0.92 and 0.80, which was expected considering direct photolysis was their primary 
degradation pathway. Among the other five compounds, the degradation of caffeine exhibited 
a moderate correlation with the sunlight intensity during experiments with a correlation 
coefficient of 0.62. However, poor correlations were observed for the other four compounds 
(R
2
 ranged from -3.1 to 0.36). Overall, sunlight intensity exerted a major influence on the 
degradation rates of all seven compounds in Milli-Q water and a linear relationship between 
the sunlight irradiance and photodegradation rates was observed for triclosan and 
sulfamethoxazole which degrade primarily via direct photolysis. 
a.  
b.  
Figure 5-8 Correlations between the recorded irradiance and the photodegradation rates obtained in 
Milli-Q water for a) caffeine, carbamazepine, simazine, diuron and 2,4-D and b) triclosan and 
sulfamethoxazole 
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5.4.2 Seasonal degradation in wastewater 
The photolysis of triclosan and sulfamethoxazole in secondary effluent was also significantly 
higher than for the other five compounds (Figure 5-9b). The wastewater matrix promoted the 
photolysis of sulfamethoxazole whereas it inhibited the degradation of triclosan. Although 
similar overall seasonal trends were observed for these two compounds as in Milli-Q water, 
different monthly trends were present. For triclosan, the fastest photolysis occurred in 
February instead of December, and the slowest photolysis occurred in August instead of June. 
This was attributed to the inhibiting effect of the humic substances in the wastewater. The 
high SUVA values of the wastewater (Table 5-2) indicated a high level of humic substances 
in the samples collected in December and August. Humic substances have been shown to 
screen light and so absorb the available energy thus hindering the photolysis of triclosan 
(Martínez-Zapata et al. 2013, Tixier et al. 2002). The degradation rate in December was even 
lower than that in October which was attributed to the light screening effect of humic 
substances in the wastewater.  
Triclosan degraded much faster than sulfamethoxazole in all of the experiments conducted in 
Milli-Q water. However, sulfamethoxazole had higher rates than triclosan in December, April 
and August in the wastewater. This was attributed to the humic substances acting as a 
photosensitiser and promoting the degradation of sulfamethoxazole, as observed by 
Andreozzi et al. (2003). Overall, the decay rates of triclosan and sulfamethoxazole 
corresponded to the sunlight intensity, except for the two months when the wastewater had a 
high content of humic substances. This indicated that natural sunlight irradiance was still the 
primary factor influencing the photodegradation rates for triclosan and sulfamethoxazole. 
Similar seasonal trends have been observed by Hoque et al. (2014) in a sewage lagoon 
serving a small municipality in Ontario, Canada, where there was an overall removal of 97.2% 
  
 
102 
for triclosan in summer but only 42.5% in winter. Less significant seasonal variation was 
observed for sulfamethoxazole, with the difference in overall removal efficiencies between 
summer and winter ranging from 10% to 30% which was lower than that obtained in this 
study. However, the seasonal observations reported by these researchers were for the overall 
removal efficiencies, rather than the photolytic removal of the target compounds, which 
cannot be compared directly with the results obtained in this study. Apart from the location, 
no information on the sunlight intensity or sunlight duration was recorded for their studies.  
a.  
b.  
Figure 5-9 Photodegradation rate constants of MPs in secondary effluent obtained over a year – a) 
sulfamethoxazole and triclosan and b) caffeine, carbamazepine, diuron, simazine, 2,4-D (n=3, error 
bars represent standard deviation) 
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Caffeine, carbamazepine, simazine, diuron and 2,4-D degraded much faster in secondary 
effluent than in Milli-Q water (Figure 5-9a). However, in terms of seasonal variation, as the 
photolysis of these compounds was dominated by indirect photolysis mediated by the 
wastewater components (section 5.2.2), the wastewater matrix affected these five compounds 
in a more complex manner. Two major wastewater components, humic substances and nitrate, 
can influence the photolysis of these five compounds, and in different ways.  
The highest degradation rate of carbamazepine was obtained in February and the lowest in 
August. The high nitrate level in wastewater collected in December (37.5 mg L
-1
) would have 
promoted the degradation of carbamazepine due to the production of 
●
OH, as observed by 
Andreozzi et al. (2003) while the significant humic substance content of the wastewater 
collected in August (SUVA of 2.66) probably inhibited the removal of carbamazepine by 
light screening or reforming the parent compound - a mechanism proposed by Canonica and 
Laubscher (2008) and observed by in section 5.3.1. Although the nitrate level in the 
wastewater collected in April was high (33.6 mg L
-1
), the degradation rate of carbamazepine 
was not promoted. This was because the nitrate-induced photochemical reaction rate is 
dependent on the available irradiating energy (Andreozzi et al. 2003). As the sunlight 
intensity in April was low (2.78 KWm
-2
), there was less available solar energy for the nitrate 
promotion process. A further reason could be the humic content in the April sample was 
acting as an inner filter or triggering the reformation of the parent compound of 
carbamazepine, hence inhibiting its decay (section 5.3.1). Similar seasonal trends were 
observed for simazine and 2,4-D, probably due to their reacting similarly to carbamazepine in 
the presence of humic substances and nitrate (section 5.3.1). However, for these two 
compounds, the degradation rates obtained in June were higher than those in April. A 
possible reason for this was the light filtering effect of humic substances in the water sample 
collected in April (SUVA of 2.11) which is different from the effect of humic substances on 
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carbamazepine. This led to less available solar irradiance impacting the MPs in April, and 
probably even less than in June, considering the environmental data showed low light 
intensity for these two months (2.78 cf. 1.96 KWm
-2
). 
On the other hand, the highest degradation rates for caffeine and diuron were obtained in 
December (summer) while the lowest were obtained in June (winter). High degradation rates 
were also observed in February for these two compounds. It is noteworthy that caffeine and 
diuron degraded faster in August than in April (and June), which contradicts the behaviour of 
carbamazepine, simazine and 2,4-D. A possible explanation for this is that humic substances 
in the wastewater matrix promoted, instead of inhibiting, the photolysis of caffeine and 
diuron. This suggests that the high humic content in the wastewater samples collected in 
December and August is advantageous for the degradation of these compounds. Furthermore, 
although a higher nitrate level (February and April) enhanced the photodegradation of diuron 
and caffeine, it has been reported that due to the relatively low molar absorption coefficient 
of nitrate, it had a minor impact on the removal of these compounds, especially compared 
with that of humic acid (Zepp et al. 1987).  
Overall, the photodegradation of caffeine, carbamazepine, simazine, diuron and 2,4-D in 
wastewater was dominated by the characteristics of the effluent as indirect photolysis was the 
primary removal pathway. However, the influence of the wastewater components was also 
impacted by the available irradiation energy – the natural sunlight intensity. Therefore, 
temporal variations dominated by sunlight intensity in the different seasons were observed for 
these compounds in the secondary effluent. The natural sunlight induced photolysis of the 
MPs in wastewater matrix can be complicated. Dong et al. (2015) reported higher 
photodegradation rates under the exposure to a higher sunlight intensity for the MPs they 
studied in only one of two wastewater samples. This suggested that neither the sunlight 
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conditions nor the wastewater composition would dominate the seasonal variation in terms of 
the photolysis of these MPs in a wastewater matrix. However, based on the data presented 
here, generally it is reasonable to predict that the different sunlight intensity and duration in 
different seasons would have more impact on the photolysis than the other removal 
mechanisms of the MPs such as biodegradation and adsorption.  
5.4.3 Influence of water depth  
It has been shown that photolysis can be useful for the removal of the MPs from a wastewater 
lagoon. However, even in regions and/or seasons with high solar irradiation levels, the depth 
of the lagoon will determine the efficiency of photodegradation. To investigate the influence 
of wastewater depth on their photolytic removal, the MPs studied were spiked individually 
into either buffered Milli-Q water or secondary effluent placed at depths of 5 and 10 cm in a 
tank containing wastewater from the lagoon and exposed to sunlight. Simultaneously, regular 
sunlight exposure photolysis experiments were conducted in parallel to serve as a zero depth 
control.  
The light transmission in the water at 5 and 10 cm depth was 38% and 7%, respectively, 
calculated by Equation 5-2 (Toze et al. 2012) based on absorbance (254 nm) readings. 
                                                                                                           Equation 5-2  
Where A is the UV absorbance at 254 nm and T is the light transmission. Toze et al. (2012) 
reported similar reductions of 50% and 10% light transmission at 3 and 10 cm in a natural 
water body in Queensland, Australia. The lower values obtained here were due to the stronger 
light filtering effect of wastewater than surface water (Shon et al. 2006). Figure 5-10 
summarises the pseudo first order degradation rate constants of the seven MPs in both pure 
water and secondary effluent obtained at the different water depths.  
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a.  
b.  
Figure 5-10 Photodegradation rate constants of MPs obtained in Milli-Q water and secondary effluent 
at different water depth – a) caffeine, carbamazepine, diuron, simazine, 2,4-D and b) 
sulfamethoxazole and triclosan (n=1) 
 
The degradation rate constants decreased with increasing water depth for all seven MPs in 
Milli-Q water (Figure 5-10), as expected. The photodegradation rates of triclosan and 
sulfamethoxazole decreased by 83% and 64%, respectively, at 10 cm depth compared with 
the normal photolysis condition, which was equivalent to 0 cm, further indicating that 
sunlight intensity plays a critical role in their photolysis. There was only a small difference in 
the degradation rate constants obtained at 0 and 5 cm for sulfamethoxazole and triclosan, but 
there was markedly greater decrease at 10 cm. This was particularly so for triclosan, as its 
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degradation rates dropped by 77% between 5 and 10 cm. This could be explained by the UV 
spectra of the target MPs and the secondary effluent (Figure 5-11). It was shown that the 
wastewater absorbance (ranging 290 – 320 nm) was much higher than the seven target MPs. 
Since as shown previously, these two MPs primarily degraded via direct photolysis, the 
available irradiance was significantly reduced at 10 cm. In the first 5 cm, the available 
sunlight energy was still sufficient to induce their direct photolysis pathway.  
 
Figure 5-11 UV spectra for each MP (10 mg L
-1
) and the secondary effluent (DOC = 10 mg L
-1
) 
(wavelength range: 290 - 350 nm)  
 
As for the other five MPs, the degradation rates of the 2,4-D, caffeine, diuron and simazine 
were approximately halved at 10 cm compared with 0 cm while an overall reduction of the 
rate constant of 40% between 0 cm and 10 cm was obtained for carbamazepine. These 
reductions could also be attributed to the light filter effect of the secondary effluent as shown 
in Figure 5-11. However, the differences in overall reductions in the photodegradation rate 
constants (obtained at depth 0 and 10 cm) between MPs were not significant, mainly due to 
the fact that indirect photolysis was the primary degradation pathway for these five 
compounds. The degradation rates for 2,4-D, simazine and carbamazepine obtained at depths 
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of 5 and 10 cm were close (12% difference for 2,4-D, 13% difference for simazine and 11% 
difference for carbamazepine) although there was approximately 30-40% difference for these 
compounds at 0 and 5 cm. This can be explained by the degradation rates of these compounds 
being insignificant at 5 cm so that the impact of further reduction of the light transmission at 
the 10 cm would not be great. The degradation rates of diuron and caffeine decreased 
approximately in proportion with light transmission levels. This indicated that the target MPs 
responded differently with regard to depth of the wastewater lagoon. The critical water depth 
(at which the greatest breakdown of parent compounds can be achieved) was different for 
each compound. 
Impacts of depth on the photolysis of the MPs were observed in the wastewater as well. 
Despite the promoting or inhibiting effects of the wastewater matrix on the degradation of the 
MPs, greater depth led to lower degradation rates for all compounds. Figure 5-10 shows that 
the degradation of triclosan was largely suppressed at 10 cm depth (rate reduced by 86% at 
10 cm cf. 0 cm), indicating low removal of triclosan via photolysis at a depth of 10 cm in the 
wastewater lagoon in practice. The reduction of the photodegradation of sulfamethoxazole 
due to greater depth was not as great as for triclosan (42% difference between 0 and 10 cm). 
As has been stated in previous sections the humic substances in wastewater can promote the 
photolysis of sulfamethoxazole by producing 
●
OH, this was less reduced by the reduced light 
intensity. The degradation of caffeine was not effectively decreased at all at 5 cm whereas the 
rate was greatly decreased (by 70%) at 10 cm depth. The degradation rates of the compounds 
other than triclosan and sulfamethoxazole obtained at 10 cm depth were suppressed to a 
similar degree as those obtained in Milli-Q water and the reduction of the rates of these 
compounds ranged from 70% to 96%. 
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Overall, attenuation of solar irradiance increases rapidly as the water depth increases and this 
has a corresponding effect on the photodegradation rates of the investigated MPs in this 
study. However, proportionally decreased degradation rates were not observed for all 
compounds. This depends on factors such as the different photodegradation pathways of 
different compounds, and on the wastewater composition.  
5.5. Summary and concluding remarks of Chapter 5 
5.5.1 Summary 
The photolysis mechanism studies were conducted by investigating the natural sunlight-
induced photodegradation of the seven representative MPs (caffeine, carbamazepine, diuron, 
simazine, sulfamethoxazole, triclosan and 2,4-D) in both buffered Milli-Q water and the 
secondary effluent collected from the 55E lagoon system. The photodegradation rates of five 
of the compounds (caffeine, carbamazepine, diuron, simazine, and 2,4-D) were significantly 
greater in the wastewater than in the Milli-Q water matrix at the same pH, indicating they 
primarily degraded via indirect photolysis, whereas sulfamethoxazole and triclosan primarily 
degraded via direct photolysis. 
●
OH were shown to play an important role in the indirect 
photolysis of the five compounds which were more resistant to direct sunlight, their 
contribution to the overall removal of these compounds ranging from 32% to 70%. 
1
O2 was 
shown to play a role in the indirect photolysis of these five compounds, especially for 
simazine.  
Using a sunlight simulator it was shown that nitrate, at typical concentrations in the 
secondary effluent under study, could act as photosensitiser and produce 
●
OH to promote the 
photodegradation of the MPs studied. The addition of nitrate promoted the photolysis of all 
seven compounds, although the impact of added nitrate was minor on triclosan and 
sulfamethoxazole since indirect photolysis was not their primary degradation pathway. 
However, another secondary effluent component, humic acid, was demonstrated to exert 
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greatly differing effects on the photodegradation of the MPs. It enhanced the 
photodegradation of caffeine, diuron and sulfamethoxazole, whereas it inhibited the 
photolysis of the other four compounds. Photodegradation of all the MPs was accelerated at 
40 ˚C, while little impact was observed between 10 and 25 ˚C.  
The seasonal photodegradation of the seven MPs was also investigated. The 
photodegradation rates of all the MPs in both pure water and secondary effluent showed 
consistent seasonal trends with the highest rates obtained in summer (December or February) 
and the lowest in winter (June or August). Of the seven compounds, the photolysis of 
sulfamethoxazole and triclosan displayed more obvious temporal trends, with 
photodegradation rates corresponding to the sunlight intensity. Although the photolysis of the 
other five compounds in the pure water system was primarily influenced by the intensity of 
the natural sunlight, their degradation rates were different in the secondary effluent which 
was attributed to the two wastewater components of humic substances and nitrate which 
affect the photolysis of these five compounds differently. However, sunlight intensity was 
still the primary influential factor. 
Thus it is clear that sunlight intensity plays an important part in the efficacy of the photolytic 
breakdown of the MPs in secondary effluent, and that the highest removal of MPs should 
occur in summer and the lowest in winter during lagoon treatment. The results of the depth 
study also indicated different degrees of reduction of the photodegradation rates of all seven 
compounds at a depth of 10 cm in a lagoon. This was due to less available sunlight for either 
direct or indirect photolysis and the results of this study indicated that 10 cm could be close 
to the greatest depth for photolytic breakdown of the seven MPs. 
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5.5.1 Concluding remarks 
The results presented in this chapter showed that significant photolysis of the seven 
representative MPs occurred in the secondary effluent. The large surface area exposed to 
sunlight in a lagoon system provides a greater opportunity for photolysis to occur compared 
with a conventional activated sludge wastewater process. The photosensitisers, such as humic 
substances and nitrate, which are usually present in surface water bodies at markedly lower 
concentrations, enabled greater indirect photolysis of the MPs in the secondary effluent. 
However, it should also be noted other operating conditions of a lagoon system such as 
hydraulic retention time, pH fluctuations, and redox conditions can also affect the 
photodegradation of MPs in the wastewater. Furthermore, the seasonal observations indicated 
that the season and location within the water column of sampling greatly influence the 
assessment of the fate and concentrations of MPs in natural and engineered aquatic 
environments. 
The data obtained in this mechanism study can contribute to the knowledge and bridge the 
gaps existing in the photolysis kinetic studies of MPs. The data obtained in the seasonal study 
will be used for the development of a fugacity model for the sequential lagoons in the 55E 
lagoon system to predict the fate and concentration distributions of the MPs studied. The 
photodegradation rate constants will be used as fugacity model input parameters. With the 
seasonal data obtained, the predictions would take into account the impact of the season on 
the environmental conditions and thus degradation rates which would greatly improve the 
accuracy of the model predictions for a selected time.   
  
 
112 
Chapter 6 Transformation of micropollutants in lagoon 
In Chapter 4 and Chapter 5, the biological and photolytic removal of the MPs was 
investigated using activated sludge (MLSS) and secondary effluent flows into Pond 5, 
respectively. In this chapter, the transformation of the seven MPs was studied in lagoon 
wastewater and sediment samples collected from Pond 5. The terms of water transformation 
and sediment transformation have been used to describe the decay processes of the MPs in 
these two samples, respectively, as noted in the literature. It should be pointed out that the 
‘transformation’ here represented the disappearance of the parent compounds and the 
intermediate products of the MPs produced during the reactions were not investigated.  
MP transformation experiments were performed using either lagoon wastewater or sediment 
samples collected on two sampling trips. The initial concentration of each MP was 1500 ng L
-
1
 and mixtures of MPs were spiked into wastewater and sediment samples contained in 
separate reactors. The reactions were conducted at ambient temperature (19 - 22 °C) in the 
dark and reaction time was 48 h based on the HRT in Pond 5. An abiotic control was run for 
the sediment transformation. The analysis of the concentration of MPs was performed by 
Queensland Forensic Scientific Services. Other details regarding the experimental setup were 
described in section 3.7.  
Transformation rate constants were obtained by determining the concentrations of the parent 
compounds as a function of time using pseudo first order kinetics. The errors were estimated 
by determining the confidence interval (95% CI) of the regression slope. Half-life time was 
calculated using Equation 6-1: 
   
 ⁄
  
   
 
                                                                                                            Equation 6-1  
where k is the transformation rate constants of MPs obtained in either lagoon wastewater or 
sediment. 
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6.1 Wastewater and sediment collection and characterisations  
Based on the results of the profiling of the dissolved oxygen level in Pond 5 with depth, and 
the results presented in Chapter 5 of the photolysis depth study, Pond 5 is regarded as a four-
layer system as shown in Figure 6-1.  
 
Figure 6-1 Four-layer system of Pond 5 
The wastewater samples were collected from the water column layer at a pond depth of 55 
cm and the sediment samples were collected from the surface sediment layer at a pond depth 
of 100 cm. Two batches of samples were collected (December 2016 and March 2017) during 
seasons with relatively high temperature when higher transformation rates were expected 
(based on the conclusions made in Chapter 4 and Chapter 5). Table 6-1 summarises the key 
water parameters measured for the water and sediment samples. The pH, dissolved oxygen 
and conductivity were measured during the onsite sampling. 
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Table 6-1 Characteristics of water samples collected from Pond 5  
                                  
Sample 
Parameter 
December 2016 batch March 2017 batch 
P5 water column 
(55 cm) 
P5 sediment  
(100 cm) 
P5 water column 
(55 cm) 
P5 sediment  
(100 cm) 
pH 7.26 7.26 7.11 7.12 
UVA 254 0.271 0.248 0.291 0.245 
DOC (mg L
-1
) 15.9 16.3 15.5 14.95 
COD (mg L
-1
) 37 35 32 31 
Dissolved oxygen (mg L
-1
) 2.44 3.91 4.07 2.59 
Conductivity (μS cm-1) 1629 1713 1566 1537 
Nitrate (mg L
-1
) 14.9 5.5 17.3 7 
SUVA 2.1 1.86 1.88 1.64 
 
6.2 Transformation of MPs in water column  
Based on the published literature to date, the decay of MPs in wastewater (secondary effluent) 
from a WWTP has not been greatly studied. It was assumed that the secondary clarifier 
would remove most of the microbes present in the effluent, making the chemicals less likely 
to be biodegraded. The water transformation rates (kw) obtained for the MPs (Table 6-2) 
confirmed this assumption. It is shown that very low degradation rates were obtained for all 
MPs studied. These values are markedly lower than those obtained for the activated sludge 
biodegradation (section 4.2.1). It should be noted that the removal of carbamazepine was 
negligible after 48-h in both runs. An increased concentration of carbamazepine (by 3%) was 
observed for the second batch of experiment. This behaviour of carbamazepine was also 
observed during the biodegradation of MPs by activated sludge in this study, as noted in 
Chapter 4 and reported in several other studies.  
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Table 6-2 Degradation/transformation rate constants kw (expressed as h
-1
 and d
-1
) obtained for MPs in 
two batches of lagoon wastewater samples (collected in December 2016 and March 2017, 
respectively) (n=1, results represented average ± 95% CI) 
December Batch kw (h
-1
) kw (d
-1
) half-life (h) half-life (d) 
Caffeine 0.0048 ± 0.0011 0.115 ± 0.024 144 6.0 
2,4-D 0.0011 ± 0.0013 0.026 ± 0.022 630 26 
Sulfamethoxazole 0.0031 ± 0.0014 0.077 ± 0.012 224 9.3 
Diuron 0.0022 ± 0.0013 0.053 ± 0.009 315 13 
Simazine 0.0029 ± 0.0012 0.086 ± 0.011 365 15 
Triclosan 0.0023 ± 0.0012 0.055 ± 0.015 301 13 
March Batch kw (h
-1
) kw (d
-1
) half-life (h) half-life (d) 
Caffeine 0.0046 ± 0.0023 0.110 ± 0.011 151 6.3 
2,4-D 0.0012 ± 0.0012 0.031 ± 0.036 578 24 
Sulfamethoxazole 0.0027 ± 0.0011 0.065 ± 0.017 257 11 
Diuron 0.0017 ± 0.0012 0.041± 0.029 408 17 
Simazine 0.0025 ± 0.0021 0.060 ± 0.023 277 12 
Triclosan 0.0026 ± 0.0013 0.062 ± 0.009 267 11 
 
The results obtained for both runs were fairly comparable, with differences ranging from 4% 
(for caffeine) to 23% (for diuron). Slightly higher transformation rates were obtained for most 
MPs using the water sample collected in December. This was reasonable considering that the 
characteristics of the two batches lagoon wastewater were close (Table 6-1). Although the 
second batch (March 2017) of sample contained a higher concentration of nitrate, its 
influence on the degradation rates was negligible since the photolysis mechanism was 
prevented by covering with aluminium foil. The calculated half-lives of the MPs ranged from 
6.0 – 6.3 d (for caffeine) to 24 – 26 d (for 2,4-D). These are much longer than the hydraulic 
retention time (2 d) of the lagoon under study, indicating the persistence of these MPs in this 
pond. As observed in the activated sludge study diuron and simazine exhibited low water 
transformation rates. The water transformation rates obtained for diuron and simazine were 
50% lower than the activated sludge biodegradation rates obtained for these compounds in 
Chapter 4. However, the transformation rates obtained for compounds which were highly or 
moderately biodegradable in the activated sludge test, namely caffeine, triclosan and 2,4-D, 
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were markedly reduced (by one order of magnitude) in the lagoon wastewater. Much lower 
degradation rates were also obtained for sulfamethoxazole, with approximately 90% 
reduction. A lower degradation rate was reported by Xu et al. (2011) in river water (0.031 cf. 
0.065 – 0.077 d-1 in this study), which was reasonable considering that fewer microorganisms 
would likely be present in river water compared with lagoon wastewater.  
 
6.3 Transformation of MPs in surface sediment 
Like the water transformation experiments, photodegradation of MPs was not expected as the 
reactors were covered with aluminium foil during the sediment transformation experiments. 
The results of the abiotic control study indicated that only less than 4% removal of all MPs 
occurred, except for triclosan (65% and 76% removal, respectively). This removal was 
attributed to the adsorption of compounds to sediment. This finding was also consistent with 
the results for the abiotic control experiments performed in the activated sludge 
biodegradation study (Chapter 4). The results were corrected for the effect of sorption to 
investigate the removal of the MPs via sediment transformation solely. 
Higher transformation rates were observed for these MPs in the sediment samples than in the 
wastewater (Table 6-3). A possible explanation is that the sediment samples contained 
additional microbial flora which could facilitate the decay of the target MPs. However, these 
rates were still much lower than those obtained in the activated sludge study (section 4.2.1). 
The results obtained for the two sediment samples were close, although higher rate constants 
were obtained for all MPs using the sediment collected in March with increases ranging from 
3.2% (for caffeine) to 22% (for simazine) observed. Again, the highest transformation rates 
were obtained for caffeine, indicating the high biodegradability of this compound. This was 
consistent with the results obtained in Chapter 4 and several other studies as noted in that 
chapter.  
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Table 6-3 Degradation/transformation rate constants ks (h
-1
 & d
-1
) obtained for MPs in two batches of 
surface sediment samples (collected in December 2016 and March 2017, respectively) (n=1, results 
represented average ± 95% CI) 
December Batch ks (h
-1
) ks (d
-1
) half-life (h) half-life (d) 
Caffeine 0.0059 ± 0.0014 0.142 ± 0.031 118 4.9 
2,4-D 0.0024 ± 0.0021 0.058 ± 0.021 289 12.0 
Sulfamethoxazole 0.0037 ± 0.0012 0.089 ± 0.019 187 7.8 
Diuron 0.0036 ± 0.0013 0.086 ± 0.011 193 8.0 
Simazine 0.0032 ± 0.0011 0.077 ± 0.023 217 9.0 
Triclosan 0.0034 ± 0.0011 0.082 ± 0.015 204 8.5 
March Batch ks (h
-1
) ks (d
-1
) half-life (h) half-life (d) 
Caffeine 0.0061 ± 0.0022 0.146 ± 0.017 114 4.7 
2,4-D 0.0029 ± 0.0013 0.070 ± 0.014 239 10.0 
Sulfamethoxazole 0.0042 ± 0.0024 0.101 ± 0.018 165 6.9 
Diuron 0.0043 ± 0.0021 0.103 ± 0.022 161 6.7 
Simazine 0.0041 ± 0.0023 0.098 ± 0.012 169 7.0 
Triclosan 0.0039 ± 0.0012 0.094 ± 0.021 178 7.4 
 
The low transformation rates of the herbicides in the sediment samples were comparable with 
the data reported by others. Transformation of 2,4-D was studied in marine sediments and a 
much longer half-life time of 49 d (cf. 10-12 d in this study) was obtained by Boyle et al. 
(1999). Longer half-lives of 47 – 49 d (cf. 7-9 d in this study) were reported for atrazine 
(similar structure and properties as simazine) in surface coastal aquatic sediment, suggesting 
that faster degradation of S-trazine compounds could be expected in lagoon sediment 
(Smalling and Aelion 2006). Similarly, a recent study (Xu et al. 2011) reported a lower 
degradation rate for sulfamethoxazole in river sediment samples (0.043 cf. 0.089 – 0.101 d-1 
in this study), supporting the assumption that lagoon sediment has greater potential to 
degrade organic chemicals. 
In addition to sediment, the biodegradation of 2,4-D and diuron has been frequently 
investigated in soil or by soil isolated microorganisms. This is probably because they have 
been widely used as a herbicide and can accumulate in soil due to their low solubility in 
water (Castillo et al. 2006). Microorganisms were proven to be very effective in the 
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transformation and degradation of herbicides. The biodegradation of diuron was studied using 
Streptomycetes isolated from soil and half-lives ranging from 11 to 25 days (much longer 
than those obtained in this study) were obtained using different strains of microorganisms 
(Castillo et al. 2006). In addition, Silva et al. (2007)  studied the degradation of 2,4-D by 
strains isolated from Brazilian soil and found great degrading potential of the selected 
microorganisms. These findings suggested that soil might contain different species of 
microbes from the lagoon sediment studied, which could contribute to higher biodegradation 
rates of the herbicides investigated. 
6.3 Summary 
The water transformation and sediment transformation of seven MPs were studied in samples 
collected from the water column and surface sediment layer in the 55E lagoon system, Pond 5, 
respectively. Two batches of wastewater and sediment samples were collected in December 
2016 and March 2017 when highest transformation rates would be expected due to the 
warmer conditions in summer. The results obtained for the two batches did not differ 
significantly due to the similar weather conditions and sample characteristics. Removal of 
carbamazepine was not observed in either experiment, which confirmed its recalcitrance to 
biodegradation and suggested that other mechanisms played important role during its removal 
(even limited) during wastewater treatment in the lagoon system. Overall, low transformation 
rate constants were observed for the other MPs in both water column and surface sediment 
collected samples, although slightly higher rates were obtained in sediment samples. 
Therefore, even lower transformation rates of MPs could be expected in colder weather 
conditions, which would lead to a minor impact on the removal of the MPs from the 
wastewater lagoon. 
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The long half-lives of these MPs in the lagoon wastewater and sediment ranging from 5 to 10 
days indicated long residence time of these MPs in the lagoon system. Therefore, 
accumulation of these emerging contaminants in Pond 5 would be expected considering the 
HRT of this lagoon is 2 days. Investigation of the fate and removal of MPs in wastewater 
lagoons is important to provide a better understanding of these potentially hazardous 
compounds. The water and sediment transformation rate constants obtained in this chapter 
will be used in the development of a fugacity model for the sequential lagoons in the 55E 
lagoon system in Chapter 8. 
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Chapter 7 Sorption of micropollutants in lagoon sediment 
In Chapter 6, the transformation of MPs in the water column of the lagoon and sediment 
samples was studied. To further understand the fate of MPs in the sediment surface layer in 
Pond 5, the sorption of the seven MPs using the two sediment samples collected from Pond 5 
in December 2016 and March 2017 was investigated in this chapter. MPs were spiked 
individually into the mixture of the freeze-dried sediment and the lagoon wastewater at 50 µg 
L
-1
 and 100 µg L
-1
, respectively. Five freeze-dried solids concentrations ranging between 500 
and 10000 mg L
-1
 were used for preparing the isotherm. Reactors were shaken in the dark at a 
temperature of 25 ± 3 °C and incubated for 2 h for all MPs except for triclosan (1 h). Other 
details regarding the experimental setup were described in section 3.8. 
7.1 Sorption equilibrium and concentration of MPs  
The 2-h blank control study showed no detectable decay of MP in the wastewater and the 
time control study indicated that 2 h was sufficient for adsorption of MPs to reach 
equilibrium as no further reduction of MPs was observed after 2 hours. However, it should be 
noted that triclosan had a short equilibrium time of 1 hour, which was consistent with the 
sorption equilibrium time reported by Dickenson et al. (2010). Several previous studies 
confirmed the short equilibrium time of less than 2 hours for all MPs for the determination of 
sorption isotherms (Andersen et al. 2005, Ternes et al. 2004). The concentration of the MPs 
remaining in the aqueous phase was determined directly and the concentration of the MPs 
sorbed on the sediment was calculated based on mass balance as shown below: 
                                                                                                     Equation 7-1 
Where, Ci is the initial solute concentration (μg L
-1
), Cw is the equilibrium solute 
concentration (μg L-1), Vw is the solute volume (mL), and ms is the sediment mass (kg), 
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respectively. The fits for the sorption isotherms were based on the calculations using the 
aqueous loss method and the assumption that mass removed from the aqueous phase was 
sorbed to the sediment. The measurements obtained from the experiments indicated that most 
MPs studied remained in the water phase rather than being sorbed onto the sediment, except 
for triclosan.  
7.2 Sorption isotherm and sorption coefficient (Kd)  
Both linear and Freundlich sorption isotherms have been used to describe the adsorption of 
MPs. The primary aim of this study is to obtain the necessary sorption coefficients for the 
development of a fugacity model for the sequential lagoons in the WWTP under study. 
Therefore, the linear isotherm was used to describe the removal of MPs by sorption in order 
to obtain the solid–water distribution coefficient (Kd), also known as sorption distribution 
coefficient.  
Kd is defined as the ratio of compound concentration in the solid phase Cs to the compound 
concentration in the aqueous phase Cw. Sorption isotherms were developed for the 
partitioning of each MP on the sediment collected. Isotherm plots for the two batches of 
sorption experiments obtained for the MPs are shown in Figures 7-1 (December 2016) and 7-
2 (March 2017). 
The data fitted linear isotherms for most of the compounds and Kd values were determined 
from the slope of the linear regression lines and are summarised in Table 7-1. Less significant 
correlation (R
2
 of 0.62 and 0.52) for the isotherms for the two sediment samples was obtained 
for sulfamethoxazole as highly variable data were obtained for both samples due to the poor 
adsorption tendency of this compound. For the other compounds, better correlations were 
obtained (R
2
 ranging from 0.79 to 0.92). The log Kd values were also calculated for all MPs 
and are included in Table 7-1. 
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Figure 7-1 Sorption isotherms of the MPs for lagoon sediment collected December 2016 
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Figure 7-2 Sorption isotherms of the MPs for lagoon sediment collected March 2017 
 
Table 7-1 Sorption coefficient Kd and log Kd values obtained for adsorption of MPs to lagoon 
sediment collected in December 2016 and March 2017 (n=4, results present average ± standard 
deviation) 
MPs Linear sorption for December 2016 Linear sorption for March 2017 
Kd (L kg
-1
) log Kd R
2
 Kd (L kg
-1
) log Kd R
2
 
Diuron 21.0 ± 0.2 1.32 0.90 25.0 ± 0.3 1.39 0.88 
Simazine 12.0 ± 0.4 1.06 0.87 15.0 ± 0.6 1.18 0.80 
2,4-D 8.5 ± 0.2 0.92 0.83 10.0 ± 0.4 1.01 0.83 
Caffeine 48.0 ± 2.0 1.68 0.92 53.0 ± 2.0 1.72 0.90 
Carbamazepine 37.0 ± 2.0 1.57 0.89 44.0 ± 2.0 1.64 0.79 
Triclosan 1270 ± 8.0 3.11 0.78 1380 ± 5.0 3.14 0.85 
Sulfamethoxazole 5.5 ± 0.7 0.74 0.62 6.8 ± 1.0 0.83 0.52 
 
As shown in Table 7-1, for both sediment samples, the sorption distribution coefficients for 
triclosan were much higher (by approximately 2 magnitudes) than the other MPs. Low 
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sorption coefficients were obtained for the herbicides simazine and 2,4-D, with values of 
approximately 10 L kg
-1
.  Higher Kd values were obtained for diuron (21 and 25 L kg
-1
 for 
December and March, respectively). Close and higher sorption coefficients were obtained for 
caffeine and carbamazepine (approximately 45 – 55 L kg-1), indicating greater sorption 
behaviour of these compounds than of the herbicides. However, the lowest sorption 
coefficients were obtained for sulfamethoxazole in both December and March (5.5 and 6.8 L 
kg
-1
, respectively), indicating the poor sorption behaviour of this compound.  
Higher Kd values were obtained for the sediment collected in March for all the MPs. The 
difference between Kd values obtained for the two batches of sediments was up to 33% for 
simazine, and the lowest increase of 11% was observed for 2, 4-D. The Kd values for the 
March sorption experiments increased by approximately 25% for diuron and 
sulfamethoxazole and around 15% for carbamazepine and triclosan. This suggests that there 
was potentially a higher organic content in the sediment collected in March leading to a 
higher adsorption capacity of the sample. Further details regarding sorption and sediment 
organic content will be discussed in the next section. 
The Kd values obtained in this study are comparable with those reported in the literature. 
Several researchers have investigated the sorption of carbamazepine by different solid phases 
including river sediment, soil, primary and secondary sludge. Various sorption coefficients of 
17, 50 and 135 L kg
-1
, respectively, were obtained for carbamazepine by Wick et al. (2009), 
Stevens-Garmon et al. (2011) and Radjenović et al. (2009) during conventional activated 
sludge treatment. On the other hand, comparable log Kd values were obtained by Carballa et 
al. (2008) and Hyland et al. (2012) (1.3-1.8 and 1.67, respectively) for carbamazepine, which 
are very close to the 1.57 obtained in the present study. A very low sorption coefficient (up to 
1.8 L kg
-1
) was obtained for carbamazepine by Yamamoto et al. (2009) using river sediment 
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with low organic content (up to 1.7%).  
Similar and even higher sorption coefficients were reported for triclosan by Samaras et al. 
(2013) (log Kd of 3.02) and Hyland et al. (2012) (log Kd of 3.59) using activated sludge 
(which contained higher organic carbon content of 44%). The Kd values of diuron and 
caffeine reported for primary and secondary sludge (Stevens-Garmon et al. 2011, Wick et al. 
2011) are in the same range (log Kd values differ by less than 0.3) as those reported in the 
current study. The differences observed between the specific values could be due to the 
different characteristics of the sediment and sludge used in the different studies. For the 
herbicides, low sorption coefficients have been determined for both 2,4-D (Werner et al. 
2013) and simazine (Wick et al. 2011), showing similar findings as those reported in this 
study. The poor sorption behaviour of sulfamethoxazole has also been confirmed by several 
researchers during either activated sludge or membrane bioreactor treatment (Carballa et al. 
2008, Fernandez-Fontaina et al. 2013).  
7.3 Organic carbon-based sorption coefficients 
As mentioned above, the sorption coefficients of the MPs maybe dependent on the organic 
content of the solid matrix due to interaction between the hydrophobic portions of the organic 
content in the sediment/soil and the target compounds studied (Yamamoto et al. 2009). In 
studies of the sorption behaviour of MPs in soil and sediment, the organic carbon-based 
partition coefficient Koc has been used as an adjustment of Kd in order to take account of the 
organic carbon fraction (foc) in the soil or sediment samples (Nguyen et al. 2005). The Koc 
was calculated from the Kd and foc of the sediment as shown in the Equation 7-2 
(Schwarzenbach et al. 2005): 
      
  
   
                                                                                                         Equation 7-2 
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Based on triplicated laboratory measurements, the organic carbon fractions of the sediment 
samples collected in December 2016 and March 2017 were determined to be 11.6% and 
13.5%, respectively. It has been reported that a lower temperature of the soil could lead to a 
greater amount of soil organic carbon (Kirschbaum 1995). This could be the same case for 
the lagoon sediment (lower temperature in March (17 °C) than December (21 °C)). Generally, 
a standard organic carbon fraction for pond and lake sediments used by USEPA for risk 
assessments is 4%. However, the higher foc determined for the wastewater lagoon sediment is 
expected considering the upstream activated sludge generally contains high organic carbon 
content (≈ 45%) which originates from microbial sources (Hyland et al. 2012). Organic 
particulates and organisms could be carried from the clarifier to the sequent lagoon during 
treatment. Based on the determined organic fraction and Equation 7-2, organic carbon based 
sorption coefficients (Koc) were calculated for the MPs for the lagoon sediment samples. 
Table 7-2 summarises the calculated Koc and log Koc values for each MP for the two sediment 
samples, as well as the literature reported log Koc values. 
Table 7-2 Organic carbon-based sorption coefficients (Koc) and log Koc of the MPs for the two 
sediment samples (n=4, results present average ± standard deviation) 
MPs  December 2016 March 2017 Literature 
 Koc (L kg
-1
) log Koc Koc (L kg
-1
) log Koc Log Koc 
Diuron 180.0 ± 2.0 2.26 186.0 ± 2.0 2.27 2.2
a
, 2.6
b
 
Simazine 99.0 ± 3.0 2.00 113.0 ± 4.0 2.05 1.3
a
 
2,4-D 73.0 ± 2.0 1.86 77.0 ± 3.0 1.89 1.87
e
 
Caffeine 412.0 ± 20.0 2.61 392.0 ± 14.0 2.59 2.87
f
 
Carbamazepine 322.0 ± 16.0 2.51 327.0 ± 16.0 2.51 2.26
d
 
Triclosan 11000 ± 72.0 4.04 10200 ± 35.0 4.01 4.3
c
,  
Sulfamethoxazole 47.0 ± 6.0 1.68 50.0 ± 9.0 1.70 1.79
d
 
a. Wick et al. (2011); b. Liu and Qian (1995) c. Agyin‐Birikorang et al. (2010) d. Carballa et al. (2008) 
e. Hyun and Lee (2004) (soil); f. Karnjanapiboonwong et al. (2010)  
 
Close log Koc values were obtained (differ by up to 0.05) and fewer differences were 
observed for the Koc values than for the Kd values obtained for these two sediment samples. 
Differences of less than 10% were observed between these two Koc values for all MPs except 
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for simazine (differed by 14%). Again, highest Koc values were obtained for triclosan for both 
sediments and lowest were obtained for sulfamethoxazole. The Kd values should be used 
indicatively to show the tendency of a compound to attach to the solid phase, especially when 
different types of solid phases (eg. soil and sediment, different sediment from different 
sources) are used. The organic carbon corrected coefficient, the log Koc values, would be 
better to be used to represent the sorption coefficients of chemicals for comparison and 
modelling purposes.   
As shown in Table 7-2, comparable results were reported in other studies. Drillia et al. (2005) 
determined the Koc values for carbamazepine using soil samples with different levels of 
organic content and reported values of 130 - 520 L kg
-1
, which was close to those reported in 
this study. Also, lower log Koc values have been reported by Carballa et al. (2008) using 
digested sludge for carbamazepine (2.26 cf. 2.51) and sulfamethoxazole (1.79 cf. 1.69), 
respectively. Comparable but higher Koc values were determined in other studies using soil 
samples for caffeine, triclosan and diuron, while almost the same value was obtained for 2,4-
D  (Table 7-2). A log Koc value of 1.3 was determined for simazine by Wick et al. (2011) 
using secondary sludge, which is much lower than that reported in the present study (2.0).  
Chefetz et al. (2004) determined a log Koc value of 1.77 for atrazine, another s-trazine which 
has very similar structure and properties as simazine, using a river sediment sample with low 
organic carbon content, which is close to the one measured in this research. 
These organic carbon based sorption coefficients could indicate the possible rate of removal 
of the target MPs via sorption onto lagoon sediment during the wastewater treatment process. 
Luo et al. (2014) suggested that sorption to secondary sludge could be regarded insignificant 
for compounds with a sorption coefficient less than 300 L kg
-1
, which is the case for the 
herbicides and sulfamethoxazole. Their low Koc values indicated that these compounds do not 
sorb onto the lagoon sediment to an appreciable extent. In addition, for compounds with a 
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sorption coefficient less than 500 L kg
-1
, less than 10% of them could be removed via 
sorption during activated sludge treatment (Ternes et al. 2004, Wick et al. 2011), implying 
the potentially low removal efficiency of carbamazepine and caffeine via sorption during 
lagoon treatment. On the other hand, the high sorption coefficients obtained for triclosan here 
indicated a significant proportion of this compound being adsorbed on the lagoon sediment, 
which could lead to a high removal efficiency of this compound via sorption from the lagoon 
wastewater.  
 
7.4 Dependence of sorption on chemical characteristics 
7.4.1 Correlation of log Koc and log Kow 
The physicochemical properties of MPs influence their sorption behaviour. It is reasonable to 
assume that the hydrophobicity of a compound would strongly relate to its adsorption to the 
solid phase such as soil and sediment. The octanol-water partitioning coefficient (Kow) of a 
substance has frequently been used to estimate the likelihood of adsorption of a compound. 
For hydrophobic nonpolar compounds, a higher Kow value generally indicates more affinity 
for the solid fraction. Rogers (1996) proposed a general rule of thumb for the estimation of 
sorption based on Kow where log Kow < 2.5 indicates low sorption potential, 2.5 < log Kow < 4 
indicates medium sorption potential, and log Kow > 4 indicates high sorption potential. 
Thompson et al. (2011) mentioned that for most of the MPs in their study, hydrophobic 
interaction was expected to be significant for the compounds with log Kow greater than 4.0, 
while Blair et al. (2013) concluded that significant influence of sorption on the overall 
removal efficiencies of their target compounds were only observed for those with log Kow  
values greater than 4.5. 
In this study, correlation between the MP-specific property of log Kow and sorption 
(represented by average log Koc) was investigated. Another compound-related property, 
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charge state, should also be taken into account as some MPs may be ionised at the pH under 
study (8.0 ± 0.2). Therefore, the acid dissociation constant (pKa) is important for ionisable 
MPs as it determines the fraction of the dissolved chemical present in a non-ionised form at 
the pH of the system (Hyland et al. 2012), which indicates the dominant form of a chemical 
under environmental conditions (Mackay and Boethling 2000). Here the octanol-water 
partition coefficient for a charged chemical, Dow, has been introduced as a pH-corrected 
hydrophobicity factor for acidic/basic compounds instead of Kow, for correlation to log Koc. 
For neutral moieties, their log Dow values are equal to the log Kow. For acidic or basic 
moieties, their log Dow values were calculated based on the reported pKa of the MPs studied 
using the following equations (Carballa et al. 2008): 
For acidic moieties: log Dow =            
 
          
                                  Equation 7-3 
For basic moieties: log Dow =            
 
          
                                   Equation 7-4 
The pKa and log Kow values obtained from Scifinder (2017) and the log Dow values calculated 
using the aforementioned equations are summarised in Table 7-3. 
Table 7-3 Reported pKa and log Kow values in literature (Scifinder 2017) and calculated log Dow 
values (Temperature = 25 °C) 
Target MPs Reported pKa Reported log Kow Calculated average log Dow 
Diuron 13.6  2.68  2.68 
Simazine 2.7  2.28  2.28 
2,4-D 3.0  2.43  2.43 
Caffeine 0.5  -0.63  -0.63 
Carbamazepine 13.9  1.90  1.90 
Triclosan 7.8  5.34  4.93 
Sulfamethoxazole 5.8  0.66  0.66 
 
Among the studied MPs, diuron, carbamazepine and caffeine, were regarded as neutral here 
due to their extreme pKa values (either >13 or <1) leading to negligible influence of pH under 
the experimental conditions. At the neutral pH of the lagoon (≈ 7), a substantial fraction of 
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triclosan was positively charged (pKa ≈ 8), sulfamethoxazole (pKa = 5.8), 2,4-D (pKa = 3.0) 
and simazine (pKa = 2.7) were all negatively charged. The correlations between the average 
log Koc values determined in this study and the calculated log Dow values are shown in Figure 
7-3.  
 
 
Figure 7-3 Average log Koc values versus calculated log Dow values for the MPs 
 
As shown in Figure 7-3, a weak correlation (R
2
 = 0.34) was determined between the 
experimentally measured log Koc values and calculated log Dow values for the MPs. However, 
if only the neutral compounds were considered (caffeine, diuron and carbamazepine), a better 
correlation (R
2
 = 0.72) was observed. As suggested by Yamamoto et al. (2009), for these 
non-charged MPs, the hydrophobic interactions between the MPs and the organic contents of 
the sediment were the predominant mechanism of their sorption. Mechanisms other than 
hydrophobicity such as electrochemical interaction were not expected. This was consistent 
with the findings reported by others. There is evidence showing that Koc could be correlated 
with Dow to predict the sorption of non-ionisable MPs onto wastewater sludge solids, while 
significant deviations were observed for the ionised compounds and no clear correlations 
were found between log Dow and log Koc for both positively and negatively charged 
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compounds (Hyland et al. 2012, Stevens-Garmon et al. 2011).  
The weak correlation between log Dow and log Koc observed for the other compounds 
indicated that mechanisms other than the hydrophobicity of the compounds were involved in 
the sorption behaviour of these MPs, which could not be characterised solely by the corrected 
log Kow (Ternes et al. 2004). One explanation for this observation was electrostatic 
interactions between the MP and sediment (Yamamoto et al. 2009, Ying et al. 2009). Based 
on the measured zeta potentials (-11.2 ± 0.3) of the sediment samples using the method 
described in section 3.8.3, the surface of the sediments was negatively charged. The charge 
attraction between sediments and triclosan and charge repulsion between sediments and the 
other three compounds also played a role. However, it is difficult to state which sorption 
mechanism was governing their sorption behaviour, especially for triclosan which is highly 
hydrophobic. The higher sorption coefficients of triclosan obtained in this study could be 
attributed to a combined effect of electrostatic and hydrophobic interactions. 
7.4.2 Comparison of measured sorption coefficients to quantitative structure activity 
relationship (QSAR) derived values 
QSAR is a technique for the development of relationships between activities or 
physicochemical properties of chemical compounds and their structural characteristics (also 
known as molecular descriptors) (Cronin 2010). Based on this concept, the sorption 
coefficients of a compound can be estimated based on its physicochemical properties or 
structural descriptors (Mackay and Boethling 2000). Kow is one of the most commonly used 
descriptors for the estimation of the Koc values (Nguyen et al. 2005), and the linear 
relationship (Equation 7-5) developed by Karickhoff et al. (1979) is the most acknowledged 
and noted throughout the literature (Burke et al. 2013). 
                                                                                                    Equation 7-5 
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To compare these findings with the QSAR derived sorption parameters, log Koc values were 
estimated using the equation above based on the corrected log Kow (log Dow) values (Table 7-
3) and plotted against those measured experimentally in this study (Figure 7-4). The 
empirical formula (Equation 7-5) is also shown in Figure 7-4. 
 
Figure 7-4 log Koc values estimated based on corrected octanol-water coefficient (log Dow) vs. 
experimentally determined log Koc values (the straight line represents the measured Koc equal to the 
estimated Koc based on Dow) 
 
As shown in Figure 7-4, diuron, 2,4-D, simazine and carbamazepine were in the vicinity of 
the straight line, indicating the successful application of the QSAR approach. The 
applicability of the QSAR model for the non-ionisable compounds, diuron and 
carbamazepine, was expected and consistent with the finding of other researchers (Burke et al. 
2013, Stevens-Garmon et al. 2011). For simazine and 2,4-D, the successful application of this 
QSAR could be explained by the fact that they were negatively charged compounds with log 
Dow values higher than 2.0. As suggested by Hyland et al. (2012), for this type of compound, 
the sorption of their remaining neutral fraction might be significant enough to dominate their 
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total observed sorption.  
On the other hand, the QSAR significantly underestimated log Koc values for caffeine 
(negative vs. positive). This was expected as the applied QSAR was based on investigations 
on largely hydrophobic compounds. Therefore it was more likely to fail for the estimation of 
the sorption behaviour of compounds with relatively low log Dow values. Poorly correlated 
relationships were also observed between log Koc and log Dow for triclosan and 
sulfamethoxazole. Again, this could be explained by the charge state of these two compounds, 
leading to electrochemical interactions between the MPs and the solid phase which also 
played a role in their adsorption to the sediment. The presented results also confirmed the 
statement suggested by other researchers that this QSAR has limitations regarding the 
prediction of sorption of ionic and polar chemicals (Burke et al. 2013, Carballa et al. 2008).  
7.5 Summary 
Sorption coefficients (Kd) and organic carbon adjusted sorption coefficients (Koc) comparable 
to the literature data for the MPs were obtained using sediment samples collected from Pond 
5 of the 55E lagoon system in the WWTP. The Kd values obtained showed some variations 
between the two sediment samples collected in different seasons (summer and autumn). The 
organic carbon contents in both sediment samples were measured and a difference of 14% 
was obtained. The Kd values were corrected based on the organic carbon fraction in each 
sediment and close Koc values were obtained for the two sediment samples for all seven MPs. 
The sorption coefficients (both Koc and Kd) determined for triclosan were significantly higher 
than for the other MPs for both sediment samples. A low tendency to sorb to the sediment 
was found for most of the investigated compounds, especially for sulfamethoxazole and the 
three herbicides, namely diuron, simazine and 2,4-D. Moderate sorption affinity was 
observed for caffeine and carbamazepine. Compounds with higher log Koc values tend to be 
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more likely to be removed by sorption on sediment (Yamamoto et al. 2009). However, this 
also suggests the possible accumulation of these compounds (especially triclosan) in the 
lagoon sediment.  
Correlations were developed between the experimentally obtained log Koc values and the pH-
corrected octanol-water distribution coefficients for all MPs studied. A strong correlation was 
observed for the uncharged MPs (caffeine, carbamazepine and diuron) while a much weaker 
correlation was obtained when all seven MPs were taken into account. Considering the 
charge state of the other MPs at the pH of Pond 5, it was concluded that the electrostatic 
interactions between the MPs and the sediment could be involved.  
These results indicated that sorption mechanisms other than hydrophobic interactions should 
be analysed in the assessment of the sorption behaviour of the charged MPs. It is 
recommended that more target compounds should be investigated in future sorption 
behaviour studies to include multiple MPs present in different charge states under the 
experimental conditions. This would generate a larger data pool for analysis and so to 
facilitate the development of the correlations. 
Comparison between the log Koc predicted based on a QSAR model and the experimentally 
obtained log Koc revealed certain differences. Accurate predictions were obtained for two 
negatively charged MPs with log Dow larger than 2.0 (2,4-D and simazine), as well as for two 
of three neutral compounds (carbamazepine and diuron). It was concluded that the 
application of this QSAR model was limited, especially for hydrophilic chemicals, as well as 
positively charged compounds. It is recommended that the sorption behaviour of MPs during 
treatment in the wastewater lagoon should be determined experimentally, especially for non-
hydrophobic compounds. The sorption coefficients obtained experimentally will be used in 
the development of a fugacity model for the wastewater lagoon under study.  
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Chapter 8 Modelling of the fate of MPs in the municipal wastewater 
treatment plant 
The aim of this chapter was to use the fugacity-based models for the prediction of the fate of 
the selected MPs with a broad range of physicochemical properties in the WTP under 
investigation.  In Chapter 4, biodegradation rate constants were obtained for the MPs for the 
activated sludge process. In Chapters 5, 6 and 7, photodegradation rate constants, sorption 
coefficients and transformation rate constants of the MPs were obtained for the lagoon 
wastewater or sediment samples as appropriate. In this Chapter, these fate determining 
parameters were used as model inputs for the application of fugacity-based water quality 
models as prediction and risk assessment tools. 
The results obtained in Chapter 4 were used for the adjustment of an existing fugacity model 
for the activated sludge process. The results reported in Chapters 5, 6 and 7 were used for the 
development of a modified Quantitative Water Air Sediment Interaction (QWASI) fugacity 
mass balance model for the lagoon system. A probabilistic application (conducted using 
@RISK Microsoft Excel adds-on) was adopted for the developed model to understand the 
influence of the variability and uncertainty generated by the model input parameters.  
To assist the reader, Figure 1-1 has been reproduced as Figure 8-1 and shows the process 
flow diagram of the Western Treatment Plant (WTP) consisting of two separate large scale 
lagoon systems (known as 25W and 55E). The 55E system was the target of this study. It 
consists of activated sludge treatment followed by a series of lagoons (Path 1b) which treats 
the bulk of the raw sewage, and an overflow pathway (Path 3, which is beyond the scope of 
this work). 
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Figure 8-1 Process flow diagram of the WTP lagoon systems: 25W and 55E (O'Connor and Wilson 
2011)  
 
8.1 Adjustments to an existing fugacity model 
As a part of a quantitative risk assessment (QRA) program which seeks to identify and assess 
the risks associated with the chemical residues in recycled water conducted by the plant 
operator, a fugacity-based mass balance model (CHEM-R WTP) was previously developed to 
predict the fate of several MPs within the WTP (for both 25W and 55E systems). Given the 
input concentration, the estimations from the model were given as the percentage of MP 
concentration removed or remaining in the recycled water. The major application of this 
model was to screen the list of priority chemicals identified through earlier phases of the 
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QRA. Based on internal and external validations, it has been pointed out that a major source 
of uncertainty in the CHEM-R WTP model predictions are the biodegradation rates which 
were estimated using the biodegradation expert survey model of the BIOWIN™ estimation 
program (Boethling et al. 1994, Tunkel et al. 2000) developed based on expert opinion and 
QSAR (O'Connor and Wilson 2011). This model was not designed for wastewater treatment 
therefore it generally fails to effectively predict biodegradation rates during wastewater 
treatment (Dayan and Kromidas 2011). 
To address this issue, an aim of the present work was to adjust the existing CHEM-R WTP 
fugacity model (only the part for 55E system Path 1b) by replacing the activated sludge 
biodegradation rate constants estimated using BIOWIN with the experimentally obtained 
kinetic data reported in Chapter 4. Furthermore, since the actual operating temperature in the 
aeration zone ranges from 12 to 24 °C over the year, it would also be useful to determine the 
temperature dependency of the biodegradation rates of the MPs studied. Hence a further 
adjustment was to incorporate temperature corrections for the biodegradation rate constants. 
The removal of MPs was simulated in the temperature range of 5 – 30 °C for illustrative 
purposes.  
8.1.1 Introduction to the existing CHEM-R WTP model  
The CHEM-R WTP model was developed based on the basis of the papers on the STP model 
published by Clark et al. (1995) and Seth et al. (2008) as described in the literature review. 
During each step of the treatment, the model estimates the fate of a chemical present in the 
influent as it is subjected to volatilisation (via bubble aeration and via surface aeration), 
biodegradation, adsorption to sludge, and loss in the final effluent.  
The CHEM-R WTP model is based on a number of assumptions that are simplifications of 
complex processes including steady state effluent flows; steady state chemical loadings; 
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complete mixing within each tank modelled; and simple mass transfer kinetics. Moreover, a 
major limitation is that the model inputs, the chemical properties, were based on quantitative 
structure-activity relationship (QSAR) estimations obtained using the US EPA’s EPI Suite 
program rather than measured values, introducing additional uncertainty to the model 
predictions.  
As suggested in the report and other previous studies, the biodegradation rates predicted by 
the BIOWIN software were not for a wastewater treatment system. Additionally, it only 
provides accurate predictions for compounds the molecular properties of which are fully 
described in the BIOWIN model development database (Dayan and Kromidas 2011). 
Aronson et al. (2006) reported that BIOWIN could underestimate the half-lives of persistent 
organic compounds. Thompson et al. (2011) pointed out that BIOWIN did not provide 
temperature-dependent predictions and only gives settings at the default temperature of 25˚C.  
A subsequent validation study on the CHEM-R WTP model for the 25W lagoon system 
indicated that for some of the MPs studied, the biodegradation rates applied in the model 
either overestimated or underestimated the biological removal of these compounds (Stevens 
et al. 2013). Although the 25W system was somewhat different to the 55E system, these 
validation results could be used to provide some indications (Stevens et al. 2013). It was 
suggested that adjustments including the use of experimentally obtained biodegradation rates 
and taking the temperature effect into consideration are required to improve the accuracy of 
CHEM-R predictions of chemical removal (O'Connor and Wilson 2011, Stevens et al. 2013). 
8.1.2 Adjustments made to the existing CHEM-R WTP model  
Adjustments were made to the CHEM-R WTP model to address the two major limitations 
mentioned above. The experimentally obtained biodegradation rates were converted to half-
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lives (using Equation 4-2 presented in Chapter 4) as the model input for the aeration zone 
where the experimentally simulated activated sludge process occurred.  
8.1.2.1 Replacement of BIOWIN estimated biodegradation rate constants (kb) 
The current model applies half-lives for MLSS with a TSS of 2000 mg L
-1
, therefore the 
converted half-lives need to be corrected based on this value. Biodegradation rates were 
obtained for MLSS samples collected in four different seasons (Chapter 4). Table 8-1 
summarises the half-lives of five MPs used in the CHEM-R WTP model setting as well as 
those converted from the experimental results. The biodegradation rate constants of 
carbamazepine could not be obtained due to its resistance to biological treatment therefore 
statistical comparisons were not possible.  The predictions for caffeine were not included in 
the current version of the CHEM-R WTP model.  
Table 8-1 Biodegradation half-life (h) settings in the existing model and those obtained in the 
activated sludge experiments for the five MPs 
                   Setting batch  
MPs 
Model input September December March June 
2,4-D 105.7 37 37 38 99 
SMX 105.7 120 76 53 190 
DUR 105.7 300 201 350 408 
SMZ 10567 290 230 380 330 
TCS 10567 n.a. 27 28 34 
n.a. – not available 
 
It is shown that the half-lives previously applied in the model were not specific to each 
compound (Table 8-1), and the same values were used for a group of two or three MPs. The 
values estimated for simazine and triclosan were markedly higher than those obtained 
experimentally and lower than those obtained for diuron. The value obtained experimentally 
for sulfamethoxazole for the September sample could be regarded as fairly close to the model 
setting (although higher by 15%). 
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8.1.2.2 Temperature dependency study 
The temperature dependency of biodegradation was studied using an approach proposed by 
Thompson et al. (2011). Since biodegradation rates at temperatures of 12, 18 and 25 ˚C were 
obtained experimentally for six MPs, the activated energy (Ea) and pre-exponential 
component A were calculated by linear regression for four compounds (caffeine, 
sulfamethoxazole, triclosan and 2,4-D) using Arrhenius plots (Table 8-2). Then these values 
were used to estimate biodegradation rate constants and half-lives for these four compounds 
at temperatures ranging from 5 to 30 ˚C (5, 10, 15, 20, 25, 30 ˚C). The kb values at any 
specific temperature were calculated from the following equation and further converted to 
half-lives as the adjusted model inputs: 
              ⁄                                                                                          Equation 8-1 
 
Table 8-2 Summary of the Arrhenius plot parameters obtained for caffeine, 2,4-D, sulfamethoxazole 
and triclosan 
                    MPs 
Parameter 
Caffeine 2,4-D Sulfamethoxazole Triclosan 
Ea (KJ mol
-1
) 14.8 24.2 48.2 52.1 
A 2 × 10
-3
 2 × 10
-5
 8 × 10
-12
 3 × 10
-11
 
 
8.1.3 Results and discussion 
8.1.3.1 Comparison between the current and adjusted model predictions 
The impacts of the adjusted biodegradation kinetic parameters on the model outputs were 
analysed in terms of both the biological removal of MPs in the aeration basin and the fate of 
the MPs during their overall removal within the activated sludge process in the 55E system.  
Figure 8-1 shows the comparison of the biological removal (%) of the five MPs in the 
aeration zone for the outputs from the existing and the adjusted model. The original model 
prediction for diuron was close to all four adjusted model outputs with less than 10% 
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biological removal (9% cf. 3-6%). A similar percentage removal was obtained for 
sulfamethoxazole for September for the adjusted value and the CHEM-R WTP model 
prediction (8 cf. 9%). Greater removal via biodegradation was estimated with the adjusted 
values for December and March (13-16%) but less removal with the adjusted value for June 
(6%).  As a result, the concentration of sulfamethoxazole in the effluent in June could be 
underestimated. Similar results were obtained for 2,4-D where similar model outputs were 
obtained for the original and adjusted settings for the half-life in June, while higher values 
were estimated for the three sets of inputs for the other times of the year. These indicated that, 
for some compounds, the current CHEM-R WTP model could provide accurate predictions 
for only one of four seasons over the year.  
 
Figure 8-2 Comparison between original and adjusted model outputs for the biological removal (%) of 
diuron, sulfamethoxazole, triclosan, 2,4-D and simazine in the aeration zone 
 
On the other hand, it was shown that the original CHEM-R WTP model could markedly 
underestimate the biological removal of triclosan and simazine compared with the adjusted 
model (0.1% cf. 8-14% and 0.2% cf. 4-7%, respectively). The results obtained for triclosan 
were consistent with those reported in a validation study of the CHEM-R WTP model for the 
WTP 25W system (Stevens et al. 2013). It was reported that the CHEM-R WTP model was 
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sensitive to the biodegradation setting for triclosan which was too low and more accurate 
model estimations were obtained by increasing the applied biodegradation rates for triclosan 
10-fold (Stevens et al. 2013). However, the validation study reported excellent predictions for 
simazine using the original CHEM-R WTP model setting for the 25W system as there was 
little removal of this compound according to sampling analysis at the site (Stevens et al. 
2013).  
The CHEM-R WTP model could also overestimate the biological removal of carbamazepine. 
Biodegradation rate constants were not obtained for carbamazepine in the activated sludge 
study due to its recalcitrance to biological treatment. A half-life of 835 h for carbamazepine 
for activated sludge treatment was presented in the literature (Fernandez-Fontaina et al. 2013). 
It is reasonable to assume that the half-life of this compound in the MLSS used in this study 
could be even longer. The original model setting of the half-life for carbamazepine was 105.7 
h, generating a biological removal of 37% in the aeration tank; much higher than can be 
reasonably expected given published values and experimental observations. 
Investigation of whether the predicted fate and overall removal of MPs in the entire 55E 
activated sludge process (including anaerobic zone, anoxic zone, aeration zone and clarifier) 
could be affected by the adjusted model inputs was also conducted. The percentage removal 
via each mechanism (biodegradation, solids adsorption and volatilisation) and the percentage 
of the five MPs remaining in the effluent predicted by the original and adjusted model inputs 
are summarised in Figure 8-3. It is evident that the overall removal of simazine was 
significantly underestimated by the original model setting. The overall removal of triclosan 
was moderately underestimated (by 15%) using the original model setting compared with the 
adjusted model settings. Similar results were obtained for 2,4-D (underestimated by 14%) 
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except for the model adjusted with the setting obtained for June for which similar predictions 
were obtained by the original and adjusted models.  
 
Figure 8-3 Comparison between original and adjusted model outputs – overall removal and fate (%) 
of diuron, sulfamethoxazole, triclosan, 2,4-D and simazine in the 55E activated sludge process 
 
The overall removal of diuron and sulfamethoxazole was less influenced by the use of the 
adjusted biodegradation rates in the aeration tank. Approximately 70% overall removal was 
obtained for these two compounds in both the original and adjusted model predictions (less 
than 8% difference for all instances).  
The differences between the original and adjusted model predictions were mainly due to the 
increased or decreased aerobic biodegradation percentage removal of the MPs resulting from 
the adjusted model inputs. The percentage removal via sorption and volatilisation (latter was 
negligible for all compounds) was barely affected by the adjustment for diuron, 
sulfamethoxazole and 2,4-D. The removal of triclosan and simazine via sorption was 
overestimated using the original model by approximately 14% and 31%, respectively. In 
general, the model predications were in relatively good agreement for the original and 
adjusted values. This could be due to the adjustments being made only for the biodegradation 
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in the aeration tank. The removal of MPs in the primary and anoxic zones in the 55E lagoon 
system was not studied in this investigation.  
8.1.3.2 Temperature effects on the biological removal of MPs in the aeration tank 
The temperature dependency of the biological removal of MPs in the aeration basin was 
studied using the adjusted CHEM-R WTP fugacity model. Table 8-3 summarises the 
biodegradation rate constants at various temperatures calculated using the Arrhenius equation, 
as well as the converted half-lives which served as adjusted model inputs. In Chapter 4, the 
Arrhenius plots were only successfully developed for 2,4-D, sulfamethoxazole, triclosan and 
caffeine due to the limited biodegradation rates obtained for the recalcitrant MPs, 
carbamazepine, simazine and diuron. The data for caffeine is not presented as it was not 
included in the current version of CHEM-R WTP model. 
 
Table 8-3 Estimated biodegradation rate constants kb (L gTSS
-1
 d
-1
) and converted half-lives t1/2 (h) for 
2,4-D, sulfamethoxazole and triclosan at temperatures ranging from 5 to 30 °C 
Temperature 
(°C) 
2,4-D Sulfamethoxazole Triclosan 
kb (L gTSS
-1
 d
-1
) t1/2 (h) kb (L gTSS
-1
 d
-1
) t1/2 (h) kb (L gTSS
-1
 d
-1
) t1/2 (h) 
5 0.98 100 0.02 630 0.5 260 
10 1.2 85 0.03 420 0.8 170 
15 1.5 69 0.05 280 1.0 110 
20 1.9 56 0.07 180 2.0 69 
25 2.4 35 0.11 74 3.0 26 
30 3.00 23 0.18 28 5.0 9.0 
 
The adjusted CHEM-R WTP model outputs indicating the effect of temperature on the 
percentage removal via biodegradation in the 55E aeration tank are summarised in Figure 8-4. 
It is evident that the removal of 2,4-D was higher than for the other two compounds 
regardless of the temperature in the range studied. However, close values for percentage 
removal were obtained for these three compounds at 30 °C (21%, 19% and 17% for 2,4-D, 
triclosan and sulfamethoxazole, respectively). A temperature increase in the range of 10 to 
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25 °C resulted in a prediction of 50% increase in biodegradation for 2,4-D, while 140% and 
200% increases were estimated for sulfamethoxazole and triclosan. The less significant 
temperature effect for 2,4-D was consistent with its higher kb and lower Ea values than for the 
other two compounds (Thompson et al. 2011).  
Similar and low biodegradation removal was obtained for sulfamethoxazole and triclosan at 
temperatures ranging from 5 to 15 °C with significant increases up to 30 °C. These results 
were also in close agreement with the biological removal observed for these two compounds 
during activated sludge treatment with regard to seasonal variation in Chapter 4.  
 
 
Figure 8-4 Modelled effect of temperature on the biological removal (%) of MPs in the aeration tank 
 
8.1.4 Summary and recommendations 
Based on the existing fugacity model for the 55E lagoon system in the WTP, adjustments 
were made with a view to improving the accuracy and confidence of the model predictions. 
The biodegradation half-lives of MPs in the aeration tank in the existing model were 
estimated based using BIOWIN software which produces results with an inherent level of 
uncertainty. Replacement of the values by the experimentally obtained biodegradation half-
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lives obtained in the activated sludge study in Chapter 4 revealed that the existing model 
could either overestimate or underestimate the biological removal (%) of MPs in the aeration 
tank in the 55E system. However, it was shown that the adjusted model input showed limited 
impact on the predicted overall removal of the MPs during the full treatment of the 55E 
activated sludge process as the adjustments were applied only to the aeration zones within the 
system.  
The effect of temperature was also studied using adjusted CHEM-R WTP fugacity models. 
The temperature dependent biological removal of 2,4-D, sulfamethoxazole and triclosan in 
the aeration tank was assessed using temperature corrected half-lives as adjusted model 
inputs. The predicted removal of 2,4-D via biodegradation was less influenced by 
temperature than the other two compounds, especially in the environmentally relevant 
temperature range of 10 – 25 °C. 
It is recommended that future studies be extended to other treatment processes within the 55E 
lagoon system. Since the anoxic degradation processes follow completely different 
mechanisms from the aerobic biodegradation, batch experiments should be performed under 
anoxic conditions to obtain half-lives of MPs in the primary and anoxic tanks, enabling 
further adjustments of the model. Moreover, as mentioned in Chapter 4, there is a possibility 
of the presence of different microbial communities dominating in the wastewater during 
different seasons, which could lead to the seasonal variations observed for the biodegradation 
rates of MPs, even when biomass concentrations are normalised. Therefore, it is 
recommended that a bioassay of the MLSS samples collected over a year be undertaken to 
assist a better understanding of the seasonal biodegradation rates obtained for the MPs during 
activated sludge treatment.  
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Due to the recalcitrance to biodegradation of simazine, diuron and carbamazepine at lower 
temperature, their degradation rates were not obtained and the so Arrhenius plots were not 
able to be developed for these compounds. Little information was found in the literature with 
regard to their temperature dependent biodegradation rates. Therefore, temperature-correction 
data could not be used for these compounds in this study. It is recommended that temperature 
dependent biodegradation rate constants of these compounds be obtained under optimum 
experimental conditions (with those rate constants that could be obtained) or from reported 
values when available in the future. Moreover, as the site sampling data was not available for 
the 55E lagoon system in the WTP, it was not possible to perform external validation on the 
adjusted models. It is recommended that a future validation study be performed for the 55E 
system by analysing the sampled wastewater at various points, preferably in different seasons 
(and so at different temperatures and potentially with different microbial flora present in the 
samples). 
 
8.2 Development of a modified QWASI fugacity model for the wastewater lagoons 
As mentioned in Section 8.1, the existing CHEM-R WTP model was developed for the 
activated sludge process and is not suitable for the sequential lagoons (Ponds 5-10) in the 
Path1b (Figure 8-1).  
An aim of this component of the work was to establish a modified QWASI fugacity-based 
mass balance model to investigate the fate and removal of MPs with different 
physicochemical characteristics in the 55E lagoons. A key reason to use this type of model 
was that it could yield continuous fugacity values in the water, air, and sediment phases that 
could easily be transformed into predicted concentrations (Kilic and Aral 2009). A 
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probabilistic approach was then undertaken to enable sensitivity and uncertainty analysis for 
the model, which could address the variability issues generated by the input parameters.  
8.2.1 Introduction 
The QWASI model is a level III multi-media fate and transport model. It was designed based 
on the fugacity concepts to describe the fate of chemicals in lakes and rivers (Mackay et al. 
1983a, Mackay et al. 1983b). It was used to investigate the fate of a range of chemicals in 
lakes and its predictions have previously been demonstrated to match onsite measurements 
(Mackay and Diamond 1989). A modification to the QWASI model was developed to take 
into consideration water stratification which occurs in rivers and lakes in summer (Ling et al. 
1993). Application of QWASI models for both lakes and rivers has been expanded to study 
more complex multi-compartment systems such as segmented lakes (Diamond et al. 1994) 
and a number of well mixed connected river reaches (Kilic and Aral 2009, Warren et al. 
2005). 
To date, limited study has been conducted on the application of QWASI models to water or 
wastewater treatment systems. The multi-compartment theory developed for lakes has been 
applied to an Indian reservoir (Warren et al. 2002) and was considered to be suitable for the 
wastewater lagoons in this project. The modified model was developed for the first lagoon 
downstream of the activated sludge process (Pond 5). Based on the QWASI model theory, a 
four-compartment pond system including air, water (photolytic and non-photolytic layers), 
surface sediment and buried sediment was constructed. The interactions between the 
photolytic (named photolytic layer) and non-photolytic (named water column) water 
compartments were analysed using the stratification approach proposed by Ling et al. (1993).  
The modified QWASI model was developed based on the following assumptions:  
1. Complete mixing within each compartment;  
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2. Buried sediment settles but is not removed, or only periodically removed (considered as a 
negligible sediment removal rate), according to the finding reported by O'Connor and Wilson 
(2011);  
3. Homogeneity was assumed for the sediments in the lagoons with representative 
characteristics for the construction of the QWASI type fugacity model, as done by Ling et al. 
(1993). 
As photodegradation was demonstrated to be an important removal pathway for some MPs, 
the QWASI model was modified by adding the photolytic removal to provide a more accurate 
understanding of the fate and transport of the target compounds within the system. To avoid 
generating uncertainty by the use of software estimated model inputs, chemical properties 
which determine the fate of the seven MPs were obtained experimentally. Properties 
including photodegradation rate constants (obtained in Chapter 5), water and sediment 
degradation/transformation rate constants (obtained in Chapter 6) and sorption coefficients 
(obtained in Chapter 7) were used as model inputs to generate locally specific model 
predictions. Initially a simple model was developed for Pond 5. Then a multi-stage sequence 
application was used to treat the sequential lagoons as a multi-segment system, which 
increased the complexity of the modified QWASI model.  
In addition, uncertainty and sensitivity analysis were performed for the model using a 
probabilistic approach. For model inputs exhibiting a degree of variability, such as the lagoon 
inflow rates and the different experimentally obtained degradation rates over a year, the 
uncertainty analysis could investigate the cumulative influence of these variables on the 
model predictions. The sensitivity analysis could indicate how sensitivity was a model output 
to an uncertain model input parameter. The average values obtained based on the varied data 
were used as static model input settings. The probabilistic inputs were obtained based on the 
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distributions defined for the observed variability of input parameters. For the probabilistic 
model inputs, sensitivity and uncertainty analysis tools were used to assess the impacts of the 
variability of probabilistic model parameters on model predictions.   
8.2.2 Interactions between compartments  
Based on the results obtained in Chapter 5 and the wastewater profiling data collected for 
Chapters 6 and 7, a lagoon is regarded as a four-compartment system including a photolytic 
layer, water column containing suspended particles, surface sediment and buried sediment. It 
was considered that adjacent compartments can interact with each other and MPs are 
transported between compartments in contact with one another. Three types of interactions 
were involved between these compartments including diffusive flux processes, mass transfer 
or material flux processes and reactive processes (Mackay 2001).  
 Diffusive flux processes were involved at the air-water interface (generally known as 
volatilisation and absorption), at the water-sediment boundary and the photolytic layer 
and water column boundary.  
 Mass transfer or material flux processes considered were wet and dry deposition from air 
to water, the deposition of particles in water onto sediments, the resuspension of particles 
from sediments and the burial of sediment from surface sediment. 
 Reactive processes occur in the water compartments (photolytic layer and water column) 
and the surface sediment compartment. The MPs were degraded or transformed following 
pseudo first-order reactions which cause the system to remove the compounds.  
Chemicals in the surface sediment layer were considered to be exchanged with the overlying 
water column, while the chemicals in the buried sediment were assumed to be isolated from 
sediment-water exchange, according to the work of Ling et al. (1993). These interactions are 
regarded as mass transport or transformation processes for chemicals within a system. Taking 
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the wastewater flows in and out of a lagoon into account, the processes involved in this 
modified QWASI model are shown schematically in Figure 8-5. It is worth noting that 
another mass transfer process is advection due to wind driven mixing. Its effects can be 
described by the diffusion coefficient within the model and a physical flux is not shown in the 
figure. 
 
Figure 8-5 Mass transport and transformation processes of MPs in each compartment considered in 
this modified QWASI model  
 
These transportation or transformation fluxes can be calculated based on experimental or 
literature data and were defined as G values (m
3
 h
-1
). The obtained G values were multiplied 
by the appropriate fugacity capacities and converted to fugacity transportation constants for 
each target compound for a specific compartment, which were defined as D values (m
3
 h
-1
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and were calculated as in the following Equations, according to the method of Mackay (2001). 
For chemical transport by diffusion, D values were calculated as: 
                                                                                                         Equation 8-2 
Where KM (m h
-1
) was the mass transfer coefficient between the compartments involved and 
A (m
2
) represented the surface area of water and sediment.  
For chemical transport by advective flow, D values were expressed as: 
                                                                                                         Equation 8-3 
Where G was the mass flow rate (m
3
 h
-1
). Due to the limited amount of available data, the G 
values for the wet/dry deposition rates and sediment movement rates were estimated based on 
literature data (presented in Section 8.2.5.2). 
For chemical transport by reaction, D values were calculated: 
                                                                                                         Equation 8-4 
Where kR (h
-1
) was the transformation/degradation rate constant and V (m
3
) represented the 
volume of water and sediment. In this study, the pseudo first order decays were used to 
account for the degradation of MPs. 
8.2.3 Fugacity capacity calculation 
The fugacity capacity values for MPs in each phase were calculated using Equations 8-5 – 8-
8, as per Mackay (2001). The fugacity capacity values of suspended sediments and particles 
in water were assumed to be the same as that of sediments because they share similar 
physical characteristics. 
In air:       
 
  
                                                                                                Equation 8-5 
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In water:         
 
 
                                                                                        Equation 8-6 
In sediment:                                                                                   Equation 8-7 
In aerosol:          
           
  
                                                                        Equation 8-8 
Where R (8.314 Pa m
3
 mol
-1
 K
-1
) was the universal gas constant, T (K) was the ambient 
temperature, H (Pa L
3 
mol
-1
) was the Henry’s Law constant, kd was the solid-water partition 
coefficient, ρs (kg m
-3
) was the density of solids, P
S
L (Pa) was the vapour pressure. 
Both air and water phases contain particles of aerosols and suspended particles. These 
particles provide solid surfaces available for chemical adsorption. Similarly, sediments 
normally generate a porous medium where the pores are filled with water therefore sediments 
are only partially comprised of solid material. In this case, bulk fugacity capacity was 
estimated based on the volume fraction of solid materials for each phase (as well as for 
inflow water) to represent their physicochemical characteristics (Equations 8-9 – 8-12).  
Bulk air:                                                                                 Equation 8-9 
Bulk water:                                                                        Equation 8-10 
Bulk sediment:                                                                    Equation 8-11 
Inflow:         
                                                           
                                   
           Equation 8-12 
Where na was the volume fraction of aerosols in air, nw was volume fraction of particles in 
the water, ns was the volume fraction of solid particles in a sediment, Z water particle was the 
fugacity capacity of the water particle, G water inflow was the water inflow flux and G water inflow 
particle was the inflow water particle flux.   
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The volume fraction of aerosols was assumed to be 2 × 10
-11 
and the fraction of solid 
materials in sediments was estimated as 15% by volume (Mackay and Diamond 1989). The 
concentration of solids in water (mg L
-1
) (known as lagoon SS data) was measured 
periodically and was available as a WTP plant operation parameter and the volume fraction 
of particles in water was calculated accordingly. 
8.2.4 Construction of the modified QWASI model 
Based on the QWASI model developed by Mackay (2001), the modified QWASI model was 
established using Microsoft Excel spreadsheets. The D values obtained for each transport flux 
were multiplied by the appropriate fugacity value in each compartment for the construction of 
mass balance equations. In structure, the model consisted of a calculation worksheet and a 
series of database worksheets that are referenced by the calculation worksheet. Referencing 
was achieved using the Excel LOOKUP function. As mentioned previously, the model 
contained both static and probabilistic inputs, switching of input data was achieved using the 
Excel IF function. The calculation worksheet also includes summary tables and graphs of key 
model outputs.  
Three fugacity-based mass balance equations were established for the wastewater lagoon to 
illustrate the fate of MPs in the compartments via the transportation processes discussed in 
section 8.2.2. Within the four-layer lagoon, chemicals in the buried sediment were assumed 
to be isolated from the sediment-water exchange and only one chemical transport flux 
occurred. The mass balance approach assuming steady-state exists was expressed as: 
                                 ∑                   
Therefore, the mass balance equations in the sediment, water column and photolytic layer 
were expressed as: 
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In sediment: fSS (DB + DR + DT + DS) = fW (DD + DT)                                 Equation 8-13 
In water column: fW (DT + DD + DW + DPW + DPWP + DWJ + DWY) = fS (DR + DT) + fP (DPW + 
DWPP) + fI (DWI + DWX)                                                                                  Equation 8-14 
In photolytic layer: fP (DPW + DWPP + DPHOTO + DPY + DPJ + DV) = fI (DPI + DPX) + fA (DQ + 
DC + DM + DV) + EW + fW (DPW + DPWP)                                                        Equation 8-15 
Where f was the fugacity, the subscripts BS, SS, W, P, A and I referred to buried sediment, 
surface sediment, water column, photolytic layer, air and inflow, respectively. The D value 
subscripts and D value calculations are defined in Table 8-4. Note that Ew was the direct 
emission of MPs into the system and was assumed to be zero.  
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Table 8-4 D value subscripts and calculations 
Process  Symbol D value calculation 
Water inflow to photolytic layer DPI Z Water × GPI 
Water particle inflow to photolytic layer DPX Z Sediment × GPX 
Rain dissolution DM Z Air × GM 
Dry deposition (aerosol) DQ Z Aerosol × GQ 
Wet deposition DC Z Aerosol × GC 
Absorption (air-water diffusion) DV Z Water × KV × A Water 
Volatilisation (water-air diffusion) DWV Z Water × KV × A Water 
Photolytic transformation DPHOTO Z Water × KP × VP Water 
Water outflow DPJ Z Water × GPJ 
Water particle outflow DPY Z Sediment × GPY 
Water inflow to water column DWI Z Water × GWI 
Particle inflow to water column DWX Z Sediment × GWX 
Water transformation DW Z Water × KW × V Water 
Water column to photolytic layer diffusion DPW Z Water × KPW × AP Water 
Photolytic layer to water column diffusion DWP Z Water × KPW × AP Water 
Water column to photolytic layer particle diffusion DPWP Z Water × KPW × AP Water 
Photolytic layer to water column particle diffusion DWPP Z Water × KPW × AP Water 
Water outflow from column DWJ Z Water × GWJ 
Particle outflow from column DWY Z Sediment × GWY 
Sediment to water diffusion DT Z Water × KWS × A Water 
water to sediment diffusion DT Z Water × KWS × A Water 
Sediment resuspension DR Z Sediment × GR 
Sediment deposition DD Z Sediment × GD 
Sediment transformation DS Z Sediment × KS × Sediment 
Sediment burial DB Z Sediment × GB 
 
There were five fugacities in the equations and three of them were unknown (fSS, fW and fP). 
Using the measured concentrations of MPs in the lagoon inflow, the fugacity in the 
compartment was deduced and the mass balance was solved for the 
transportation/transformation D values. The model would then predict the steady-state 
concentrations of MPs in each compartment and the transportation and/or transformation 
flow rates of the MPs moving through the system. The key outputs generated by the 
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modelling process were the fate of MPs - percentage of removal (out of the system) via 
volatilisation, water reaction, sediment reaction, sediment burial and outflow, as well as the 
overall residence time of compounds in the system indicating the persistence of the MPs.  
8.2.5 Acquisition of data for the model 
8.2.5.1 Physicochemical data on MPs studied 
Physicochemical properties of the target compounds were obtained from literature and are 
summarised in Table 8-5. The Henry’s Law constant of a MP was calculated by dividing the 
solubility of a compound with its vapour pressure.  
Table 8-5 Physicochemical properties of the target MPs 
              Property 
MPs 
Molar Mass 
(g mol
-1
) 
Vapour Pressure 
(Pa) 
Solubility  
(mg L
-1
) 
Henry’s Law constant 
(Pa.m
3 
mol
-1
)
g
 
2,4-D 221.0 0.003 
a
 0.60
 a
 3.7 
Caffeine 194.3 4.96× 10
-5 f
 22.00
 c
 4.38× 10
-4
 
Carbamazepine 236.3 7.71× 10
-5 f
 17.70
 d
 1.03× 10
-3
 
Diuron 233.1 1.10× 10
-3a
 36.40
 a
 7.04× 10
-3
 
Simazine 201.7 2.95× 10
-3e
 6.20
 e
 9.60× 10
-2
 
Sulfamethoxazole 253.3 2.49× 10
-7f
 0.37
 b
 1.71× 10
-4
 
Triclosan 289.5 4.35× 10
-3f
 2.90
 f
 0.43 
a. Tomlin (1997) b. MartÍnez and GÓmez (2002) c. Pérez et al. (2005) d. Paschke et al. (2007) e. 
Tomlin (2009) f. Scifinder (2017) g. Calculated values 
 
Other fate determining properties, including the photodegradation rate constants, water and 
sediment transformation rate constants and solid-water coefficients, were obtained via 
replicate experiments and the results were presented in Chapters 5, 6 and 7. Table 8-6 
summarises the fugacity capacity constants, Z, which were calculated based on the chemical 
property data obtained using Equation 8 – 12 presented in section 8.2.3. 
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Table 8-6 Summary of the calculated fugacity capacity constants (mol.Pa
-1
m
-3
) for MPs 
                    MPs 
Z values 
2,4-D CAF CBZ DUR SMZ SMX TCS 
Z Air 4.0×10
-4
 4.0×10
-4
 4.0×10
-4
 4.0×10
-4
 4.0×10
-4
 4.0×10
-4
 4.0×10
-4
 
Z Water 2.7×10
-1
 2.3×10
+3
 9.7×10
+2
 1.4×10
+2
 1.0×10
+1
 5.9×10
+3
 2.3 
Z Sediment 6.7 3.0×10
+5
 1.0×10
+5
 8.5×10
+3
 3.6×10
+2
 9.4×10
+4
 8.0×10
+3
 
Z Aerosol 2.4×10
+5
 4.9×10
+7
 3.1×10
+7
 2.2×10
+6
 8.2×10
+5
 9.7×10
+9
 5.6×10
+5
 
Z Bulk Air 2.7×10
-1
 1.4×10
-3
 1.0×10
-3
 4.5×10
-4
 4.2×10
-4
 2.0×10
-1
 4.2×10
-4
 
Z Bulk Water 2.7×10
-1
 2.3×10
+3
 9.7×10
+2
 1.4×10
+2
 1.0×10
+1
 5.9×10
+3
 2.4 
Z Bulk Sediment 1.2 4.7×10
+4
 1.6×10
+4
 1.4×10
+3
 6.3×10
+1
 1.9×10
+4
 1.2×10
+3
 
Z Inflow Water 2.7×10
-1
 2.3×10
+3
 9.7×10
+2
 1.4×10
+2
 1.0×10
+1
 5.9×10
+3
 2.3 
 
8.2.5.2 Flow rates 
Atmospheric deposition parameters were estimated based on another modified QWASI 
model (Ling et al. 1993), with assumptions for aerosols having particles with density of 1500 
kg m
-3
, and concentration of 30 µg m
-3
 in the air. The aerosol deposition velocity was 
assumed to be 7.2 m h
-1
, and a scavenging ratio (volume of air/volume/rain) of 200,000 (Ling 
et al. 1993). An average annual rainfall of 600 mm was obtained from the Bureau of 
Meteorology for Melbourne. These data resulted in a dry particle deposition rate of 2.81 × 10
-
5
 m
3
 h
-1
 and a wet particle deposition rate of 5.34 × 10
-5
 m
3
 h
-1
. The sediment flow rates (m
3
 
h
-1
) for different movement processes were also calculated based on the sediment movement 
rates (g m
-2
 d
-1
) obtained from Ling et al. (1993). Basic movement rates reported were used 
for the estimation of the sediment deposition, resuspension and burial rates in the lagoon. The 
reported basic sediment movement rates (g m
-2
.d
-1
) and the calculated sediment flow rates for 
the Pond 5 inflow (m
3
 h
-1
) are summarised in Table 8-7. 
Table 8-7 Summary of the sediment movement rates (g m
-2
d
-1
) in lagoon 
 Basic sediment movement rate (g m
-2
 d
-1
) Calculated sediment flow rates (m
3
 h
-1
) 
Deposition: GD 6 1.88 × 10
-2
 
Resuspension: GR 1.63 5.09× 10
-3
 
Burial: GB 4.36 1.36× 10
-2
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8.2.5.3 Mass transfer coefficients 
For the air-water required in the calculation of diffusion between phases, the two-film theory 
was used in this study (Valsaraj and Melvin 2000):  
 
  
 
 
  
 
 
   
                                                                                                      Equation 8-16 
where Kv was the air-water mass transfer coefficient, KL was the liquid side mass transfer 
coefficient, K
G was the gas side mass transfer coefficient, and H was the Henry’s Law 
constant. The liquid and gas side mass transfer coefficients were obtained from Valsaraj and 
Melvin (2000). The air-water mass transfer coefficients were calculated for each MP 
respectively and the results are summarised in Table 8-8. The influence of wind on the 
diffusion process was not included in the scope of this study. The sediment-water mass 
transfer coefficients were taken from Ling et al. (1993), and the photolytic column diffusion 
rate was obtained from another lake model described by Mackay (2001). The sediment-water 
mass transfer coefficient was 6 × 10
-4
 m h
-1 
and photolytic-water column diffusion was 0.4 m 
d
-1 
for all compounds. 
Table 8-8 Summary of air-water mass transfer coefficient of the MPs 
Compound 2,4-D CAF CBZ DUR SMZ SMX TCS 
Kv (h
-1
) 6.47× 10
-3
 8.83× 10
-7
 2.08× 10
-6
 1.42× 10
-5
 1.93× 10
-4
 3.44× 10
-7
 8.61× 10
-4
 
 
8.2.5.4 Pond 5 related information  
Further analysis for the specific lagoon system requires information representing the physical 
characteristics of the Pond 5. Operational settings for WTP 55E lagoon Pond 5 supplied by 
the WWTP operators are shown in Table 8-9. It should be noted that the total flow water flow 
and concentration of particles in the water were monitored periodically at the WTP over the 
years, and only average values are shown in Table 8-9. However, some specific information 
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was not available (e.g., density of solids, volume fraction of particles in the air and sediment) 
and so assumptions from similar models were adopted. These values can be changed in the 
developed model and future adjustments can be achieved once relevant information becomes 
available.  
Table 8-9 Summary of lagoon (Pond 5) physical and operating parameters 
Photolytic layer Depth (m) 0.1 
Water column Depth (m) 1.3 
Surface sediment Depth (m) 0.003 
Photolytic layer Area (m
2
) 195000 
Water column Area (m
2
) 195000 
Surface sediment Area (m
2
) 195000 
Photolytic layer Volume (m
3
) 19500 
Water column Volume (m
3
) 254000 
Surface sediment Volume (m
3
) 58500 
Average total Water flow (m
3
 h
-1
) 8460 
Density of solids in water and sediment (kg m
-3
) 2600 
Density of solids in aerosol (kg m
-3
) 1500 
Organic fraction of particles or sediment 0.126 
Average volume fraction of particles in water 5.50 × 10
-3
 
Volume fraction of particles in sediment 0.15 
Volume fraction of aerosol in air 2.00 × 10
-11
 
  
The amount of MPs carried in the inflow water was also required as a model input. As this 
data was not available for the 55E lagoon system, sampling results reported for the 25W 
lagoon system in a validation study  (Stevens et al. 2013) were used as the best estimation 
here. The concentrations of MPs in the 25W secondary clarifier (inflow to the sequential 
lagoons) that they reported are summarised in Table 8-10. Multiple sample measurements 
were conducted and for some samples the measured concentration was below the limit of 
detection (< LOD). Again, once information related to the 55E lagoon system becomes 
available, adjustment can be made to replace these model inputs. 
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Table 8-10 Summary of assumed concentration (µg L
-1
) of MPs in the lagoon inflow  
               Sampling date  
Compound  
22/11/10 24/11/10 25/11/10 2/12/10 16/12/10 7/02/11 
2,4-D 36 19 86  < 0.06  0.33 1.4 
Caffeine 0.04 < 0.03  0.08 0.06   0.05    < 0.03  
Carbamazepine 0.38 0.42 0.63 0.31 0.3 0.3 
Diuron 0.27 0.31 0.46 0.2 0.15 0.17 
Simazine 0.34 0.28 0.27 0.18 0.1 0.88 
Sulfamethoxazole 0.28 0.35  < 0.06  0.29 0.26 0.13 
Triclosan < 0.06 0.06 0.09 0.08   0.09  < 0.06  
 
8.2.6 Internal and external consistency checks  
In order to ensure that model calculations were internally consistent, a mass balance check 
was performed for the overall process to ensure that the chemical balance closed. For the 
external consistency check, it was suggested that the model results could be compared with a 
third party model to validate its predictions (O'Connor and Wilson 2011). However, well 
recognised third party models were commonly developed to describe the conventional 
activated sludge treatment (such as the EPI Suite STP model). This made the comparison 
difficult to achieve due to the design complexity of the lagoon system as the differences in 
model outputs could be attributed to the unique features of the lagoon system and due to 
coding errors.  
An internal consistency check would be sufficient to ensure that output data could correctly 
reflect all the inherent equations, values of input parameters and simplifying assumptions. 
The model could be simply used as an evaluative tool to provide a description of the principal 
fate and transport processes. Then the model results could be used illustratively rather than 
reflecting the real situation and no external validation is required (Mackay et al. 2014). On 
the other hand, if the model is used as a predictive or simulation tool, it would be better to 
conduct a thorough validation by comparing the model predicted results with the field data. 
However, the site sampling data was not available for the 55E lagoon system and the data 
  
 
162 
collected for the 25W system was for the sequential lagoons rather than for a single pond. In 
this case, the model external consistency check was performed by comparing the results 
estimated by the multi-pond model constructed for the sequential lagoons with the reported 
25W field data. This check could provide some illustrative indications regarding the validity 
of the modified QWASI model.  
8.2.7 Modelling results and discussion 
The fugacity fate modelling for all seven MPs showed that each compound had distinct 
pathways in which these chemicals were predicted to be removed from Pond 5 in the 55E 
lagoon. The detailed fate of 2,4-D predicted by the model is shown in Figure 8-6 as an 
example here. The complete details for the other compounds can be found in Appendix B.  
 
Figure 8-6 Process details of the predicted fate of 2,4-D 
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8.2.7.1 Single lagoon – Pond 5 
Two types of key modelling outputs were evaluated in the discussion: the percentage removal 
of MPs from the pond system via each pathway and the residence time of each MP in the 
overall system. The residence time was the time required for the removal of the total mass of 
the compound in the pond system (lagoon). It represented the persistence of a MP and was 
defined using the terms which represent net system losses as follows using the method 
suggested by Whelan (2013): 
                        
  
  
                                                                          Equation 8-17 
Where MT represents the mass of material (kg) in the bulk water phase and JT (kg h
-1
) is the 
total flux of material out of the bulk water phase. 
The key model predictions indicating the fate of the MPs in the lagoon during wastewater 
treatment are shown in Figure 8-7. The model predicted that for all the MPs studied, most of 
each of the target compounds (65 – 95%) remained in the lagoon outflow. However, these 
MPs behave differently: the lowest percentage removal was obtained for carbamazepine, and 
the highest for triclosan. Due to the resistance of carbamazepine to biological treatment, 
almost all of its removal was attributed to its sunlight-induced photodegradation in the 
photolytic layer. This finding suggested that the wastewater lagoons exposed to the natural 
environment could be considered as the most effective treatment method for carbamazepine 
compared with other processes. Substantial removals of triclosan (35% and 34%) and 
sulfamethoxazole were predicted, which was mainly attributed to their photolytic reactions, 
while their transformation in the water column also played a role. It was also interesting to 
see that although the hydrophobicities of sulfamethoxazole and triclosan were very different 
(as shown in Chapter 7), their disappearance was dominated by their photodegradability, 
regardless of their hydrophobicity.  
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Figure 8-7 Single-pond model output – overall % removal of MPs  
 
In contrast to sulfamethoxazole and triclosan, approximately 20% removal of caffeine was 
obtained, which was mainly due to its transformation in the water column while 
photodegradation played a minor role. More than 85% of diuron and simazine were 
determined to remain in the outflow and transformation/degradation mainly accounted for 
their removal from the lagoon wastewater. This was reasonable considering their low 
potential to photodegrade or to be adsorbed to the solid phase (observations from Chapters 5 
and 7). The large proportion of removal of 2,4-D via sediment reaction (8.1% out of 20% 
total removal) was not expected considering that the degradation/transformation rate 
constants of all the MPs in the lagoon sediment were much lower than those reported in the 
activated sludge process. It appeared that the fugacity of 2,4-D in the sediment compartment 
was much higher than for the other MPs, indicating that 2,4-D tended to accumulate in the 
sediment phase. This is particularly noteworthy considering that 2,4-D is normally used as a 
herbicide. A hypothesis was that similar accumulation of 2,4-D might also occur in the soil 
where applied. Also, the removal of 2,4-D via volatilisation could be considered as very high 
(4.6%) compared with the other compounds for which it was negligible. This could be 
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explained by the markedly higher water-air mass transfer coefficient (Table 8-8) of 2,4-D 
than the other MPs. 
Another key output estimated by the model was the overall residence time of MPs in the 
lagoon system. The model predicted long residence time in the pond system for 
carbamazepine and triclosan (39.0 and 38.0 d, respectively) and much shorter (compared to 
the previous two) for sulfamethoxazole and caffeine (0.6 and 0.7 d, respectively) (Table 8-11). 
The long residence time for carbamazepine was due to its slow degradation and persistence, 
while for triclosan this could be due to its accumulation in the sediment. These will be further 
analysed in the uncertainty and sensitivity study in Section 8.2.8. The high water-solid 
coefficient of triclosan indicated that it would more readily remain in the sediment in the 
system. The short residence time of sulfamethoxazole was expected considering its primary 
removal pathway was via photodegradation and it did not significantly adsorb to the solid 
phase, allowing most of it to be removed quickly in the photolytic layer. The low 
concentration of caffeine in the lagoon inflow could explain its short residence time as the 
total mass input of this compound was low, making its removal process faster than for the 
other compounds (except for sulfamethoxazole).  
Table 8-11 Single-pond model predicted overall residence time of MPs in Pond 5 
Compound Total mass in system MT 
(kg) 
Total system output JT 
(kg y
-1
) 
Overall residence time 
(d) 
2,4-D 29.5 1600 6.9 
Caffeine 0.01 3.3 0.7 
Carbamazepine 2.3 21.0 39.0 
Diuron 0.04 14.0 1.1 
Simazine 0.07 19.0 1.4 
Sulfamethoxazole 0.02 14.0 0.6 
Triclosan 0.46 4.5 38.0 
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8.2.7.2 Application of the model to sequential lagoons – Pond 5 – 10  
As the 55E lagoon system consists of six sequential lagoons to treat the secondary effluent 
released from the activated sludge process (Figure 8-1), the treatability of the MPs in the 
other five lagoons was investigated via modelling. The sequential lagoons were treated as a 
multi-segment system. The outflow of one pond was regarded the inflow of the subsequent 
pond. An additional five single-pond models were constructed using the same methods 
described previously for this purpose. For each MP, the outflow concentration was calculated 
using the single-pond model and then used as the input for the next single-pond model. Apart 
from the different surface area and volumes set for each lagoon (Table 8-12, obtained from 
the plant operator), the other plant operating parameter settings were the same for each 
separate single-pond model. The water flow rate was assumed to be constant through all 
lagoons. The same experimentally obtained model inputs were used. 
Table 8-12 Physical parameters for (Pond 6 - 10) in the multi-pond model   
Pond Total Volume (m
3
) Surface area (m
2
) 
6 544000 282000 
7 595000 308000 
8 490000 254000 
9 458000 238000 
10 463000 241000 
 
Due to the limitation of the data available for the 55E lagoon system, the 25W lagoon system 
data was used for comparison and validation purposes. The reported concentrations of MPs in 
the Pond 5 inflow and Pond 10 outflow for the 25W lagoon system are presented in Table 8-
13, as well as the multi-segment model predicted concentrations of MPs in the Pond 10 
outflow. As the treatment processes in the 25W and 55E systems are similar, these results 
could be used indicatively. For quantitative analysis, site sampling measurements need to be 
conducted.  
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Table 8-13 Multi-pond model output – comparison of the concentration of MPs (μg L-1) in measured 
and predicted P10 outflow 
Compound P5 Inflow 
25W reported 
P10 Outflow 
25W measured 
P10 Outflow 
Model predicted 
2,4-D 29.0 0.36 0.34 
Caffeine 0.06 0.25 0.003 
Carbamazepine 0.39 0.37 0.046 
Diuron 0.26 0.20 0.001 
Simazine 0.34 0.60 0.029 
Sulfamethoxazole 0.26 0.33 0.004 
Triclosan 0.08 <0.06 <0.06 
 
The sampling results indicated good removal of 2,4-D and triclosan from the lagoon system 
while poor removal or even negative removal of the other compounds was observed during 
the treatment. The comparison showed that for triclosan and 2,4-D the outflow concentrations 
predicted by the model were in good agreement with the real site sampling data. However, 
the results also indicated a marked overestimate of the ability of the system for removing the 
other five compounds (especially caffeine and sulfamethoxazole). This could be due to the 
fact that less transformation of MPs would be expected in the sequential lagoons after Pond 5 
since a preliminary field sampling indicated that there was less suspended sediment detected 
in the following ponds. In particular, there was no surface sediment present in Pond 10. No 
sediment removal would be expected in Pond 10 as there is no surface sediment in this pond. 
By decreasing the transformation/degradation rate constants, the concentration of MPs in the 
Pond 10 outflow was increased, which would be closer to the measured data. The negative 
removal of caffeine, diuron, simazine and sulfamethoxazole could be due to the fact that the 
concentration data collected was variable and hence there could be a relatively wide margin 
of uncertainty in the removal calculation. Another possible interpretation of the results was 
that due to the inherent differences between the 25W and 55E systems, the removal 
efficiencies of MPs during the treatments could differ, which would explain the differences 
between the predicted and measured values. Overall, it is concluded that this multi-pond 
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model could only be used to provide some indications of the levels of MPs in the Pond 10 
(end of 55E lagoon system) outflow. For example, it could provide some useful insights into 
the key processes during the wastewater treatment in the system rather than accurately 
predicting concentrations. More accurate predictions could be achieved by analysing the 
potential mass transport fluxes between each pond to fully understand the fate of MPs within 
the sequential lagoon system. Additionally, apart from the internal and external consistency 
checks performed in this study, it is recommended that onsite sampling also be undertaken in 
the 55E lagoon system for external validation of the model. 
8.2.8 Uncertainty and sensitivity analysis 
8.2.8.1 Probabilistic approach  
Fugacity model predictions are only an approximation of the actual fate of compounds (Kilic 
and Aral 2009) and variability and uncertainty are major limiting factors that need to be 
addressed. Uncertainty analysis is an assessment of various sources of uncertainty to the 
model output (Zhang et al. 2013). Due to the lack of knowledge on the model inputs or/and 
the variances in the experiments and environmental conditions, the input parameters would 
have some degree of uncertainty, which could contribute to the overall uncertainty associated 
with the model results (Kim et al. 2013). The main uncertainty addressed here through the 
methodology is the uncertainty generated by the varied model inputs. As mentioned 
previously, some monitored WWTP operating parameters (e.g. temperature; SS data) varied 
over a year and multiple sets of experimental results were obtained for some chemical 
properties (e.g. degradation rates and sorption coefficients), which could lead to cumulative 
uncertainty in the model outputs. 
It should be pointed out that another major source of uncertainty inherent to the input data 
was the series of values obtained from the literature. For example, the dry and wet deposition 
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rate, the sediment movement rates, as well as the water-sediment diffusion coefficient. These 
default values based on assumptions/calculations will create some degree of uncertainty in 
the model output. For instance, the dry deposition rate was calculated based on default values 
obtained from Ling et al. (1993). Compared with the global atmospheric deposition rates, the 
calculated rate used in this model is lower by one order of magnitude than the reported rate 
for the South Pacific area. Therefore, it is suggested that the relative importance of these 
default model inputs to a specific model output needs to be evaluated by sensitivity analysis. 
Additionally, the global reported dry deposition rate can be used as a reference value in the 
future adjustment of the current model. As mentioned above, this thesis only addresses the 
uncertainty generated by the model input variables. In future adjustment of the model, the 
uncertainty associated with the application of the literature values should be addressed. 
A sensitivity analysis can be used to identify the key input parameters and evaluate the 
influences of individual parameters on the outcome variance of the multimedia fugacity 
model (Cao et al. 2004, Zhang et al. 2013). Performing a sensitivity analysis can demonstrate 
the importance of the individual input variables on the model outputs. Where the model is 
shown to be sensitive to a parameter, then uncertainty in the value of that parameter needs to 
be considered carefully. On the contrary, the parameters to which the model is insensitive can 
be estimated with less precision (Whelan 2013). For example, in this study, the field data of 
the concentration of MPs in the 55E lagoon inflow was not available and was replaced with 
the 25W lagoon data. The sensitivity analysis would illustrate whether or not this information 
would have a strong influence on the model outputs.  
Therefore, a probabilistic analysis was incorporated into the modified QWASI model to 
identify the model inputs which were most likely to generate uncertain output and influence 
the fate and distribution of the MPs in the lagoon. The uncertainty analysis was used to assess 
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the contribution of each input parameter of interest to the total overall variances and so to 
evaluate the variability and uncertainty associated with the model results. The technique 
selected to quantify the variability in the model predictions was the Monte Carlo simulation, 
which has frequently been used in multi-media fugacity model uncertainty analysis (Cao et al. 
2004, Kim et al. 2013, Wang et al. 2014, Zhang et al. 2013). The Monte Carlo simulation is 
based on a repeated random sampling of the probability distributions of the parameters 
regarded as uncertainty sources (Cao et al. 2004). A Microsoft Excel add-on called @RISK 
from the Palisade Decision Tool Suite (student version 7.5) was used for this probabilistic 
approach. Five thousand Monte-Carlo iterations were applied and were shown to be sufficient 
to ensure consistent results in the preliminary evaluation. Log-normal distribution probability 
density functions were defined for several model inputs, the monitored lagoon operating 
conditions and the experimentally obtained chemical properties. The probability density 
functions would indicate the variability of these parameters. The generated model outputs 
would be cumulative distributions of the fate of MPs based on these variables. The log-
normal distribution was initially tested for these model parameters as it only samples positive 
values and is generally used when mean values are low and variances are large (Kim et al. 
(2013). Based on the performance of the log-normal distribution fitting of the inputs, this type 
of fitting was chosen. 
Distributions fitted from input data related to the plant operation included the sewage inflow 
rate, the concentration of particles in water (SS), the lagoon surface temperature and the 
concentrations of target compounds in the water inflow. The water inflow rates and lagoon 
surface temperatures were based on information collected from 2014 to 2017. The SS data 
was based on plant information collected from 2010 to 2014, and the inflow chemical 
concentrations were based on measurements conducted from November 2010 to February 
2011. Distribution fitted input data related to the MPs included the experimentally obtained 
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degradation rate constants and organic carbon corrected solid-water coefficients. The 
photodegradation rate constants were based on six batches of data collected every two 
months from December 2015 to October 2016. The water and sediment transformation rate 
constants, as well as the sorption coefficients, were based on two batches of experiments 
conducted using samples collected in December 2016 and March 2017. For each batch of 
experiments, replicate data were collected to provide sufficient data required for the 
distribution fitting. The information related to the distributions of the eight probabilistic input 
parameters are summarised in Table 8-14 (generated by @RISK Excel report, the information 
for 2,4-D was used as an example). 
 
Table 8-14 Summary of log-normal distributions of variable input parameters 
Name Graph Min Mean Max 5% 95% 
Lagoon inflow rates 
(ML d
-1
) 
 
107.77 203.41 369.60 155.81 259.2 
Lagoon SS data 
(mg L
-1
) 
 
0.342 13.92 343.69 2.18 40.38 
Lagoon surface 
temperature (
o
C) 
 
5.014 15.356 47.2 9.23 23.56 
2,4D water 
transformation (h
-1
) 
 
6.90 × 10
-6
 0.00141 0.082 0.0001 0.0049 
2,4-D sediment 
transformation (h
-1
) 
 
0.000105 0.0029 0.045 0.00057 0.0079 
2,4-D sorption 
coefficient (h
-1
) 
 
64.47 75.15 86.53 70.8 79.66 
2,4-D inflow 
concentration (ug L
-1
) 
 
0.00119 67.77 26219.15 0.247 239.7 
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8.2.8.2 Results of uncertainty and sensitivity analysis 
The aforementioned seven model inputs defined by log-normal distributions and seven key 
model outputs including the percentage removal of MPs via volatilisation, photodegradation, 
water and sediment transformation, sediment burial and outflow, as well as the overall 
residence time of MPs were analysed in this study. By using fitted distributions as model 
inputs, the output of this probabilistic model would also contain variability and uncertainty. 
The uncertainty analysis was used to assess the contribution of each input parameter of 
interest to the total overall variances and so to evaluate the probability associated with the 
model results. The model analysis of the output data could indicate the variability of the data 
by the probability density functions. The overall sensitivity of a model output to an input was 
determined by the Spearman rank order correlation coefficient between the input and output. 
A positive value indicated a positive relationship while a negative coefficient indicated that 
the input had inverse effects on the model predictions. The larger the absolute value of the 
coefficient, the more significant influence of the variables. Hu et al. (2017) suggested that a 
correlation coefficient > 0.6 indicated a strong relationship between input and output 
parameters, while a value < 0.2 indicated insignificant effect of input parameter on the model 
predictions. The results of uncertainty and sensitivity analysis extracted from the @RISK are 
summarised in Tables 8-15 - 8-28, for each MP.  
2,4-D 
The probabilistic model outputs of 2,4-D are summarised in Table 8-15. It is shown that with 
probability added to the model, the mean value of the predicted fate of 2,4-D was similar to 
those predicted by the static model. However, the probabilistic model predicted a longer 
overall residence time (9.8 cf. 6.9 d) for 2,4-D, indicating the possible persistence of this 
compound. Moreover, the distribution of the predicted residence time, the percentage 
removal of water transformation as well as the percentage removal of outflow displayed large 
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variability. 2,4D could be optimistically removed within half a day or could persist in the 
water for up to two months (57 d). The results of the sensitivity analysis indicated that the 
residence time of 2,4-D could be influenced by several factors (Table 8-16) and the sediment 
transformation rate played a significant role (with a coefficient of -0.65). The percentage 
removal of 2,4-D via water transformation and outflow varied from 0.3-14.5% and from 69.9 
to 85.5%, respectively. The high sensitivity correlation coefficients (-0.8 and 0.95) indicated 
that both of them were strongly influenced by the water transformation rate of 2,4-D. The 
sensitivity analysis revealed that the fate of 2,4-D was dominated by its water transformation 
rate as this model input was linked to all the key outputs predicted by the model. Another 
input which played a major role was the lagoon inflow rate, which influenced the percentage 
removal of 2,4-D via outflow and photodegradation moderately, and influenced the 
volatilization pathway in a major way (coefficient of -0.87). 
 
Table 8-15 Probabilistic model output – 2,4-D 
Key model output Graph Min Mean Max 5% 95% 
Volatilisation / Removal% 
 
1.5% 4.8% 8.0% 3.8% 5.9% 
Outflow / Removal% 
 
19.3% 79.4% 90.4% 69.9% 85.5% 
Photodegradation / 
Removal% 
 
1.1% 3.9% 12.0% 2.2% 6.2% 
Water Transformation / 
Removal% 
 
0.0% 4.2% 75.8% 0.3% 14.5% 
Sediment Transformation/ 
Removal% 
 
1.7% 7.7% 14.1% 5.1% 10.1% 
Sediment Burial / 
Removal% 
 
0.0003% 0.0055% 0.0316% 0.0014% 0.0124% 
Overall residence time 
 
0.5 9.8 56.6 2.5 22.2 
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Table 8-16 Sensitivity analysis – input and output correlation coefficients for 2,4-D 
                        Model output 
Model input  
Volat. Out. Photo. W.T. S.T. S.B. Overall R.T. 
Water transformation rate -0.33 -0.8 -0.15 0.92 -0.28 -0.08 -0.08 
Lagoon inflow rates -0.87 0.46 -0.37 -0.09 -0.61 -0.2 -0.2 
Sediment transformation rate -0.05 -0.12 -0.02 - 0.48 -0.65 -0.65 
Sorption coefficient - -0.01 - - 0.03 0.02 0.02 
Lagoon surface temperature -0.09 0.01 0.01 - - - - 
Lagoon SS data - 0.01 0 - - - - 
MP inflow concentration - - - - - - - 
Photodegradation rate - - - - - - - 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal% ; S.B. = sediment burial 
removal%; Overall R.T. = overall residence time 
 
Caffeine 
The probabilistic output of the model for caffeine showed less variability than for 2,4-D. The 
removal of caffeine via volatilisation was predicted to be consistently negligible (less than 
0.005%) (Table 8-17).  The percentage remaining in the outflow was up to 86% with the least 
(70%) remaining in the outflow, indicating a certain degree of recalcitrance.  
The percentage removal of caffeine via water transformation varied moderately from 9 to 
23%, which can be explained by the sensitivity analysis in Table 8-18. The lagoon inflow rate, 
as well as the photodegradation and water transformation rate constant of caffeine, could 
have an impact on the water transformation of this MP. It was observed that the lagoon 
inflow rate was the dominant factor influencing the fate of caffeine. Moderate to high 
sensitivity correlation coefficients, with absolute values ranging from 0.41 to 0.91, were 
obtained between this factor and the model output, except for percentage removal via 
photodegradation (0.32). However, in terms of the amount of caffeine in the lagoon outflow, 
the water transformation rate had the strongest influence (coefficient of -0.76). In addition, 
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the sediment transformation rate has a strong influence (coefficient of -0.81) on the overall 
retention time of this compound. 
Table 8-17 Probabilistic model output – caffeine 
Key model output Graph Min Mean Max 5% 95% 
Volatilisation / Removal% 
 
0.0012% 0.0021% 0.0035% 0.0016% 0.0026% 
Outflow / Removal% 
 
54.8% 78.1% 90.6% 69.6% 85.2% 
Photodegradation / 
Removal%  
1.2% 5.3% 21.1% 2.7% 8.9% 
Water Transformation / 
Removal%  
4.5% 15.1% 36.4% 9.0% 22.9% 
Sediment Transformation/ 
Removal% 
 
0.90% 1.5% 2.4% 1.2% 1.8% 
Sediment Burial / 
Removal%  
0.0001% 0.0004% 0.0010% 0.0002% 0.0006% 
Overall residence time 
 
0.23 0.69 5.75 1.29 4.14 
 
 
Table 8-18 Sensitivity analysis – input and output correlation coefficients for caffeine 
                      Model output 
Model input 
Volat. Out. Photo. W.T. S.T. S.B. 
Overall 
R.T. 
Lagoon inflow rates -0.84 0.55 -0.32 -0.41 -0.91 -0.46 -0.46 
Photodegradation rate -0.41 -0.33 0.93 -0.06 -0.13 -0.07 -0.07 
Water transformation rate -0.29 -0.76 -0.11 0.9 -0.36 -0.18 -0.18 
Lagoon surface temperature -0.11 - - - - - - 
Lagoon SS data -0.01 - - - -0.01 - - 
MP inflow concentration - - - - - - - 
Sorption coefficient - 0 0 - 0 0.01 0.01 
Sediment transformation rate - - - - 0.03 -0.81 -0.81 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal% ; S.B. = sediment burial 
removal%; Overall R.T. = overall residence time 
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Carbamazepine 
Less variable outputs were observed for the fate of carbamazepine predicted by the 
probabilistic model (Table 8-19). The removal of carbamazepine via volatilisation, sediment 
burial, water and sediment transformation were consistently low (less than 0.01%, less than 
0.04%, 0% and 0%, respectively). Moderate variability was observed for the amount of 
compound in outflow (91-99%) and for the percentage removal via photodegradation (2-9%). 
The results clearly indicated the recalcitrance of this MP during wastewater treatment. It was 
then reasonable to observe that its residence time could be even longer (71 cf. 39 d) with the 
probability prediction. Still, due to its resistance to the treatment, only the lagoon inflow rate 
and the photodegradation of carbamazepine had a major impact on the fate of this compound 
(Table 8-20). The overall residence time of carbamazepine was influenced by its sorption 
coefficient moderately (coefficient = 0.25) as well. 
Table 8-19 Probabilistic model output – carbamazepine 
Key model output Graph Min Mean Max 5% 95% 
Volatilisation / Removal% 
 
0.0033% 0.006% 0.011% 0.0046% 0.0078% 
Outflow / Removal% 
 
79.6% 95.2% 99.2% 90.9% 97.9% 
Photodegradation / Removal% 
 
0.75% 4.8% 20.4% 2.0% 9.1% 
Water Transformation / 
Removal% 
 
0 % 0 % 0% 0% 0 % 
Sediment Transformation/ 
Removal% 
 
0 % 0 % 0% 0% 0 % 
Sediment Burial / Removal% 
 
0.012% 0.022% 0.040% 0.0172% 0.029% 
Overall residence time 
 
22.1 40.1 41.1 31.1 51.3 
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Table 8-20 Sensitivity analysis – input and output correlation coefficients for carbamazepine 
                        Model output 
Model input 
Volat. Out. Photo. W.T. S.T. S.B. 
Overall 
R.T. 
Lagoon inflow rates -0.9 0.31 -0.31 - - -0.93 -0.93 
Photodegradation rate -0.36 -0.94 0.94 - - -0.13 -0.13 
Sorption coefficient - - - - - 0.25 0.25 
Lagoon surface temperature - - - - - - - 
MP inflow concentration - - - - - - - 
Water transformation rate - - - - - - - 
Sediment transformation rate - - - - - - - 
Lagoon SS data - - - - - - - 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal% ; S.B. = sediment burial 
removal%; Overall R.T. = overall residence time 
 
Diuron 
The probabilistic output distributions obtained for diuron were comparably steady, like those 
of carbamazepine, and maintained a certain level of persistence (Table 8-21). The percentage 
of diuron flowing out of the lagoon could be up to 96%. Varying percentage removal via 
photodegradation indicated that the fate of diuron could be influenced by the sunlight 
conditions above the lagoon surface. The removal of diuron via water transformation also 
displayed a level of variability, with up to 30% removal water transformation could be the 
dominant removal pathway for it under certain circumstances. The sensitivity analysis indicated 
that this removal pathway could be enhanced largely due to the increased water transformation 
rate of diuron (Table 8-22), with the photodegradation rate and lagoon inflow rate playing 
some role. These three inputs were also the major influencing factors governing the fate of 
diuron in the wastewater lagoon under study. 
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Table 8-21 Probabilistic model output – diuron 
Key model output Graph Min Mean Max 5% 95% 
Volatilisation / Removal% 
 
0.022% 0.040% 0.065% 0.031% 0.050% 
Outflow / Removal% 
 
66.5% 88.0% 96.3% 80.7% 93.2% 
Photodegradation / 
Removal% 
 
0.42% 3.2% 14.3% 1.3% 6.1% 
Water Transformation / 
Removal% 
 
0.72% 7.1% 30.6% 2.8% 14.1% 
Sediment Transformation / 
Removal% 
 
0.87% 1.65% 2.69% 1.29% 2.1% 
Sediment Burial / 
Removal% 
 
0.0002% 0.0007% 0.0023% 0.0003% 0.0011% 
Overall residence time 
 
0.29 1.2 4.1 0.62 2.0 
 
 
Table 8-22 Sensitivity analysis – input and output correlation coefficients for diuron 
                          Model output 
Model input 
Volat. Out. Photo. W.T. S.T. S.B. 
Overall 
R.T. 
Lagoon inflow rates -0.9 0.41 -0.28 -0.26 -0.93 -0.37 -0.37 
Photodegradation rate -0.28 -0.34 0.95 -0.03 -0.09 -0.03 -0.03 
Water transformation rate -0.22 -0.84 -0.07 0.96 -0.26 -0.11 -0.11 
Lagoon surface temperature -0.11 - - - - - - 
Lagoon SS data 0 - - - -0.01 0.01 0.01 
Sorption coefficient - - - - 0 - - 
MP inflow concentration - - - - - - - 
Sediment transformation rate - - - - - - - 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal% ; S.B. = sediment burial 
removal%; Overall R.T. = overall residence time 
 
 
Simazine 
The probabilistic output obtained for simazine indicated variability of the water 
transformation degradation (2.5 – 22%) and the percentage of simazine in the outflow (71 – 
90%), indicating this compound could be recalcitrant in the lagoon water column (Table 8-
23). Water transformation was the main pathway governing the fate of simazine, while a 
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maximum of 12% of removal could be obtained via photodegradation under optimum 
weather condition. In accordance with this, the overall residence time also showed a level of 
variability ranging from 0.78 to 2.7 days. In the sensitivity analysis, the percentage removal 
of simazine via water transformation was still largely correlated to its water transformation 
rate constant. The lagoon inflow rate was strongly linked to the percentage removal of 
simazine via volatilisation and sediment transformation (Table 8-24) as both correlation 
coefficients were approximately 0.8). However, these two pathways were considered less 
important to the overall removal of simazine. Again, the lagoon inflow rate, water 
transformation and photodegradation rate constants were the dominant model inputs for 
simazine. However, it is worth mentioning that the sediment transformation rate had a major 
influence on the overall residence time of simazine. Therefore, although the percentage 
removal of sediment reaction was only up to 3.5% with the highest sediment transformation 
rate, a short residence time as low as 0.78 d might be achieved.  
Table 8-23 Probabilistic model output – simazine 
Key model output Graph Min Mean Max 5% 95% 
Volatilisation / Removal% 
 
0.27% 0.49% 0.82% 0.38% 0.62% 
Outflow / Removal% 
 
36.6% 83.4% 94.4% 71.2% 90.7% 
Photodegradation / Removal% 
 
1.5% 4.4965% 12.1% 2.8% 6.6% 
Water Transformation / 
Removal%  
0.43% 9.4557% 60.0% 2.5% 22.1% 
Sediment Transformation / 
Removal%  
1.00% 2.1% 3.5% 1.6% 2.7% 
Sediment Burial / Removal% 
 
0.0002
% 
0.0009% 0.0029% 0.0004% 0.0015% 
Overall residence time 
 
0.28 1.57 5.2 0.78 2.7 
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Table 8-24 Sensitivity analysis – input and output correlation coefficients for simazine 
                          Model output 
Model input 
Volat. Out. Photo. W.T. S.T. S.B. 
Overall 
R.T. 
Lagoon inflow rates -0.86 0.32 -0.48 -0.18 -0.83 -0.34 -0.34 
Water transformation rate -0.41 -0.91 -0.23 0.96 -0.46 -0.19 -0.19 
Photodegradation rate -0.2 -0.14 0.83 -0.01 -0.06 -0.03 -0.03 
Lagoon surface temperature -0.1 - 0 - - - - 
Sediment transformation rate 0 -0.01 - - 0.2 -0.81 -0.81 
Sorption coefficient - - - - 0.04 0.05 0.05 
MP inflow concentration - - - - - - - 
Lagoon SS data - - - - - - - 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal% ; S.B. = sediment burial 
removal%; Overall R.T. = overall residence time 
 
Sulfamethoxazole  
When probabilistic data was used for modelling, highly variable removal via 
photodegradation was observed for sulfamethoxazole. This was because this compound has 
been proved to be readily photodegradable in both pure water and wastewater (as per results 
obtained in Chapter 5). Therefore, it was reasonable to conclude that the sunlight exposure 
conditions had a major influence on the overall fate of sulfamethoxazole, which was also 
supported by the sensitivity analysis (Table 8-26, correlation coefficient of 0.7 between 
photodegradation rate and percentage removal via photodegradation). Another major removal 
pathway of sulfamethoxazole was determined to be water transformation for which up to 13% 
removal could be achieved. The removal of sulfamethoxazole via the other pathways could 
be considered insignificant. The sensitivity analysis indicated results similar to those for 
simazine and diuron with the same major influencing model inputs. The same observation 
was made for sulfamethoxazole as for simazine, with the sediment transformation rate 
significantly impacting the overall retention time of this compound. 
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Table 8-25 Probabilistic model output – sulfamethoxazole 
Key model output Graph Min Mean Max 5% 95% 
Volatilisation / Removal% 
 
0.0001% 0.0004% 0.0007% 0.0002% 0.0005% 
Outflow / Removal% 
 
45.6% 66.1% 80.9% 58.8% 73.0% 
Photodegradation / 
Removal% 
 
13.2% 24.7% 38.1% 19.1% 30.5% 
Water Transformation / 
Removal% 
 
2.3% 8.2% 23.2% 4.7% 12.7% 
Sediment Transformation 
/ Removal% 
 
0.57% 1.1% 1.7% 0.90% 1.3% 
Sediment Burial / 
Removal% 
 
0.0001% 0.0004% 0.0011% 0.0002% 0.0006% 
Overall residence time 
 
0.17 0.65 2 0.36 1.0 
 
Table 8-26 Sensitivity analysis – input and output correlation coefficients for sulfamethoxazole 
                         Model output 
Model input 
Volat. Out. Photo. W.T. S.T. S.B. 
Overall 
R.T. 
Photodegradation rate -0.85 -0.5 0.7 -0.09 -0.23 -0.08 -0.08 
Lagoon inflow rates -0.44 0.75 -0.67 -0.33 -0.83 -0.32 -0.32 
Water transformation rate -0.11 -0.4 -0.16 0.92 -0.22 -0.09 -0.09 
Lagoon surface temperature -0.07 - - - - - - 
Sorption coefficient - - - - 0.1 0.14 0.14 
Sediment transformation rate - -0.01 - - 0.38 -0.85 -0.85 
MP inflow concentration - - - - - - - 
Lagoon SS data - - - - - - - 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal% ; S.B. = sediment burial 
removal%; Overall R.T. = overall residence time 
 
Triclosan 
The probabilistic results for triclosan displayed variability. Similar to sulfamethoxazole, 
photodegradation was the primary removal pathway for triclosan (ranging from 15.4 to 
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30.4%). The other removal pathways included water transformation (ranging from 3.5 to 
11.5%) and sediment transformation (up to 5%). The residence time of triclosan could be up 
to 5 d, suggesting that persistence of triclosan could be expected under certain conditions 
such as cloudy weather. The sensitivity analysis indicated moderate impact of lagoon inflow 
rate on the removal of triclosan via photodegradation and water transformation (Table 8-28). 
The lagoon inflow rate also moderately influenced the overall residence time of triclosan in 
the pond system, indicating the importance of this input parameter. Additionally, it is 
noteworthy that the lagoon SS data exhibited some impact (absolute values of coefficients 
ranging from 0.01 to 0.13) on all seven model outputs, revealing its importance to the fate of 
triclosan in this case. 
Table 8-27 Probabilistic model output – triclosan 
Name Graph Min Mean Max 5% 95% 
Volatilisation / 
Removal% 
 
0.15% 0.86% 2.0% 0.48% 1.32% 
Outflow / Removal% 
 
44.7% 65.4% 82.1% 57.1% 73.5% 
Photodegradation / 
Removal% 
 
7.6% 23.0% 40.0% 15.4% 30.4% 
Water Transformation / 
Removal% 
 
1.2% 6.8% 21.6% 3.5% 11.5% 
Sediment Transformation 
/ Removal% 
 
2.3% 3.9% 6.1% 3.2% 4.7% 
Sediment Burial / 
Removal% 
 
0.0005% 0.0017% 0.0045% 0.0011% 0.0026% 
Overall residence time 
 
0.89 3.1 8.0 2.0 4.7 
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Table 8-28 Sensitivity analysis – input and output correlation coefficients for triclosan 
                      Model output 
Model input 
Volat. Out. Photo. W.T. S.T. S.B. 
Overall 
R.T. 
Photodegradation rate -0.86 -0.6 0.8 -0.11 -0.34 -0.14 -0.14 
Lagoon inflow rates -0.33 0.66 -0.46 -0.28 -0.88 -0.37 -0.37 
Water transformation rate -0.08 -0.34 -0.11 0.95 -0.23 -0.1 -0.1 
Lagoon SS data -0.07 0.04 -0.03 0.01 -0.13 -0.06 -0.06 
Lagoon surface temperature -0.05 - - - - - - 
Sorption coefficient - - - - -0.01 - - 
MP inflow concentration - - - - - - - 
Sediment transformation rate - - - - - - - 
Volat. = volatilisation removal%; Out. = outflow %; Photo. = photodegradation removal%; W.T. = 
water transformation%; S.T. = sediment transformation removal%; S.B. = sediment burial removal%; 
Overall R.T. = overall residence time 
 
8.2.9 Summary and recommendations 
The QWASI model which was developed provided an understanding of the fate of the MPs in 
the wastewater lagoons in the 55E system at the WTP. The model predicted the amount of 
chemicals being transported or transformed through the water, air and sediment 
compartments and indicated that the seven MPs were removed by varying degrees from the 
wastewater via different pathways. It was shown that there could be large variability in the 
percentage removal via photodegradation and water transformation of the target compounds, 
leading to variable concentrations of the MPs in the lagoon outflow as well as variable 
residence times in the pond system. Lagoon inflow rate was identified as the most important 
input factor influencing most of the important model outputs for all seven MPs. This means 
that data from the model could readily be incorporated into the current WTP practice of 
monitoring and controlling this operating parameter over the year. Other influential model 
inputs included the photodegradation rates and water transformation rates of the MPs, 
indicating the significance of sunlight exposure, as well as the necessity to ensure the 
accuracy of the degradation/transformation rates utilised. Furthermore, the sediment 
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transformation rate was demonstrated to have a strong influence on the overall retention time 
on four (2,4-D, caffeine, simazine and sulfamethoxazole )  of the seven compounds studied. It 
is recommended that locally specific experiments be performed to obtain the most accurate 
data for the target compounds for the specific study site. It is also interesting that the 
sensitivity analysis indicated that the concentration of MPs in the lagoon inflows would not 
affect the fate of these compounds.  
Due to the limited data available for the 55E lagoon system, an external model validation 
based on the measured concentrations of MPs was not achievable in this project. However, 
comparison with data from a similar system (25W) showed the model predictions were in 
good agreement with the measured data for two of seven MPs studied (triclosan and 2,4-D). 
A recommendation for future study is to conduct field sampling to measure the 
concentrations of the MPs studied, thus enabling a thorough external validation of the model 
to ensure the consistency of model predictions. In addition, considering some input 
parameters regarding the plant operating and the properties and movement of lagoon 
sediment were estimated values from the literature, it would be useful to develop methods to 
obtain site-specific values for these parameters. Additional sensitivity analysis could also be 
performed on these parameters to test their influence on the variability of the model output.  
8.3 Summary of Chapter 8 
This chapter demonstrated the application of the fugacity-based water quality models 
developed for the WTP 55E lagoon system as assessment tools. In the first part of this 
chapter (section 8.1), model adjustments were made for an existing CHEM-R WTP fugacity 
model for the activated sludge process in the 55E lagoon system to address the uncertainty 
and variability issues generated by the computer estimated model inputs – the biodegradation 
rate constants of MPs studied. The results indicated limited accuracy of the original model 
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predictions and that better estimations of the fate of the seven MPs could be achieved via the 
replacement of the QSAR based degradation rates with experimentally obtained ones. 
Seasonal variations were observed for the experimentally obtained biodegradation rates and 
the influence of temperature was incorporated in the existing model as another improvement. 
However, due to the limited experimental data available the temperature dependency was 
only available for three of the MPs. Moreover, the seasonal variability in the obtained 
biodegradation rates could be also attributed to different microbes present in the wastewater 
rather than simply temperature impact on microbial metabolism. The model adjustment was 
based on the assumption that temperature was the sole factor leading to the seasonal 
observation, which might not be accurate. Investigation of the microbial flora present in the 
activated sludge collected in different seasons would assist in determining this link. 
In the second part of this chapter (section 8.2), a fugacity based QWASI model was 
developed for the sequential lagoons in the 55E lagoon system to address another missing 
application of the existing CHEM-R–WTP model. The interactions between different 
compartments within a lagoon were investigated. The model yields continuous fugacity 
values in water, air, and sediment phases that can easily be transformed into concentrations. 
The model predictions enabled the detailed description of the transportation and 
transformation processes of seven MPs within a wastewater lagoon. Model predictions for 
both a single lagoon and a sequential lagoon system were presented and discussed in this 
chapter. Due to the probabilistic input data, uncertainty and sensitivity analysis were 
performed using a Monte Carlo simulation.  The model outputs containing greater variability 
were identified along with the most influential input parameters which need to be treated with 
caution. It is recommended that the monitoring of the lagoon inflow rate in the WWTP is 
essential to maintain the concentration of MPs in the lagoon outflow to a certain level. In 
addition, recommendations for future study included a site sampling study for the model 
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validation and sensitivity analysis of the model inputs obtained from literature. It would also 
be useful to obtain more experimental data to enhance the probabilistic analysis as well as the 
robustness of the model.   
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Chapter 9 Conclusions and recommendations 
The overall aim of this research was to improve an existing fugacity model for the activated 
sludge process, and to develop a fugacity model for the lagoon system for the activated 
sludge-lagoon process at WTP. The existing activated sludge model was improved by 
obtaining plant-specific biodegradation kinetic data for a range of representative MPs for use 
as replacement model inputs. The development of the fugacity model for the sequential 
lagoon system was achieved by obtaining the photodegradation, transformation and 
adsorption kinetic data for the MPs using the lagoon wastewater and sediment samples 
collected onsite. The conclusions drawn from the study and recommendations for future work 
are presented in this chapter. 
9.1 Conclusions  
Determination of the biodegradation rate constants of the MPs using activated sludge showed 
that carbamazepine was recalcitrant to the biological treatment and little removal was 
observed. Caffeine, 2,4-D and triclosan exhibited relatively high biodegradability and the 
other three compounds were slightly biodegradable. The experimentally obtained 
biodegradation rate constants of all MPs, except carbamazepine, displayed a clear seasonal 
trend. The lowest biodegradation rates of the other six MPs were obtained in winter and the 
highest in autumn or summer. This could be due to changes in microbial communities present 
in the sludge samples in different seasons (so at different temperatures). It was demonstrated 
that temperature played a particularly important role in the biodegradation of caffeine and 
triclosan. The experimentally obtained temperature dependent biodegradation rate constants 
were used for the adjustment of the existing fugacity model developed for the activated 
sludge process in the plant. These results suggested that the secondary effluent produced from 
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this plant could contain higher concentrations of caffeine and triclosan in winter than in 
summer. 
The sunlight-induced photolysis experiments indicated that triclosan and sulfamethoxazole 
primarily degraded via direct photolysis while the other five MPs degraded primarily via 
indirect photolysis. It was shown that hydroxyl radicals were important in the indirect 
photolysis of caffeine, carbamazepine, diuron, simazine and 2,4-D in the secondary effluent 
while singlet oxygen also appeared to play a role. The contribution of the hydroxyl radical to 
the overall removal of these five MPs ranged from 32 to 70%. Higher photodegradation rate 
constants for all MPs were obtained in the secondary effluent compared with those in 
buffered Milli-Q water, except for triclosan. This could be explained by further work which 
indicated that two wastewater components, namely humic acid and nitrate, played important 
roles in affecting the photolysis of the seven MPs. Nitrate was shown to act as a 
photosensitiser and produce hydroxyl radicals to enhance the photodegradation of all seven 
MPs, although the influence of nitrate on triclosan and sulfamethoxazole was less significant 
compared with the other five MPs. However, humic acid had differing effects on the 
photolytic removal of these compounds. The enhancing effect of humic acid was observed for 
the photodegradation of only caffeine, diuron and sulfamethoxazole, acting as a 
photosensitiser. Humic acid inhibited the photolysis of the other four MPs by either the light 
filtering effect or reformation of the parent compounds. Seasonal trends were observed for 
the sunlight-induced photodegradation of all MPs studied in the buffered Milli-Q water over 
a year, with the highest rates obtained in summer (December or February) and the lowest in 
winter (June or August). Since the temperature had little impact on the photolysis of the 
seven MPs (up to 15% increase in the photodegradation rates), the photolytic degradation 
rates of seven MPs in the pure water system was dominated by the intensity of the natural 
sunlight. More obvious temporal trends were observed for the photolysis of sulfamethoxazole 
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and triclosan than the other five compounds. The seasonal study showed that the different 
humic acid and nitrate concentrations in the secondary effluent during different seasons could 
affect the photolysis of the seven MPs in the wastewater lagoon, although sunlight intensity 
was still a major influence on their photolysis. Therefore, it is concluded that sunlight 
intensity plays an important role in the efficacy of the photolytic breakdown of the selected 
MPs in the lagoons, and that the highest removal of MPs should occur in summer and the 
lowest in winter during lagoon treatment in the 55E system. The investigation of the impact 
of wastewater depth also confirmed this conclusion. Lower photodegradation rates of all 
seven compounds were found at increasing water depth in a lagoon due to less available 
sunlight for either direct or indirect photolysis. It was also concluded that photolytic 
breakdown of the selected MPs is not expected to occur at water depths greater than 10 cm. 
The transformation studies of MPs in lagoon wastewater and sediment samples collected 
from Pond 5 demonstrated slow decay of these compounds in the two water column samples 
(collected December 2016 and March 2017). No removal of carbamazepine was observed 
and much lower transformation rates were obtained than for the activated sludge treatment. 
The long half-lives of all MPs in the lagoon wastewater and sediment suggested that 
accumulation of these contaminants would occur in Pond 5 due to its hydraulic retention time 
being shorter than the half-lives. Therefore, higher removal of the MPs via water and 
sediment transformation could be expected by prolonging the hydraulic retention time of 
Pond 5. Different solid-water coefficients were obtained for the MPs for their adsorption to 
the two lagoon sediment samples which had different organic carbon levels. However, after 
adjustment for organic carbon content, similar sorption coefficients were obtained for the two 
sediment samples for all seven MPs. Markedly higher sorption coefficients were obtained for 
triclosan than the other MPs, suggesting that accumulation of this compound would be 
expected in the lagoon sediment. Sulfamethoxazole, diuron, simazine and 2,4-D were shown 
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to have a low tendency to attach to the lagoon sediment. Moderate sorption affinity was 
observed for caffeine and carbamazepine. 
For the uncharged MPs (caffeine, carbamazepine and diuron), it was concluded that their 
sorption behaviour was dominated by their hydrophobic interaction with the solid phase. 
However, for the other MPs, electrostatic interactions between the MPs and the sediment 
could be involved. It was shown that the predictions of sorption coefficients based on a 
QSAR model were not always accurate, especially for hydrophilic chemicals and positively 
charged compounds. For the purpose of simulation and modelling, experimentally obtained 
sorption coefficients for the WWTP of interest should be used to provide more accurate 
results.  
For the activated sludge model, replacement of software estimated biodegradation rate 
constants with experimental data indicated limited accuracy of the original model predictions 
and that better estimations of the fate of the selected MPs were achieved with the replaced 
values. The effect of temperature was successfully incorporated to this model for three of 
seven MPs by using temperature corrected half-lives as adjusted model inputs. It was shown 
that the predicted removal of 2,4-D via biodegradation was less influenced by temperature 
than sulfamethoxazole and triclosan, especially in the environmentally relevant temperature 
range of 10 – 25 °C. This indicated that the concentration of 2,4-D in the secondary effluent 
would be little impacted by the seasonal change throughout a year. 
 The fugacity based QWASI model developed for the sequential lagoons in the 55E lagoon 
system successfully described the interactions between the different compartments within a 
lagoon. The model outputs enabled a detailed description of the transportation and 
transformation processes of the MPs within Pond 5 in the 55E system. It was shown that the 
seven MPs were removed to varying degrees from the wastewater via different pathways, 
  
 
191 
while most of the parent compounds remained in the lagoon outflow water. Photolysis was 
the primary removal pathway of triclosan, sulfamethoxazole and carbamazepine. 
Transformation within the water column played an important role in the removal of caffeine, 
diuron and simazine, while 2,4-D was primarily removed via sediment transformation. 
The uncertainty and sensitivity analysis indicated that the percentage removal via 
photodegradation and water transformation of most of the seven MPs displayed degree of 
variability. The probabilistic model predicted variable concentrations of MPs in the lagoon 
outflow and residence times of the MPs in the pond system. It was concluded that lagoon 
inflow rate was the most important input factor as it was influential to most of the key model 
outputs for all seven MPs. The photodegradation rates and water transformation rates of the 
MPs were also shown to be important, suggesting the importance of the intensity of sunlight 
exposure as well as the accuracy of the determination of the transformation rates applied in 
the model. 
Overall, the outcome of this modelling study would facilitate the assessment of the 
treatability of the MPs in the combined activated sludge-lagoon process in the WTP. The 
results also provide indications of the MP fate-influencing plant operating conditions which 
need to be considered (such as the temperature, level of nitrate and humic substance in the 
wastewater, hydraulic retention time and lagoon inflow rates). Also, the outcome could be 
used as a part of the QRA program conducted by the plant operator to facilitate assessment of 
the risk associated with the quality of the recycled water produced from the plant. 
9.2 Recommendations for future work 
Although this study demonstrated the promising application of fugacity modelling for 
predicting the fate of seven representative MPs with a range of properties in the 55E activated 
sludge-sequential lagoon system and investigated the removal of MPs via three different 
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mechanisms, namely biodegradation, photodegradation and sorption, more work could be 
done to gain a better understanding of the removal mechanisms of MPs in the system, and to 
justify the validity of the fugacity models for the activated sludge process and sequential 
lagoons.  
The following are recommendations for future studies: 
 Investigation of the different microbial flora (species and abundance) present in the 
MLSS samples collected in different seasons to understand their influence on the seasonal 
trends observed for the biodegradation rate constants of MPs during activated sludge 
treatment. It would also be useful to measure the activity of the microbes under the 
specific conditions during different seasons. 
 A limited number of activated sludge samples were utilised in this work. It may be useful 
to collect MLSS samples more frequently over a year (e.g., every two months) to obtain 
more data to better determine seasonal variation in the biodegradation rate constants for 
the MPs.  
 Although the temperature dependent photodegradation rates were obtained in Milli-Q 
water for the MPs studied, it may be useful to understand the link between the thermal 
and photolytic behaviour of these compounds. The activation energy of the 
photochemical reactions for a wider range of MPs should be obtained. The effect of 
temperature can be studied for the photolysis of MPs in a wastewater matrix to investigate 
the temperature dependent hydroxyl production from EfOM, and so understand the 
relationship between temperature and photolytic degradation rate of MPs in wastewater 
effluent. 
 To better understand the mechanisms involved during the adsorption of MPs to the 
lagoon sediment samples, more MPs with different charge states in the wastewater matrix 
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should be investigated to enable determination of correlations between the sorption 
coefficients of the compounds and their hydrophobicity.  
 The activated sludge process in the system contains an anaerobic tank, an anoxic zone 
tank and an aerobic basin. The current study focused on the biodegradation of MPs in the 
aerobic basin. It is suggested that experiments may be undertaken for the anoxic tank to 
obtain the other model inputs, the biodegradation rates of the MPs under anoxic 
condition, enabling the further adjustment of the existing fugacity model developed for 
the activated sludge process. 
 Onsite sampling should be conducted for the 55E lagoon system in order to perform 
external validation for both the adjusted model for the activated sludge process and the 
developed model for the sequential lagoons. Analysis of wastewater samples at various 
points, and preferably in different seasons, would facilitate the validation of the models 
under different conditions.  
 It would be useful to take the impact of the hydraulic conditions of the lagoons, as well as 
the wind driven mixing into account during the development of fugacity model in future 
work. 
 It would also be useful to obtain more photodegradation, water and sediment 
transformation, as well as sorption related experimental data, to enhance the probabilistic 
analysis as well as the robustness of the model 
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Appendix A Examples of photodegradation kinetics plots 
 
Figure A-1 Photodegradation kinetics plots for caffeine as an example of raw data (n=3, error bars 
represent standard deviation) 
 
 
Figure A-2 Seasonal photodegradation kinetics plots for triclosan as an example of raw data (n = 3, 
error bars represent standard deviation) 
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Appendix B Process details of the fate predictions of the model for the MPs 
(except for 2,4-D) 
 
Figure B-1 Process details of the predicted fate of caffeine 
 
 
Figure B-2 Process details of the predicted fate of carbamazepine 
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Figure B-3 Process details of the predicted fate of diuron 
 
 
Figure B-4 Process details of the predicted fate of simazine 
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Figure B-5 Process details of the predicted fate of sulfamethoxazole 
 
 
Figure B-6 Process details of the predicted fate of triclosan 
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